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1.1.	The N cycle: A generalized view
1.1.1. Essentiality of N to life  
Nitrogen is the largest component of the Earth’s atmosphere (78.082% by volume, 75.3% by weight). Nitrogen (N) in various forms is also found in rocks, soils, sediments, oceans and living matter. N is significant because, alongside C, H and O, no other major element is so intimately associated with organic biochemical reactions in soils. (Baur and Wlotka, 1969; Stevenson, 1982). Growing plants, animals and microbial populations need a continual source of N. It is an essential component of proteins that build cell materials and plant tissues. In addition, it is necessary for the functioning of essential biochemical agents like chlorophyll (photosynthetic agent), enzymes (catalytic chemical essential for biochemical transformations) and nucleic acids (DNA, RNA). Most microorganisms have evolved to acquire N from their immediate surrounding soil and/or water. 

1.1.2. The Global N cycle 










Generally, the N cycle comprises of a number of biotic and abiotic transformations the rates of which largely depend up the type of ecosystem where these transformations are taking place. In the majority of natural and semi-natural ecosystems, the N cycle generally involves these transformations:
	Nitrogen fixation (conversion of atmospheric N into NH4+ by N-fixing plants with the help of microorganisms (Rhizobium) (Burns & Hardy, 1975; Vincent, 1982)
	Nitrogen uptake (utilization of fixed N by plants and/or microorganisms to synthesize organic N)
	Nitrogen mineralization (conversion of organic N into bioavailable inorganic N from decomposition of organic matter by various decomposer populations)
	Nitrification (conversion of NH4+ to NO3- by nitrifying bacteria) (reviewed by Haynes, 1986)
	Denitrification (NO3- can also be converted back to N2 and to lesser extent to N2O with the help of denitrifying bacteria). 
	Ammonia volatilization (gaseous loss of NH3 when high NH4+ is made available under high pH environment) (Pierzynski et al., 2005) 
	Leaching (loss of NO3- into drainage water when NO3- is available in excess of biotic requirement). 
The rate of production and release of available N depends on nature of N compounds being decomposed. Only a small fraction of the N in soil (<0.1%) exists in plant available mineral compounds at any one time, i.e. NO3- or NH4+ (Stevenson, 1982). There are temporal and seasonal variations in the levels of exchangeable NH4+ or NO3- in soils depending upon many biotic and abiotic factors including seasonal climatic variations, mineralization and immobilization, growing plants, leaching of NO3-, volatilization of NH3, losses of NO3- through denitrification, and buildup of NH4+ and NO3- by fertilizer applications (Harmsen and Kolenbrander, 1965).

1.1.3. The terrestrial N cycle




Figure 1.2: Pools and processes of N cycle in natural and managed terrestrial ecosystems. (Modified from McNeill & Unkovich, 2007).

McNeill and Unkovich (2007) gave a detailed overview of the terrestrial N cycle and listed the following processes as crucial to biochemical N transformations in the terrestrial ecosystems:
	Organic matter decomposition, N mineralization, immobilization and nitrification
	Plant uptake of mineral-N 
	Herbivore induced N cycling 
	N additions to terrestrial N cycling through N fixation predominantly via biological N fixation and industrial catalytic N fixation, 
	N deposition primarily contributed by human driven changes in N cycling
	N losses from the terrestrial ecosystems via ammonia volatilization,  denitrification, N leaching mainly as NO3- and N losses from soil erosion.

1.2.	N cycling in grassland ecosystems
Grasslands occupy more than one-fifth of the world’s land surface and contribute > 10% towards the global C pool (Parton et al., 1995); they are dominant part of European landscapes. In the UK, grassland covers more than 13 million ha area (54% of the total area) (Wilkins, 2005). Principally, the N cycling biogeochemistry in grasslands is identical to the terrestrial N cycling component found in other ecosystems; however, there exist differences regarding the sizes of major pools and fluxes, and species transformation rates between the grasslands and other ecosystems (Woodmansee et al., 1981). Schimel (1986) found contrasting differences between soil C and N cycling in grassland and cultivated land. He noticed higher gross mineralization rates in grassland compared to that of cropland and three times higher N immobilization rates into biomass and crop residues in grassland soil. He attributed this to N-limitation of decomposers in grassland; however, N transformations in the crop-land soils were found to be limited by labile C availability. O’Connor (1983) also concluded that natural or less intensively managed grassland generally contained longer-lived N retentive pools compared to intensively managed grasslands; hence N turnover in extensively managed grasslands is slow. Wide variations exist in grassland organic and inorganic N pools, primarily due to variations in confounding environmental factors (Clark and Paul, 1970; Molloy and Blackmore, 1974; Ross and McNeilly, 1975). Nitrogen cycling in grassland is usually considered open, with larger pools of N being circulated between the productive processes and consumptive processes (Odum, 1969). 
In unfertilized and unmanaged grassland ecosystems, N additions generally come from external sources e.g. from N deposition and from biological N fixation for N-fixing grass species only (Corre et al., 2002). However, mineral-N pools in such grassland remain very low which leads to tight binding between N production and its subsequent utilization within the system (Davidson et al., 1990; Stienstra et al., 1994). Grassland plants can consume both NH4+ and NO3-; however, they are more efficient in taking up NH4+ as NO3- is seldom produced in large concentrations (Woodmansee et al., 1981). However, lower NO3- concentrations in grassland ecosystems, especially unfertilized ones, should not be taken as less important N pools in internal N cycling in grasslands (Corre et al., 2002). 

1.3.	Disruptions in N cycling from N deposition
The N cycle is one of the most important biogeochemical nutrient cycles which have been modified greatly by human activities during the last few decades. Humans have directly altered the pools and processes in the terrestrial N cycle by industrial N fixation for artificial fertilizer production, intensification of agricultural production, increased area of N-fixing crops and increase in the number of internal combustion engines in vehicles (Jenkinson, 2001). Major disruption to the natural global N cycle has been from atmospheric N deposition. Reactive N produced from anthropogenic activities has been reported to alter the species composition and diversity, sustainability and productivity of the majority of natural ecosystems (Vitousek et al., 2002). Nitrogen deposition can be through wet deposition (NH4+ and NO3-) and/or dry deposition (NH3, NO2- and particulate N). 






Figure 1.3: UK total N deposition map. Source: UK Pollutant Deposition, 2006. 

	Many studies have addressed the adverse consequences of N deposition to ecosystem dynamics (e.g. Agren and Bosatta., 1988; Howarth et al., 1996; Asner et al., 1997; Matson et al., 1999; Boyer et al., 2002). The N-saturation concept was introduced for terrestrial ecosystems receiving long-term N deposition (Aber et al., 1989). The N-saturation concept states that N deposition to N-limited ecosystems would encourage net primary production in the beginning; however, if N deposition is sustained, it would eventually lead to excessive bioavailable N in the system. This N-saturation concept has been explained in many ways by the researchers, but it usually means that there is more N availability than required, enhanced N (NO3-) mobility in the soils and accelerated N losses from the ecosystems (Aber et al., 1989; Binkley and Hogberg, 1997; Asner et al., 2001). Fenn et al. (1998) studied the impacts of N deposition on North American ecosystems and concluded that high N deposition in more mature forests with high N storage capacity and low C/N ratio could potentially lead to a N saturation stage and result in enhanced NO3- leaching. In contrast, Corre and Lamersdorf (2004) have shown that long-term reduction of N deposition resulted in biotic NH4+ and abiotic NO3- retention, and hence led to reversing the N-saturation stage.  

1.4.	N species leaching 
N species leaching is a characteristic phenomenon of N losses from N cycling in natural, semi-natural and managed ecosystems. Nitrogen leaching can potentially lead to soil acidification, lost of base cations from the soil, contamination of surface and/or ground waters and eutrophication of freshwaters. Nitrogen exists in three leachable forms, i.e. NO3-, NH4+ and dissolved organic N (DON); NO3- represents the dominant N pool to be lost through leaching in the majority of ecosystems because it is readily mobile and generally is not retained in the system. Therefore, NO3- leaching is the fundamental base of the N-saturation concept for ecosystems receiving N fluxes from the atmosphere greater than they need (Aber et al., 1989). In contrast, NH4+ mobility and retention has attracted virtually no interest from researchers because of the long belief that NH4+ is retained by the soils by various biotic and abiotic processes (Riaz et al., 2008; Mian et al., 2009). However, for ecosystems receiving N from the atmosphere, it has been recently proved than NH4+ may be more mobile that it was thought previously (Riaz et al., 2008; Mian et al., 2009; Lorz et al., 2010).
 
1.4.1. NO3- leaching from forest ecosystems 
NO3- leaching from forested ecosystems has been researched widely in different parts of the world near the hotspots of N deposition. Jordan and Weller (1996) found steep increases in NO3- discharge when N deposition load exceeded 20 kg N ha-1. Kros et al. (2004) quantified the spatial distribution of NO3- concentrations in Dutch forests and found 10% of the forest area they studied showed > 50 mg l-1 NO3- concentrations in soil solution. Macdonald et al. (2002) assessed the N deposition impacts on NO3- leaching in European forests and noticed a strong positive relationship between the N deposited and the NO3- leached. 

1.4.2. NO3- leaching from grasslands 
Elevated N deposition to grasslands may not be a problem with respect to NO3- leaching as the majority of grasslands may metabolize and retain 10-20 kg N h-1 yr-1 (Wedin, 1996). However, increased N deposition has been reported to alter the species richness, composition and biodiversity in many grassland ecosystems across Europe (e.g. Stevens et al., 2004; Dise and Stevens, 2005).  In managed grasslands, N leaching behaviour generally depends on management strategies including fertilizer application rate and timing, precipitation patterns and stocking density of grazed animals. For example, Schröder et al. (2010) studied the effects of replacement of cattle slurry with mineral-N fertilizer, and found a positive relationship between NO3- leaching and fertilizer application rate. Substantial amounts of NO3- have been shown to leach from the intensively managed grasslands (e.g. Ryden et al., 1984; Di and Cameron, 2002). 

1.4.3. NO3- leaching from croplands 
In managed agroecosystems, N leaching largely depends on N fertilizer application practices, seasonal rainfall events, type of crop and soil, and time of fertilizer application. Jalali (2005) studied the impacts of agricultural crop production and associated fertilizer application on the quality of drinking water in Hamadan, Iran. They observed that 63% of ground water resources (wells) had NO3- concentrations above the WHO permissible standards of 50 mg NO3- l-1. The area is characterised by intensive agricultural practices and application of fertilizers had a clear impact on NO3- concentrations in the ground waters. In the UK, arable crop production covers >4.5 million ha, and is the single largest contributor to NO3- leaching, whereas the small area are under horticultural crops (<0.2 million ha) still generates large NO3- leaching (Goulding, 2000). Kirchmann et al. (2002) have shown that an estimated 43000 tonnes N yr-1 (15 kg N ha-1 yr-1) is being lost from the Swedish agricultural soils. Prakasa Rao and Puttanna (2000) have documented studies showing NO3- leaching in many intensively cultivated agricultural areas of India. 

1.5.	Seasonal variations in N species transformations and leaching
Paths in N cycling are generally subjected to seasonal variations in climatic conditions. Changes in seasonal temperature and moisture are the predominant environmental factors which derive N species transformations in the majority of ecosystems. Tietema and Verstraten (1992) found that seasonal variations in soil nitrification and mineralization were positively influenced by temperate. Leaching losses are usually higher in winter when soils remain wet for longer periods of time, and plant and other biotic N requirements are reduced substantially, leading to availability of surplus amounts of NO3-. 
	When addressing the temporal variations in N transformations in temperate semi-natural ecosystems, Chapman and Edwards (1999) stated that maximum net N mineralization usually occurs during late spring/early summer; however, during winter, net mineralization is reduced due to low temperature constraints. Therefore, it is mostly unlikely under summer conditions that NO3- in excess of plant requirement would be present in soil due to active biological uptake of NO3-. However, in winter, when plant and microbial NO3- uptake subsides, labile NO3- pools increases in soil with the increase in soil moisture content. Thus, the commonly observed seasonal patterns of NO3- concentrations (higher in winter and lower in summer) in lakes and streams of temperate regions are partly attributed to this phenomenon. The latter argument seems true as NO3- retention capacity of soils reduces many-fold during winter (Chapman and Edwards, 1999). Chapman and Edwards (1999) also reported that 7 UK AWMN lakes exhibited similar seasonal patterns of NO3- concentrations, i.e. higher in winter/spring samples compared to those in summer/autumn samples. Apart from seasonal changes in temperature and moisture availability, patterns observed in stream water NO3- may well be due to seasonal variations in amounts of N deposition (Allot et al., 1995). 
Corre et al. (2002) investigated seasonal variations in N species transformations in a grassland ecosystem in the north-eastern US, and found strong temperature and moisture effects on gross N mineralization rates. White et al. (1983) studied NO3- leaching in an intensively managed grassland under winter wheat and spring barley for 2 years. They found clear seasonal trends in NO3- leaching; 13-25 kg N ha-1 leached in winter in contrast to apparently no losses in summer.  They also observed that up to 28% NO3- was leached by intermittent moisture availability in the autumn. 
 
1.6.	Organic matter, litter and N cycling
Coupling between global C and N cycles is inevitable. The terrestrial C cycle potentially interacts with N cycle in response to climate change, N deposition and changes in land use patterns (Canadell et al., 2007). Jain et al. (2009) have used simulation studies of interactions between C and N cycles, and suggested N availability as the primary factor which should be considered when exploring spatial and temporal distribution of terrestrial C, and its various sources and sinks.
	Litter production, accumulation, decomposition and associated nutrient cycling are central components of the majority of terrestrial ecosystems. Apart from their dynamic role in nutrient biogeochemical cycling, litter layers perform multi-directional functions in terrestrial ecosystems; for example they protect the soil from excessive moisture losses and against extreme temperatures (Arpin et al., 1995), resist soil erosion (Walsh and Voigt, 1977), reduce nutrient leaching (Mo et al., 2003), protect soil from compaction (Geddes and Dunkerely, 1999), control primary productivity in ecosystems (Blair, 1988) and affect carbon flux in terrestrial ecosystems (Sun et al., 2004). Litter layers are very important for N cycling; for example, results of long-term studies in China have indicated that removing the litter deprived the soil N pool of 40% of its nitrogen (Peng et al., 2003). However, Sayer (2006) has reported many short-term studies where no significant changes were noticed in soil N concentrations after the litter layer was removed; however, the author criticized the short-term nature of the studies and suggested studies on relatively longer time scale to assess the litter input effects on N cycling. 
Soil organic matter serves as the biggest nutrient pool in grassland ecosystems and litter decomposition continuously affects the plant nutrient supply through its biological controls on the dynamic balance between mineralization and immobilization of nutrients like N, P and S (Myers et al., 1994). Litter decomposition is a key factor for nutrient cycling in forests as it acts as potential nutrient sink, especially for N and S, and slowly releases nutrients for plant and/or microbial uptake (Adams and Angradi, 1996).   Bormann et al. (1977) stated that incorporation of N into forest humus was an “integral” component of forest ecosystems to conserve nitrogen; however, the argument may not be true for forests receiving high doses of N from the atmosphere as discussed earlier. Mary et al. (1996) studied the potential interactions between plant residue decomposition and soil N cycling and concluded that N availability was a crucial factor for organic residue decomposition in the field. However, the interactive relationship between C and N cycling is not always straightforward; for examples, Oechel et al. (1997) found a rather weak relationship between decomposition rates and N mineralization in arctic ecosystems, and Hobbie (1996) reported no close relationships between C and N mineralization of moss litter. 

	 
1.7.	Litter biodegradation, DOC production and its interactions with N cycling
Litter biodegradation is considered a key source of dissolved organic carbon (DOC) which can be potentially mobile through mineral soil layers. Numerous studies have shown that DOC generally originates from surfacial organic matter rich in plant residues and/or litter layers (e.g. Kaiser et al., 1997; Kaiser and Zech, 1998; Don and Kalbitz, 2005). However, contrasting opinions exist about the precise origins. For example, McDowell and Likens (1988) consider humified organic matter as the major source of DOC whereas some laboratory studies have shown that recent and/or fresh litter was the dominant source of DOC (e.g. Haung and Schoenau, 1996).  DOC is a potentially bioactive form of organic matter which is multifunctional; DOC is involved in nutrient cycling, especially for N, P and S, heavy metal and organic pollutant transportation, and as an energy source for microorganisms (Tipping and Hurley, 1992; Hagedorn et al., 2000; Kaiser et al., 2001; McDowell, 2003). There is strong tendency of DOC sorption to soil minerals as it percolated through the mineral soils (Kalbitz et al., 2000). 
	Many studies have been conducted to address the interactions between N additions and DOC production; however, contrasting findings have been reported. McDowell et al. (1998) studied N addition and its impact on DOC and DON production from mor humus, but found no significant effects. In contrast, Pregitzer et al. (2004) showed consistent increase in DOC and DON production in a long-term field-based N addition experiment. However, Park et al. (2002) reported DOC suppression and enhanced DON and DIN losses after repeated applications of N in deciduous forest floor experiment. Detailed consequences and interactions between litter manipulation and DOC production and its interactions with N dynamics are discussed in further detail in Chapters 5, 6 and 7.   

1.8. DON generation from litter and its importance in grassland N cycling
Dissolved organic nitrogen (DON) represents significant N fluxes in many ecosystems, but often has been poorly quantified due to lack of reliable analytical protocols. However, with the advancement of analytical techniques, research conducted in the recent past has stressed the importance of DON in N cycling (Jones et al., 2004; Khalid et al., 2007). Consequently, large DON fluxes have been extensively reported under forest floors (Nieder and Benbi, 2008), and under the litter layer and in throughfall (Schwendenmann and Veldkamp, 2005). 
	Research regarding the share of DON in N budgets has gained rapid momentum, especially in the regions of high N deposition. Chapman et al. (2001) studied the N chemistry of upland streams in Scotland and found leached N dominated by either NO3- or DON, depending upon the season (NO3- in winter and DON in summer). They suggested considering DON along DIN concentrations when looking at the impacts of N deposition on upland stream N concentrations. Yu et al. (2002) found that DON comprised up to 99% of the total N leached from forest floor soils. Brookshire et al. (2007) also supported the notion that DON takes part in important biochemical transformations in streams; therefore, it should be quantified carefully. van Breemen (2002) found dramatic relative differences in the forms of N being transported into temperate streams in South America. He found 70% of the N being exported as DON in temperate South American streams compared to only 2% in North American streams. He stressed the need to reassess the factors responsible for such a big change in N cycling in the two areas. Impacts of litter input on DON production and its likely interactions with DOC have been reviewed in further detail in Chapter 7.  

1.9. The Thesis
The thesis explores N transformations and how they might have been affected by atmospheric N deposition in freely draining acid soils under an unfertilized permanent grassland ecosystem, Hob Moor, near York, UK. The results described in this thesis are discussed in broader context and aim to address important gaps in our knowledge of biogeochemical C and N cycling. Litter input connections to C and N cycling at soil-water inter-phase are explored in details to evaluate their long term effects on ecosystem functions and stability. 





















































A modified version of this chapter has been published as
Riaz et al., 2008, Environmental Pollution 156 : 1075-1082
2.1. Introduction
Deposition of inorganic N species from the atmosphere to semi-natural ecosystems is a topic of global concern at the present time, because of its potential to induce changes in soil and plant biodiversity, and to induce N leaching to associated surface waters when deposition loads are high and sustained. Significant leaching of inorganic N species from unfertilised ecosystems as a consequence of in-situ nitrogen mineralization and nitrification is often regarded as being indicative of soil N saturation (Andersson et al., 2002; Currie, 1999; Aber et al., 1998; Gundersen et al., 1998b; Ågren and Bosatta, 1988). In the case of N saturation, soil microbial and plant requirements for N are being met potentially, and the soil system is unable to retain any additional N. This situation results in soil acidification (lower pH) and elevated N concentrations in surface waters, leading to their acidification and possible eutrophication. N saturation can be observed in ecosystems having received high N depositions in past (Ste-Marie and Houle, 2006).  The general correlation between N deposition, N nutrition and N leaching over wide range of sites and nitrogen deposition values has been well established (Gundersen et al., 1998a). 
Elevated rates of N addition have been reported to result in alterations in growth of roots and shoots, and in the overall nutrient dynamics status of ecosystems (Roem and Berendse, 2000). Soil processes have been shown to be affected by additions of N in variety of ways, including changes in mineralization, nitrification rates, soil pH and leaching (Fog, 1988). Studies conducted on permanent grasslands have been used to show marked effects of short and long-term additions of nitrogen on net nitrogen mineralization and nitrification rates, with strong evidence of nitrate leaching (Ledgard et al., 1998; Unkovich et al., 1998; Wedin and Tilman, 1996; Lovell et al., 1995). 
	Nitrate generally is the predominant form of inorganic N in soil solution with ability to be leached down the soil profile in most terrestrial ecosystems with potentially adverse economic and environmental impacts. Studies on seasonal patterns in NO3--N concentrations have indicated of the importance of environmental conditions such as temperature and moisture, which may control the seasonal fluctuations in NO3--N concentrations into surface waters and groundwaters (Khanna, 1981).
	While much data has been published demonstrating potential problems of inorganic N species leaching, especially nitrate leaching, as an N deposition impact, processes and mechanisms have still not been fully investigated. It has been postulated that in heavily N-impacted upland areas of the UK, especially those with peaty organic soils, the rate of transformation of ammonium N to nitrate or organic N is sufficiently slow for ammonium inputs to reach equilibrium with cation exchange sites (Cresser et al., 2004). When this happens the ammonium concentrations in drainage water will be similar to those in precipitation, concentration being modified only by temporal and spatial variations in the mobile anion concentrations.
	Cresser et al. (2004) were primarily concerned with the transfer of ammonium from soils to adjacent upland streams, to explain the concentrations of ammonium observed in such streams in N-impacted catchment throughout the year. It is hypothesised here that the same mechanism may be invoked in freely draining lowland soils with ammonium eventually leaching down through the soil profile to groundwaters, as well as to adjacent surface waters.
	In the same study of acid upland soils, the authors also reported that transformations of nitrate inputs were very slow. It is further hypothesised here that this could similarly result in significant nitrate leaching both down soil profiles and to adjacent streams from heavily N-impacted semi natural acid grassland. If both nitrate and ammonium leach down the soil profile, it may be further anticipated that soil C/N ratios would be low at depth in the profile, which could restrict microbial immobilization of these N species (Bengtsson et al., 2003).  In addition, if the soil C/N ratio is low towards the base of the soil profile, net mineralisation of organic N at depth becomes more probable, especially if soil pH is higher deeper in the profile as is often the case in acid grassland soils; in acid soils nitrification is enhanced with the increase in soil pH and decrease in C/N ratio (Persson et al., 2000; Gundersen et al., 1998b).
	Continual N deposition may also increase N mineralization from microbial biomass. Mineralization of N is faster in grass litter impacted by atmospheric N deposition, and if coupled with high soil N concentration, this could result in even higher N availability during the rainy season (Sirulnik et al., 2007). This too could contribute to ammonium and nitrate leaching from the profile to surface and groundwaters.
	Most studies of N mineralization have addressed surface soil horizons rich in organic matter, with far fewer studies focussing on deeper mineral soil layers with potential for N mineralization (Vestgarden and Kjønass, 2003). In forest ecosystems, deeper soil layers do have potential for N mineralization and to contribute towards N leaching; this may result in elevated N concentrations in water below the root zone particularly if mineralized N is in excess of plant requirements (Stuanes and Kjønass, 1998; Dise and Wright, 1995; Aber et al., 1989). The highly mobile nature of NO3--N in the soil makes it more vulnerable to leaching and its production in deeper soil layers of more interest (Persson and Wirén, 1995; Tietema et al., 1992).
	Since SOM and its associated N is mineralizable throughout the soil profile to depths of 1 m and greater (David et al., 1996, 1997; Hadas et al., 1986a,b; Stevenson, 1982; Cassman and Munns, 1980; Powers, 1980), there is extensive net soil-N mineralization below 30 cm soil depth and this mineralized N is available for both uptake by crops and leaching loss to the hydrosphere (Krug and Winstanley, 2002). Krug and Winstanley (2002) compiled an excellent and detailed review that highlighted the need for a better understanding of the dynamics of the spatial transformations on N at depth in soil profiles. 
	The objective of the present study was to use fresh soil analysis and incubation studies to investigate:
	Whether ammonification of soil organic N and nitrification do indeed occur to a significant extent at depth (below 45 cm) in soil profiles of an N-impacted acid grassland.
	If immobilisation/transformation rates of ammonium are sufficiently slow for the vertical leaching of ammonium to occur in such soil profiles.
	If nitrate initially present in soils taken from different depths in the soil profile had to have been contributed by leaching from higher soil horizons in the profile or whether it could have been produced, at least in part, in situ.
	If vertical spatial variations in soil C/N ratio support the hypothesis of significant vertical movement of inorganic N species.

2.2. Materials and methods
2.2.1. Description of site
2.2.1.1. Physiographic characteristics
Soil profiles studied were from freely draining acid grassland at Hob Moor, near York, UK (53º57'30''N & 1º4'48''W, see Fig. 2.1), a Local Nature Reserve with 36.4 ha predominantly of unimproved grassland.  The soils on the reserve vary between slowly permeable clay loams and more freely draining (and more acidic) very fine sandy loams and loamy sands having Moorsome and Redbrow as dominant soil series (Bendelow and Carroll, 1985). The soils are classified as “typical brown earths” in the freely drained area of Hob Moor (Avery, 1973 and 1980; The National Soil Map and Soil Classification, 2007). In spite of the relatively low soil pH, there was no visible tendency towards podzolization over the 40 cm below the litter layer. The mineral soil sampled was fairly uniform in colour and all taken from the A horizon, which extended to 35 to 40 cm depth across the sampling area. However, the soils in a heavy textured area of the moor belonged to “stagno-gley argillic brown earth” (Crowe et al., 2004). The site is dominated by seasonally wet pastures on the more heavily textured soils and a smaller area of freely draining acid grassland, with small peripheral patches of deciduous woodland.  






Figure 2.1: A simplified location map and map of Hob Moor. Ordnance Survey © Crown copyright 2007. 

2.2.1.2. Nutrient status history of the site 
The site has been affected by anthropogenic N and S deposition over recent decades. No synthetic fertilizer additions have been made (Cresser, personal communication), so N status down soil profiles should reflect any disturbance of the natural balance of N cycling and biochemical N transformations occurring in response to high levels of N deposition in this part of the UK (Hornung et al., 1995; NAEI, 2007).  The total N deposition was around 20 - 30 kg N/ha/year in the late 1990s, with 4.6 - 6.2 kg of nitrate-N and 5.5 – 7.5 kg of ammonium-N in precipitation, 2.1 - 4.2 kg of N as NO2, and 2 - 4 kg of dry deposited ammonia-N (NEGTAP, 2005).  A stagno-gley argillic brown earth profile from Hob Moor has been shown to contain 12.5 tonnes of N per  hectare to 36 cm depth (Crowe et al., 2004), and the C/N mass ratio in that profile was always <10.0 over the depth intervals studied (0-35 cm).

2.2.1.3. Monitoring of mineral-N concentrations in the stream surrounding the area





Figure 2.2: Changes in concentration of nitrate-N (mg N l-1) in water in Holgate Beck at the N.E corner of Hob Moor, over six of the last seven years. The samples were collected February in each sampling year (Cresser, unpublished results).

2.2.1.4. Average climatic conditions





Figure 2.3: Mean monthly temperature (ºC) and rainfall (mm) in York, United Kingdom (UK) between 1990 and 2005. Source: The Meteorological Office, UK, 2006. 


2.2.2. Soil sampling, transportation, storage and preparation
After preliminary survey using an auger, seven sampling points were selected visually, six permanent grassland profiles and one deciduous woodland, to provide a set of soil profiles with considerable spatial variations in their physical and chemical properties.  This was done with a view to assessing particularly how soil properties influenced N transformation dynamics at a range of soil depths.
	The surface vegetation was removed at each of the pre-selected sampling points with minimal disturbance to surface soil layers in April, 2007.  Soil samples were taken from 4 sampling depths, 0-15, 15-30, 30-45 and 45-60 cm from each soil profile by digging a pit and taking the samples using a spade. Duplicate samples were taken from each pit.  Several individual samples were collected from each depth increment for each replicate before they were mixed together for a uniform and homogenised composite sample (~ 2 kg). The soil samples were placed in pre-labelled clean plastic bags to minimise loss of moisture by evaporation, and immediately brought to the laboratory for analysis. 
	The stones, roots and any obvious parts of live-vegetation were removed rapidly from soil samples by careful hand picking.  Whenever possible, the samples were sieved through a 2 mm mesh; however, sieving was not possible for moist heavy textured soils. Each soil sample was then immediately divided into two sub-samples. One sub-sample was used on the same day that samples had been collected for the determinations of soil pH (0.05M CaCl2), moisture content, and pre-incubated KCl-extractable NO3--N and NH4+-N concentrations.  Later it was also used to measure texture, and oven-dried sub-samples were finely ground and used to measure C%, N%, and C/N ratio.  
The second sub-sample was used for incubation experiments to study the changes in N species transformations over the incubation period under controlled conditions. Whenever not needed immediately for further experimentation, the soil samples were stored in a refrigerator at 4 ºC.

2.2.3. Soil physical and chemical analysis
2.2.3.1. pH (0.05 M CaCl2)
Soil pH was measured using a method described by Plank (1992) and Houba et al. (2000) at 1:2 m/v (soil:solution) ratio with 0.05M CaCl2. 0.05M CaCl2 was used to reduce the liquid junction potential effect in order to get reproducible and consistent pH measurements (Sumner, 1994). The pH was determined using a glass/calomel combination electrode and pH meter, Thermo Orion pH meter (Model 420). The pH meter was calibrated with freshly prepared buffer solutions of pH 4.01, 7 and 10 following the instrument manufacturer’s protocol. 
	Briefly, 10-g field-fresh, homogenised and pulverized soil samples were taken into 50-ml plastic beakers. 20 ml 0.05M CaCl2 was added to the soil using a pipette. The solution was stirred thoroughly and allowed to stand for 30 minutes to equilibrate with atmospheric CO2 levels at room temperature. pH electrode and temperature probe were lowered into the soil slurry so that their tips were at soil-water interface. The solution was stirred gently until a reading stable to 0.1 pH units was obtained. pH was measured on duplicate soil samples.

2.2.3.2. Soil moisture content
Soil moisture content was measured gravimetrically in duplicate using a method described by Black (1965). Briefly, 10-15 g homogenised and sieved field moist soil subsamples were weighed and pre-labelled aluminium cups. The samples were placed in the pre-heated oven at 105 ºC overnight to dry to constant weight.  The samples were removed from the oven and placed in the desiccator for 0.5 h to cool. The samples were weighed again and moisture content was calculated using the following simple equation:

Moisture content (%) = (Wt of field moist soil-Wt of oven dry soil/Wt of oven dry soil)*100								

2.2.3.3. Particle size analysis by hydrometer method
Soil particle size analysis was performed to determine the percent sand, silt and clay following a standard hydrometer method (Gee and Bauder, 1986). 
50 g sub-samples of dried, homogenised and 2-mm sieved soil were weighed into labelled 500-ml glass beakers and 20 ml 30% H2O2 was added to each to oxidize the organic matter. If required, more H2O2 was added and the suspension was allowed to stand overnight until frothing stopped. The samples were kept in a fume hood during this pre-treatment of the soils to avoid the odour spreading in the working laboratory environment. Pre-treatment of the soils with HCl was not needed due to the non-calcareous nature of the soils. The pre-treated samples were thoroughly mixed with 100 ml of sodium hexametaphophate (40%) solution and the suspensions were allowed to stand overnight. The following day, the contents of the beaker were transferred into metallic dispersing cups with washings with deionised water (DW). The soil suspension was mixed to homogenize for 5 minutes on a mechanical stirrer. The time of stirring was adjusted (5 to 25 minutes) depending on the pre-assessed soil texture by feel method in the field (Batey, 1978). 
	Mechanically stirred solutions were transferred into 1-L graduated plastic sedimentation cylinders with deionised water washings to make sure that no soil particles were left in the dispersing cup. The volumes of the suspensions were made up to 1-L using deionised water. Each suspension was stirred vigorously with a metallic plunger, taking care that no splashing could occur, and the graduated cylinder was placed erect immediately after noting the time. After 40 seconds, a pre-calibrated hydrometer was inserted into the suspension slowly and the reading was noted. The hydrometer was removed from the graduated cylinder and temperature was noted. The graduated cylinders were left undisturbed for 2 hours until 2nd readings were taken along with temperature of the suspension. The hydrometer readings were corrected for temperature of the suspension and sand, silt and clay fractions were calculated using following equations,

Silt + Clay (%) = (Hydrometer reading at 40 s/weight of air dried soil)*100
Clay (%) = (Hydrometer reading at 2 h/ weight of air dried soil)*100
Sand (%) = 100 – (Silt + Clay)
Silt (%) = (Silt + Clay) – Clay
The sand, silt and clay fractions were used to find the soil textural class from USDA, USA soil textural triangle.

2.2.3.4. Soil C, N and C/N ratio determination
The oven-dried soil samples from moisture content determinations were reused to measure the soil organic C, N and C/N ratio. Each oven-dried sample was ground using a Retsch MM200 ball mill apparatus (Retsch Gmbh, Germany), at 25 Hz frequency for 5 minutes. Approximately 80-100 mg finely ground sub-samples were weighed into tin foil cups.  The samples were analysed with an Elementar Vario Macro, automated C and N Analyser calibrated with glutamic acid. The final values were corrected for the instrument’s daily factor and expressed on a percentage basis. 

2.2.3.5. Extraction of initial (pre-incubated) soil mineral-N 
Initial incubated soil mineral-N was extracted with 0.5M KCl solution at 1:5 m/v (soil:solution) ratio. 10.0 g samples of field moist soil were weighed into 125-ml, acid-washed, deionised water-rinsed and pre-labelled plastic bottles.  50 ml of freshly prepared 0.5M KCl solution was added using a measuring cylinder. Each bottle was hand-shaken for 30 seconds to mix the soil and solution, and placed on an orbital shaker for 1 hour at 150 rpm. 






The incubation experiment was designed to study the potential soil nitrogen transformation processes likely to occur at the selected depth increments in the 7 soil profiles. 
On the day of soil sampling, 10.0 g field-moist sub-samples were weighed in duplicate into acid-washed, deionised water-rinsed and labelled 125-ml plastic bottles. To each soil sample 1.0 ml deionised water was added to ensure that samples were moist but never waterlogged, and the samples were then incubated at room temperature (23±1 ºC) for one week with loose caps to keep them well-aerated to facilitate aerobic microbial activity. The samples were always kept under ambient light conditions during the incubation period. The samples were weighed at the beginning of the experiment and re-weighed periodically to check for any significant loss of moisture. Lost moisture was compensated by adding deionised water to restore initial mass.
	After the one week incubation period the soil samples were extracted with 50 ml of 0.5M KCl using an orbital shaker @ 150 rpm for one hour. The suspensions were filtered through Whatman No. 42 filter papers into clean, labelled plastic bottles. The extracts were kept in a refrigerator at 4.0 ºC until analysis for NH4+-N and NO3--N with a Bran & Luebbe Autoanalyser 3. Mineral N was calculated from the sum of NH4+-N and NO3--N. 
The potential net N mineralization, net nitrification and net ammonification rates were measured using methods described by Satti et al. (2003) and Hart et al. (1994). The following equations were used to calculate rates of net N mineralization, net nitrification and net ammonification:

Net N mineralization rate (mg N/kg soil/day) = [Post-incubated mineral-N (NH4+-N and NO3--N) – Initial mineral-N (NH4+-N and NO3--N)]/Incubation duration in days

Net nitrification rate (mg N/kg soil/day) = [Post-incubated NO3--N – Initial NO3--N]/Incubation duration in days






The data were tested for normality assumptions and, whenever needed, data were log transformed prior to analysis. However, arithmetic means of untransformed data are presented in the figures and tables. Independent sample t-tests were performed to test the significance of differences between initial and post-incubated NH4+-N, NO3--N and mineral-N concentrations at each sampling depth for each soil profile. One-way ANOVA was used to test the significance of differences in potential net N mineralization, net nitrification and net ammonification rates between the 7 soil profiles at each sampling depth. When significant differences were found at p < 0.05, Tukey’s HSD post-hoc tests were performed to isolate homogenous groups and to determine where the significant differences lay.
	All statistical analysis was performed using SPSS 15.0 for Windows software (SPSS Inc., 2007).

2.3. Results
2.3.1. Spatial variations in soil physical-chemical properties with depth
Table 2.1 summarises how key physico-chemical properties of the soils from the 7 profiles varied with depth in the profile. Soil pH values were much lower as might be expected for S- and N-impacted acid grasslands in the UK, and for profiles 1, 2,  3 and 4 soil pH tended to increase with depth, suggesting acidification from the top down. Unexpectedly, however, this spatial pH trend was reversed for profile 5, for which the lowest pH was at 45-60 cm. The trend was variable for profiles 6 and 7, but both gave the lowest pH at the bottom of the profile rather than at the top. However, the pH results for profile 7 are perhaps less surprising when the variations in C% and N% with depth are also examined for profile, as the data suggested an earlier buried profile.  
	There were considerable variations for moisture content between the soil profiles and between the sampling depths for each soil profile (Table 2.1). Soil profiles 1, 6 and 7, with clearly heavy textured soils, had higher moisture contents compared with light textured soils from profiles 3, 4, 5 and 6. However, the trends of moisture content between the sampling depths for each soil profile were not consistent.  

2.3.2. Changes in initial and post-incubation NH4+-N concentrations


























Table 2.1: Selected physico-chemical properties of the soil profiles under investigation.

Profile	Depth (cm)	Texture	pH (CaCl2)a	Moisture(%)a	C(%)	N (%)	C/NRatio
1	0-15	Clay loam	3.84 (0.02)	37.26 (1.44)	5.27	0.44	12.0          
	15-30	Clay	4.77 (0.03)	34.96 (0.46)	1.85	0.21	8.66
	30-45	Sandy clay loam	5.07 (0.02)	20.28 (2.16)	0.72	0.09	8.34
	45-60	Sandy clay loam	5.29 (0.04)	21.12 (1.00)	0.35	0.04	8.41
2	0-15	Sandy clay loam	3.41 (0.11)	13.88 (0.00)	4.76	0.32	15.0
	15-30	Sandy loam	3.31 (0.01)	15.75 (0.10)	3.03	0.22	13.5
	30-45	Sandy loam	3.66 (0.08)	10.28 (4.45)	1.82	0.15	12.4
	45-60	Sandy loam	3.90 (0.00)	15.26 (7.02)	1.27	0.11	11.7
3	0-15	Sandy clay loam	4.00 (0.00)	18.32 (0.28)	4.52	0.34	13.3
	15-30	Sandy clay loam	4.27 (0.04)	16.58 (0.05)	1.80	0.15	11.8
	30-45	Clay loam	4.49 (0.02)	16.31 (0.14)	1.21	0.11	11.0
	45-60	Sandy clay loam	4.83 (0.05	19.23 (0.05)	1.28	0.12	11.0
4	0-15	Sandy loam	4.62 (0.00)	12.75 (0.06)	3.50	0.30	11.5 
	15-30	Sandy loam	4.61 (0.01)	8.74 (0.25)	1.83	0.17	10.7 
	30-45	Sandy loam	4.86 (0.02)	10.35 (0.17)	0.93	0.09	9.87 
	45-60	Sandy loam	5.17 (0.12)	10.80 (0.02)	0.60	0.06	9.97
5	0-15	Sandy clay loam	4.86 (0.06)	19.86 (0.07)	4.38	0.36	12.3
	15-30	Sandy loam	4.60 (0.04)	15.74 (0.10)	2.43	0.21	11.6
	30-45	Sandy loam	4.51 (0.01)	18.45 (0.04)	1.16	0.11	11.0
	45-60	Sandy loam	4.28 (0.04	19.66 (0.11)	0.39	0.04	11.0
6	0-15	Sandy clay loam	5.35 (0.02)	25.75 (0.40)	5.36	0.48	11.1
	15-30	Sandy clay loam	5.27 (0.00)	21.29 (0.08)	2.71	0.27	10.1
	30-45	Sandy clay loam	5.33 (0.06)	20.18 (2.34)	1.82	0.19	9.60
	45-60	Clay loam	5.25 (0.04)	21.10 (0.12)	1.51	0.16	9.21
7	0-15	Clay		4.12 (0.10)	24.73 (0.07)	4.84	0.40	12.1
	15-30	Sandy clay loam	4.57 (0.01)	20.28 (0.06)	1.74	0.15	11.9
	30-45	Sandy clay loam	4.03 (0.06)	27.40 (0.09)	2.95	0.28	10.6
	45-60	Sandy loam	3.92 (0.14)	29.27 (0.10)	2.08	0.21	9.98










                  
               




2.3.3. Changes in initial and post-incubation NO3--N concentrations
Variations in initial and post-incubation NO3--N concentrations for the 7 profiles at selected sampling depths are shown in Figure 2.5. All selected profiles resulted in increased extractable NO3--N concentrations during incubation, especially, soil profiles 3-7. Increase in post-incubation NO3--N concentrations compared with initial incubated NO3--N concentrations, however, was significant (P<0.05) for profiles 1, 2 and 4 at 0-15 cm (Fig. 2.5a), for profiles 1 and 5 at 15-30 cm (Fig. 2.5b), for profiles 2, 3 and 4 at 30-45 cm (Fig. 2.5c), and for profiles 3, 4 and 5 at 45-60 cm depth (Fig. 2.5d). It is worth noticing that apart from profiles 1 and 2, soil profiles 3-7 showed substantially higher potential for NO3--N production, but this was not always significant. In contrast, soil profile 1 showed significant (P<0.05) net NO3--N production at 0-15 and 15-30 cm depths (Figs. 2.5a & b) whereas NO3--N was apparently reduced non-significantly at 30-60 cm depth increments (Figs. 2.5c & d). 

2.3.4. Changes in initial and post-incubation mineral-N concentrations
Changes in initial and post-incubation mineral-N concentrations for the 7 soil profiles at the 4 selected sampling depths gave much clearer picture of net changes occurring in extractable mineral-N concentrations during room temperature incubation (Fig. 2.6). 










                            
                           





                   
             




2.3.5. Variations in net ammonification, net nitrification and net mineralization rates 
Net ammonification rate (mg N/kg soil/day) indicated that there were considerable variations between the 7 soil profiles at each sampling depth (Fig. 2.7a). Profiles 1 and 2 showed net negative ammonification rates at most sampling depths which were significantly (P<0.05) lower compared with rates for profiles 3, 5 and 6 at 30-45 cm and from rates for profiles 5 and 6 at 45-60 cm depth. However, the differences between the soil profiles were not significant at 0-30 cm depths. 
	Net nitrification rates (mg N/kg soil/day) were higher for soil profiles 3 and 4 compared with the rest of the soil profiles at 0-15 cm depth, and for soil profiles 3-6 compared with profiles 1-2 and 7, but the differences were not significant (Fig. 2.7b). At sampling depths 30-45 and 45-60 cm, net nitrification rates for soil profiles 1 and 2 were significantly (P<0.05) less compared with those for profiles 4 and 5. Profile 1 showed net negative nitrification in sub-soils at 30-60 cm depths (Fig. 2.7b).























2.4.1. Evidence for NH4+-N production and/or loss within soil profiles
The NH4+-N concentrations in the top 15 cm for the initial soils (Fig. 2.4a) reflect the inputs from the atmosphere and from ammonification, less losses from leaching down the soil profile, from biomass uptake, nitrification and other forms of immobilization. In lower horizons there may also be significant additional inputs via leaching from overlying horizons. Therefore we cannot obtain any direct evidence for ammonification from the analytical data from the fresh, field-moist soils. However the incubated soils have no external inputs of NH4+-N and no plant N uptake, so interpretation of changes in NH4+-N concentration in the soils over the 7-day incubation period at room temperature (23 ±1 ºC) should potentially be simpler and unequivocal.

2.4.2. Grassland profiles 1 and 2
After the 7-d incubation, soils from profiles 1 and 2 show consistent declines in NH4+-N concentrations compared to those in the initial soils throughout the profiles down to 60 cm depth (Fig. 2.4). This must mean either that no NH4+-N is being produced, but some NH4+-N is being immobilized or nitrified, or that NH4+-N is being produced, but the rate of immobilization and/or nitrification exceeds the rate of NH4+-N production. However the change was only significant at 0-15 cm. 
	Comparing incubated soils to initial soils, Fig. 2.5 shows significant nitrification for profile 1 at 0-15 and 15-30 cm, but no net nitrification at 30-45 cm (where NO3--N concentration decreases significantly during  incubation), or at 45-60 cm. This implies NH4+-N immobilization below 30 cm in profile 1. For profile 2, nitrification is observed at all depths, although the amount was not significant at 15-30 cm or 45-60 cm. For profiles 1 and 2, the nitrate-N production values (increases compared to initial values) were 1.68 and 1.16 mg N kg-1 respectively at 0-15 cm depth. These compare with NH4+-N decreases of 1.30 and 1.43 mg N kg-1 at top soil layer (0-15 cm). This suggests that nitrification is a major factor contributing to the decrease in NH4+-N concentration during incubation for these two soils, but not the only factor for profile 1. For profile 2, it is possible that some additional NH4+-N has been produced and nitrified along with the “native” NH4+-N. The counteracting influence of nitrification on NH4+-N concentration for these two profiles can be quite clearly seen in Fig. 2.4, which generally shows little significant change in total mineral-N after the 7-d incubation, implying a close balance between NH4+-N loss and NO3--N production.

2.4.3. Woodland soil profile 3
Over the incubation period, soil mineral-N concentration for soils from profile 3 increased at 0-15, 15-30, 30-45 and 45-60 cm, the rate of mineral-N production declining with depth (Fig. 2.6). However, the increase was only significant at 45-60 cm. In this profile, unlike profiles 1 and 2, NH4+-N concentration increased during incubation at 15-30 and 30-45 cm depths (Fig. 3), but the increase was not significant. A large part of the increase in mineral N was clearly due to nitrification, as NO3--N concentration increased significantly over the depth range 30-60 cm (Fig. 2.5). 

2.4.4. Grassland profiles 4-7
At all depths, profiles 4 to 7 showed consistent increases in mineral-N concentrations over the 7-day incubation (Fig. 2.6). However, the increases in mineral-N concentrations were significant for profile 7 at 15-45 cm depths.  These samples behaved like the woodland profile samples for mineral-N at 15-60 cm depths. For profiles 4, 5 and 6, increases in mineral N are often contributable to nitrification (Fig. 2.5), as NO3--N concentrations were generally significantly higher after incubation when mineral N was significantly higher. 
	Changes in NH4+-N concentration during incubation were more variable, and increases were less often significant for these four profiles (Fig. 2.4). Presumably this is because increases were being offset, or sometimes more than offset, by nitrification. Nevertheless, NH4+-N concentrations did increase significantly during incubation for profile 5 at 30-45 and 45-60 cm, and profile 6 at 30-45. Thus in these profiles mineralization at depth is significant and must contribute to NO3--N leaching to surface water and groundwater, although net NO3--N only increased significantly for profile 5 at 30-45 cm

2.5. Conclusions
2.5.1. Ammonification and nitrification at depth and their significance
It is important to note that where NH4+-N is being produced at a rate greater than the combined rates of nitrification and immobilization, there must be high probability of atmospheric NH4+-N inputs being leached down the soil profile or to drainage water.
	From the above discussion, there is clear evidence that NH4+-N may be produced at 30 to 60 cm depth in woodland profile 3 and grassland profiles 4-6, and this must be from mineralization of organic matter in these soils.  This may well reflect the low C/N ratios at depth in these profiles, and for profiles 6 and 7 especially the quite high organic carbon concentrations at depth (Table. 2.1). Thus a flux of NH4+-N is being produced that will be available for nitrification at depths in these soils.
	Figure 2.4 also very clearly suggests that all the soils apart from that in profile 1 are capable of nitrification at depth, and down to depths of at least 45-60 cm.  This has clear implications for nitrate leaching to adjacent surface waters or groundwaters.

2.5.2. What might be limiting mineral N production in profiles 1 and 2?
The fact that profiles 1 and 2 gave negligible or even negative net N mineralization needs some comment. Careful assessment of the possible relationships between the rates of production of total mineral N or mineral N species and soil properties did not indicate consistent trend when data from all depths were used. However, profiles 1 and 2, which gave negligible net mineral N production, had the most acidic surface horizons by far, and more distinct litter layers in the field. It is possible therefore that the surface soil properties may be regulating what happens throughout the soil profile. This idea warrants further investigation.

2.5.3. Concluding remarks 
Four hypotheses were presented at the end of section 2.1. The first was that significant ammonification and nitrification would occur below 45 cm in N-impacted acid grasslands. There was clear evidence of net NH4+-N production in profiles 5 and 6 at 30-45 cm and profile 5 at 45-60 cm. In other profiles, there was no conclusive evidence, but it has to be pointed out that lack of significant NH4+-N production or negative net ammonification does not mean that no ammonification is occurring. It could be that nitrification rate plus immobilization rate exceeds ammonification rate. It also has to be pointed out that that because of limited time and laboratory constraints, net ammonification was only assessed after a single fixed time period for incubation in this study. Thus the hypothesis is partially proven, but not unequivocally for some soils.
	The second hypothesis was that that immobilization and/or transformation rates would be sufficiently slow for NH4+-N leaching to occur. The occurrence of net ammonification in some soils supports this hypothesis too, though the nitrification rates were sometimes high so clearly the situation involves competitive transformation dynamics. These could well vary seasonally, so this should be (and will be) investigated in a later chapter. 
	The third hypothesis was that not all NO3--N at depth would be from leaching from overlying soil horizons. For profiles 3-5, it is clear that there is considerable potential for nitrification at 45-60 cm, below the rooting depth, at 30-45 cm for profiles 2, 3 and 4. Although not proven for every profile, it can be safely concluded that nitrification at depth can contribute to NO3--N leaching. 
	The fourth and final hypothesis was that variations in C/N ratio might support the idea of significant vertical movement of N species. Most mineral N leaching down the profile is probable for profile 4. This profile had C/N ratios <10 at 30-60 cm, but lower ratios were found in profiles 1 and 6. Profile 1 showed significant net nitrification at 0-15 and 15-30 cm, which could help to account for its low C/N ratios at depth. Profile 6 had significant net NH4+-N production at 30-45 cm. 
	All four hypotheses were thus supported, at least to a limited extent. However, conclusions that can be drawn about the fate of inputs of NO3--N and NH4+-N or NH3 from the atmosphere or in patches from animal urine and faeces can only be speculative. Overall though, the results suggest that at various locations across Hob Moor there is high probability of significant NH4+-N and NO3--N leaching. 

2.5.4. Need for further research 
The different potential for profiles 1 and 2 for mineral-N production compared with other profiles highlights the importance of general surface soil characteristics and their role in N mineralization and N availability in surface and sub-surface soils, as argued in section 2.5.2. It may be concluded that the observable presence of surface and/or sub-surface litter and fairly acidic nature of the soils in profiles 1 and 2, particularly profile 2, could potentially be important factors in controlling the mineral-N production, retention and mobility into sub-soils. It is also important to note that profile 2, although being the most acidic, showed substantial potential for NO3--N production in the sub-soils at 30-45 cm depth. 
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It is widely accepted that anthropogenic activities such as fossil fuel utilisation, industrial N fixation for commercial fertilizer production and increased managed biological nitrogen fixation have altered the N cycle, doubling the amount of reactive N in the atmosphere (Galloway et al., 1995; Vitousek et al., 1997).  Anthropogenic N deposition is of particular concern for low fertility status, semi-natural ecosystems due to its potential threat to their long-term stability and floristic diversity (Phoenix et al., 2003).  
Nitrogen deposition can modify soil processes, including mineralization and nitrification dynamics, and may result in decreased soil pH, reduced buffer capacity, increased leaching of base cations, increased availability of Al3+ and Fe2+ and increased concentrations of other toxic metals (Fog, 1988; Goulding et al., 1998; Aerts and Bobbink, 1999).  According to Hornung and Langan (1999), soil nitrification and N-immobilization are the key biochemical pathways dictating ecosystem responses to elevated atmospheric N inputs.  As a net result of how these two processes respond to N additions, extra reactive N may be mobilized through the environment, potentially causing acidification in both terrestrial and aquatic ecosystems and eutrophication in freshwaters where P is not limiting (Goulding et al., 1998; Metcalfe et al., 1999; Edward et al., 2000; Edward and Withers, 2007).  Correlations between N deposition, N nutrition and N leaching have been well documented for a wide range of sites and nitrogen deposition rates (Jussy et al., 2004). 
In spite of a general conclusions that N saturation occurs in upper soil horizons since the concept was introduced (Aber et al., 1989), scant attention has been paid to processes in subsoils.  However, soil organic matter (SOM) and its associated organic N has the potential to mineralize throughout agricultural and forest soil profiles down to depths of 1 m or even more (Cassman and Munns, 1980; Powers, 1980; Stevenson, 1982; Hadas et al., 1986a; David et al., 1996; Krug and Winstanley, 2002; Vestgarden and Kjønaas, 2003; Cresser et al., 2008; Riaz et al., 2008, Chapter 2).  Krug and Winstanley (2002) comprehensively reviewed soil N cycling and stressed the need for better understanding of vertical variations of N transformations in soil profiles as the extensive N mineralized below 30 cm depth is available for plant uptake and/or leaching into aquatic ecosystems.   Limited study of N transformations in subsoils is perhaps surprising, as sub-soils in many areas are now receiving higher N inputs throughout the year than they did in the distant past, for both agricultural and minimally managed ecosystems (Cresser et al., 2008; Riaz et al., 2008, Chapter 2).  
Soil physico-chemical properties can markedly affect soil N transformation dynamics at any depth in the profile. For example soil pH is widely considered as the most important factor governing nutrient bioavailability, plant primary productivity, and a range of soil microbial processes, and nitrification is highly pH sensitive (Kemmitt et al., 2006).  Nitrification rates in soils usually are very variable however, depending upon nitrifying population and environmental factors including pH, but also soil moisture content, temperature, substrate concentration and oxygen availability (Krave et al., 2002). Both soil C and N and microbial biomass C and N may be effective predictors for mineral-N production rate (Booth et al., 2005).  The C/N ratio of surface soil organic matter may have potential as an indicator of nitrogen saturation and subsequent leaching from some systems, but not all (Curtis et al., 2003). There is considerable evidence that net mineralization and nitrification rates (and hence inorganic N leaching) are strongly influenced by soil N and/or C/N ratio (Wilson and Emmett, 1999). 
Many studies have emphasized the potential for increased inorganic N leaching as a consequence of N deposition, but the detailed mechanisms have not yet been fully explained.  Cresser et al. (2004) postulated that in heavily N-polluted areas of the UK, especially those with acidic, peaty organic soils, NH4+-N transformation rates are slow enough for NH4+-N inputs to reach equilibrium with NH4+-N on cation exchange sites. Under this scenario, NH4+-N concentrations in soil solutions and drainage water will be similar to those in precipitation, with modification due only to changes in the mobile anion concentrations.  If leaching of NO3--N and NH4+-N out of soils to streams occurs, then N species translocation to depth in soil profiles is also probable, narrowing the C/N ratio at depth which could be indicative of soil microbial immobilization of these species (Bengtsson et al., 2003). 
The patterns of surface water NO3--N concentrations in areas not affected by agricultural runoff mostly reflect total atmospheric N deposition, with highest concentrations in surface waters being coupled with elevated N deposition concentrations (INDITE, 1994). Chapman and Edwards (1999) noted that elevated concentrations of NO3--N have been found in both streams and lakes of northern Europe and the northern United States that strongly correlate with increased N deposition from the atmosphere.  When the system is unable to cope with increased N from the atmosphere, soil N saturation and N leaching occurs (Aber et al., 1989). NO3--N leaching has been reported in laboratory experiments with N-treated soils from the Chronic N Amendment Study (Venterea et al., 2004).  Little attention seems to have been paid to the potential contribution that NH4+-N leaching down soil profiles may make to nitrification at depth and nitrate leaching however, except by Riaz et al. (2008; Chapter 2).
The present study, therefore, aimed to investigate, for an acid grassland soil that is managed to attempt to attain low nutrient status, the hypotheses that:
	N mineralization can occur at depth (below 60-100 cm) in soils from N impacted acid grasslands and result in higher N mobility in freely drained acid soils below the rooting zone. It was hoped to strengthen evidence for this compared to that obtained in the preliminary study in Chapter 2 for soils down to 60 cm depth. 
	NO3--N and/or NH4+-N can be produced in-situ at depth, but also can potentially be mobilized to deeper soil layers from overlying soil horizons.
	Soil physico-chemical properties can alter the N species transformation dynamics.
	Bearing in mind that substrate availability is key factor, then changes in ammonification with depth will depend upon distribution of soil organic matter with depth as well as on the soil physico-chemical properties.

3.2. Materials and methods
3.2.1. Description of the sampling area at Hob Moor
Soil profiles studied were from freely draining area of the acid grassland at Hob Moor, near York, UK (53º57'30''N & 1º4'48''W, see Figs. 2.1 and 3.1), a Local Nature Reserve, which covers an area of 36.4 ha. The grassland is generally regarded as an unimproved and unfertilized ecosystem.  The general characteristics of the soils, dominant vegetation, climatic patterns and weather variations, and nutrient status have been described in detail in Chapter 2, section 2.2.1. 





Figure 3.1: A simplified location map and map of Hob Moor, near York, the UK. (Source: Google earth, 2010).


No artificial fertilizers have applied to this grassland and the site is believed to have been affected by atmospheric N and S deposition over recent decades (NEGTAP, 2005; UK Emissions Inventory Team, 2008). It is generally assumed that in the absence of any artificial fertilizer application, N transformations and N status of the soils down the profiles, especially in sub-soils, may reflect internal changes in N cycling in response to atmospheric N deposition in this part of the UK (Hornung et al., 1995; NAEI, 2007).  The site is believed to have received around 25 kg N/ha/year in the late 1990s (NEGTAP, 2005).  
The Holgate stream runs along the sides of the site, and the current management strategies, which aim to reduce the bioavailable N, should as a result    reduce the risk of N leaching into the surface water.  However, over at least the past 8 years, stream water analysis has revealed considerable mineral-N concentrations, especially for NO3--N (Chapter 2, Fig. 2.2), and the stream is inclined to eutrophication at various locations around Hob Moor. 
The climate usually shows seasonal variations in temperature, precipitation amount and humidity. The mean temperature for summer months (June-September) usually falls in the range of 18-21 ºC.  June and July are the warmest months, with monthly average temperature of 21 ºC.  November to January are the coldest and wettest months. October-November generally receive 34.7% of the 639 mm annual rainfall. The mean monthly relative humidity is 80.3% (The Meteorological Office, 2006). 

3.2.2. Soil sampling and preparation
The soils were sampled from the permanent grassland at two points close to soil profile 2 previously described by Riaz et al. (2008) (Chapter 2).  Two soil profiles (A and B) were selected from the freely drained acid grassland area (Fig. 3.1). When sampled down to 100 cm, these profiles provided substantial variation in soil physical and chemical properties. This was necessary to be able to assess how soil properties might be influencing N transformation dynamics over a wider range of soil depths than studied in Chapter 2. 
In May, 2007, surface vegetation and litter were removed from visibly uniform selected area with a sharp knife with minimal disturbance to underlying surface soil layers.  Two soil pits were dug to a depth of 1 m and soil was sampled below the litter with a pointed trowel from 5 sampling depths at 20 cm increments, i.e. from 0-20, 20-40, 40-60, 60-80 and 80-100 cm from each soil profile.  The samples were taken in duplicate from each pit. The soil samples were stored in sealed pre-labelled clean polythene bags to minimise loss of moisture, and brought immediately back to the laboratory.





3.2.3. Soil physico-chemical analyses
The analytical protocols for specified soil physical and chemical characteristics are summarised in detail in Chapter 2, section 2.2.3. However, brief descriptions of the protocols used for soil physico-chemical analysis have been provided below. 
Soil pH was measured in duplicate for each field-moist soil sample in 0.5M KCl at a 1:2 m:v (soil:solution) ratio after periodic agitation and equilibration of the suspension  for 30 minutes at room temperature. This is more concentrated than the KCl or CaCl2 usually employed, as it was deemed important to ensure the soil pH measurement reflected differences between horizon acidities with minimal variation caused by mobile anion effects. Fotyma et al. (1998) made a comparison of the pH measured in CaCl2 and KCl, and found strong and significant linear relationship between these two parameters. The pH was measured with a glass/calomel electrode and pre-calibrated Thermo Orion pH meter (Model 420).
Soil moisture content was measured in duplicate gravimetrically using a pre-heated oven to dry soil samples at 105ºC overnight and moisture contents were expressed as a percent of oven-dry mass.
Soil organic C%, N% and C/N ratio of each sample were determined in duplicate using ball-milled, oven-dried soil samples with an Elementar Vario Macro, automated C and N Analyser calibrated and periodically restandardized with glutamic acid.
A fresh sub-sample of each field-moist soil was used to find initial concentrations of NH4+-N and NO3--N.  The 10.0-g sub-samples of soils were extracted in duplicate with 50 ml of 0.5M KCl by shaking at 150 rpm for 1 h and filtering the extracts through Whatman No. 42 filter papers.  The extracts were analysed for NH4+-N and NO3--N on a Bran & Luebbe AutoAnalyser-3 using a standard manifold and matrix-matched standards.  The results were corrected for reagent blanks, and final results were calculated on an oven dry soil basis as mg N (kg soil)-1.

3.2.4. Spiking experiments
An incubation experiment was designed to study the potential soil N transformation processes with depth down to 100 cm in the 2 soil profiles.  The design involved two treatments, i.e. spiking with deionised water (d.w) or with a known amount of NH4+-N in the form of (NH4)2SO4 in the same amount of water. Spiking with d.w aimed simply to study the N species changes under controlled conditions, while spiking with NH4+-N was conducted primarily to investigate responses of the native N cycle to receiving artificial input of reduced nitrogen and whether nitrification was substrate limited. On the day of soil sampling, 10.0 g field-moist sub-samples were weighed in duplicate into two sets of 20 acid-washed, distilled water rinsed and labelled 125-ml plastic bottles. To each soil sample of the first set, 2.0 ml deionised water was added with a pre-calibrated Gilson pipette, while the second set of soil samples was spiked with 2.0 ml of (NH4)2SO4 solution containing 25 μg NH4+-N/ml so each soil sample received 50 μg NH4+-N.  The samples were incubated for one week in loosely capped bottles to keep them well-aerated to facilitate aerobic microbial N transformations.  The bottles plus samples were weighed to ± 0.01 g at the beginning of the experiment and re-weighed periodically to check for any significant loss of moisture.  Lost moisture was replenished by adding deionised water to restore initial mass of soil samples to maintain constant moisture conditions during incubation.
After incubation, the soils were extracted with 50 ml of 0.5M KCl using an orbital shaker at 150 rpm for 1 h.  The suspensions were filtered through Whatman No. 42 filter papers into clean, pre-labelled plastic bottles.  The extracts were kept in a refrigerator at < 4.0 ºC until analysed for NH4+-N and NO3--N.  The values for mineral N were calculated from the sum of NH4+-N and NO3--N.  Potential net N mineralization was calculated from the difference between post and pre-incubated mineral-N for d.w. spiked soils.  Net nitrification was estimated from the difference between post and pre-incubated NO3--N values (Satti et al., 2003). The net N mineralization rate was estimated by dividing net potential N mineralisation by incubation period (7 d) and net nitrification rate was calculated from dividing net nitrification by incubation duration (Hart et al., 1994). 

3.2.5. Statistical analysis
The data were checked for assumptions of normality and, where necessary, the data were log transformed before application of any statistical test. Where appropriate, data were tested for basic assumptions of ANOVA and t-tests. One-way ANOVA was used to test the significance of chemical differences between the sampling depths and between treatment effects at each sampling depth. When significant differences were found, the Tukey HSD post-hoc test (α = 0.05) was used for the multiple mean comparison technique.  An independent sample t-test was used to test  for the significance of differences in net nitrogen mineralization and net nitrogen nitrification for d.w. spiked and NH4-spiked soil samples at selected depths, without assuming equal variance as Leven’s test for equality of variance was significant at P<0.05.  One-way ANOVA was also used to compute the significant differences of net mineralization and net nitrification between sampling depths for each treatment. Pearson correlation was used to study the nature of relationships between soil physico-chemical properties and N species concentrations and parameters. 
All statistical analysis was performed using SPSS 15.0 for Windows software (SPSS Inc., 2007). 

3.3. Results
3.3.1. Physical and chemical characteristics of soils
There were significant differences in pH, moisture content, and C and N content with depth for each soil profile and between soil profiles (Table 3.1).  Soil profile B was more acidic at 0-40 cm than profile A, and its pH changed more steeply with depth.  Profile A was more acidic below 40 cm, and remained very acidic even at 100 cm depth with a pH value of 4.04.  Systemic multiple comparison using Tukey’s HSD post-hoc technique (α = 0.05) showed that soils from different sampling depths differ significantly in pH for both profiles except for 60-80 and 80-100 cm in  profile A (Table 3.1).  
	Soils from profile A had slightly higher water contents at corresponding depths than those from profile B, and were the wettest at 60-100 cm; profile A showed no significant difference in soil moisture content over 0-60 cm (Table 1).  The variation in moisture content with depth was more pronounced in soil profile A. 
	As expected, there were decreases in organic C%, N% and C/N ratio with depth for both soil profiles.  In profile B, C%, N% and C/N ratio declined more sharply with depth than in profile A.  The decline in C% with depth was significant down to 80 cm in both profiles (Table 1).  Soil N% showed a similar trend, but the decline was significant down to 100 cm in profile B.  Organic matter was more evenly distributed over depth in profile A.





Table 3.1: Characteristics of soils used for the study
Profile	Depth (cm)	pH(KCl)	Moisture Content (%)	C (%)	N (%)	C/N Ratio
A(n=10)	0-20	3.58 d*(0.01)	18.3b*(0.05)	2.07 a*(0.02)	0.18 a*(0.00)	11.80 a(0.24)
	20-40	3.81c*(0.01)	18.9 b(0.20)	1.44 b*(0.02)	0.13 b*(0.00)	11.0 ab(0.48)
	40-60	3.92b*(0.01)	18.5 b(0.06)	0.99 c(0.06)	0.10 c(0.00)	10.1 abc(0.52)
	60-80	3.99a*(0.01)	22.1 a(0.68)	0.61 d*(0.01)	0.07 d*(0.00)	8.53 c(0.18)
	80-100	4.04a*(0.01)	21.5 a*(0.20)	0.60 d*(0.02)	0.07 d*(0.00)	9.10 bc*(0.19)
B(n=10)	0-20	3.38 e(0.00)	17.5 b(0.03)	2.95 a(0.03)	0.22 a(0.00)	13.5 a(0.03)
	20-40	3.59 d(0.01)	18.0 b(0.09)	2.23 b(0.01)	0.19 b(0.00)	11.6 b(0.06)
	40-60	4.08 c(0.00)	16.8 c(0.24)	1.03 c(0.07)	0.10 c(0.00)	10.1 c(0.54)
	60-80	4.17 b(0.01)	19.7 a(0.24)	0.29 d(0.00)	0.04d(0.00)	7.16 d(0.04)
	80-100	4.23 a(0.02)	17.4 bc(0.14)	0.17 d(0.01)	0.03 e(0.00)	5.63 e(0.14)






















Table 3.2: Degree of collinearity between the explanatory variables for the two profiles
















* = correlation is significant at P<0.05
** = correlation is significant at P<0.001
ns = non-significant results 


3.3.2. Changes in NH4+-N concentrations with depth and treatment
The initial extractable NH4+-N contents in soils from profile A were significantly higher in soils from 0-20 cm than in those from 20-80 cm (Fig. 3.2a; Table 3.3).  Incubation with d.w. increased NH4+-N concentrations in all soils from profile A, but the increase was only significant at 20-40, 40-60 and 60-80 cm.  Spiking with NH4+-N further increased extractable NH4+-N contents in soils from all depths for profile A, but not significantly for soils from 0-20 or 80-100 cm (Fig. 3.2a). Significant differences between depth increments for extractable NH4+-N concentrations were found for d.w. spiked soils (P<0.001), but not for NH4-spiked soils (P=0.402; Table 3.3).     
	In soils from profile B, the initial extractable NH4+-N concentrations decreased gradually but consistently with depth (Fig. 3.3a), and NH4+-N concentrations found at 0-40 cm depths were significantly higher compared with those found at 40-100 cm depths (Table 3.3).  Incubation with d.w. increased NH4+-N concentrations for profile B for all sampling depths, but not significantly in soils from 20-40, 60-80 or 80-100 cm compared with initial values (Fig. 3.3a).  The surface layer (0-20 cm) with the highest amounts of organic matter showed high potential for in-situ NH4+-N production, in contrast to profile A.  There were higher NH4+-N contents after spiking with NH4+-N compared with d.w. after 7-d incubation at 20-100 cm depth, but the increase was only significant in soils from 40-60 cm (Fig. 3.3a). In contrast to soil profile A, d.w. spiked NH4+-N concentration showed no significant differences between selected depths (p=0.581), but lack of significant differences between the sampling depths for NH4-spiked soils was in line with the results for soil profile A (P=0.488; Table 3.3).

3.3.3. Changes in NO3--N concentrations with depth and treatment
The initial KCl-extractable NO3--N showed marked variations with depth in profile where the soils from 0-40 cm depths differed significantly (P<0.01) from those at 40-100 cm depth increments (Fig. 3.2b; Table 3.3). However, the same was not true for soil profile B, which showed no significant (P=0.098) differences between the sampling depths (Fig. 3.3b; Table 3.3) for initial KCl-extractable NO3--N concentrations.  
	Incubation with d.w. showed statistically significant potential for NO3--N production in soils from profile A only at 40-60 cm (Fig. 3.2b).  Increases at all other depths were not statistically significant compared to initial values.  Incubation of soils from profile B spiked only with d.w. resulted in significantly higher NO3--N concentrations in soils from 0-20 and 20-40 cm (Fig. 3.3b). This corresponds to potential in-situ production, suggesting that NH4+-N supply was not limiting at these depths. For soils from profile A, no significant differences (P=0.622) were found between the sampling depths for d.w. spiked NO3--N concentrations (Table 3.3).  However, depth had significant effect (P<0.01) on distribution of NO3--N after d.w. spiking for profile B (Fig. 3.3b; Table 3.3).  








Figure 3.2: Changes in a) NH4+-N (mg N/kg soil), b) NO3--N (mg N/kg soil), c) mineral-N (mg N/kg soil) in soil profile A at 5 sampling depths. All values are means of two replicates. Error bars show standard errors of means.  Bars with different letters differ significantly from each other at P<0.05 at specified depth.











Table 3.3: Effect of depth gradient on distribution of extractable NO3--N, NH4+-N and mineral-N for DW- and NH4-spiked soils samples from two profiles at 5 selected sampling depths.
Soil profile	N species(mg/kg soil)	Treatment	Effect of depth on N speciesdistribution	Tukey’s HSD Post-hoctest(0-20, 20-40, 40-60, 60-80, 80-100)
			F	df	P	
A	NH4+-N	Initial	15.748	9	<0.01	a, bc, c, bc, ab 
		DW-spiked	47.30	9	<0.001	d, c, bc, ab, a
		NH4-spiked	1.235	9	0.402	na
	NO3--N	Initial	16.897	9	<0.01	a, a, b, b, b 
		DW-spiked	0.705	9	0.622	na
		NH4-spiked	1.935	9	0.243	na
	Mineral-N	Initial	18.642	9	<0.01	a, b, b, b, a 
		DW-spiked	3.934	9	0.083	na
		NH4-spiked	0.966	9	0.500	na




		DW-spiked	21.030	9	<0.01	ab, a, c, bc, c 
		NH4-spiked	159.072	9	<0.001	a, b, c, c, c
	Mineral-N	Initial	13.235	9	<0.01	a, ab, bc, c, c
		DW-spiked	3.964	9	0.082	na
		NH4-spiked	56.533	9	<0.001	a, a, b, b, b 
Different letters indicate significant differences between the sampling depths at specified P values.
na = Not applicable results

3.3.4. Changes in mineral-N concentrations with depth and treatment
The initial KCl-extractable mineral-N concentrations differed significantly (P<0.01; Table 3.3) between some sampling depths for profile A, and mineral-N concentrations  at 0-20 and 80-100 cm depths was significantly higher compared with mineral-N concentrations at 20-80 cm depth increments (Fig. 3.2c).  For profile B, initial mineral-N concentrations at 0-40 cm depths were significantly (P<0.01; Table 3.3) higher than at 60-100 cm depths (Fig. 3.3c).  
	When soils from profile A were incubated with d.w., mineral-N concentrations increased sharply at 20-100 cm depth; however, this increase was significant at 20-40, 40-60 and 60-80 cm depths only (Fig. 3.2c). In contrast, increase in mineral-N concentrations for profile B after d.w. spiking was observed at all depths, but the increase was significant for surface soils (0-40 cm) only, compared with the initial mineral-N concentrations (Fig. 3.3c). Surprisingly, no differences were found for mineral-N concentrations between the sampling depths for profile A (P<0.083; Table 3.3) or profile B (P<0.082; Table 3.3) after d.w. spiking and subsequent incubation.   
	The NH4-spiking treatment produced sharper increases in mineral-N concentrations at 0-80 cm depth increments for profile A, and the increase was significant compared with the initial and d.w. spiked mineral-N concentrations at 0-80 cm depths (Fig. 3.2c). Similar to profile A, profile B also resulted in increased mineral-N concentrations at each sampling depth in response to addition of NH4+-N. This increase was significant compared with the initial and d.w. spiked mineral-N concentrations at 0-20, 20-40 and 40-60 cm depths (Fig. 3.3c). When the effect of depth gradient on NH4-spiked mineral-N concentrations was assessed, there were no significant differences between the sampling depths for profile A (P=0.500; Table 3.3). In the profile B, NH4-spiked mineral-N concentrations were significantly (P<0.001; Table 3.3) higher at 0-40 cm depths compared with 40-100 cm depths. It should be remembered here that part of the increase in mineral-N here corresponds to the spike itself, of course. 
	The consistently higher NH4-spiked mineral-N concentrations in profile A showed gradual increase with increase in depth down to 80 cm depth (Fig. 3.2c), whereas in profile B, the trend was reversed and NH4-spiked mineral-N concentrations decreased with increasing depth (Fig. 3.3c); and this was one the most striking differences between the two soil profiles in response to NH4+-N simulated additions.        
                  
3.3.5. Changes in net mineralization with depth and treatment
Net mineralization apparently increased with sampling depth for soil profile A during d.w. incubation for 7-d but there was no significant difference between any of the selected depths (Fig. 3.4a). As for to d.w. spiked net mineralization, there was also no significant difference between sampling depths for NH4-spiked soils (Fig. 3.4a). When comparative analyses were done to test the differences between d.w. spiked and  NH4-spiked soils at each sampling depth, significant difference was found only at 40-60 cm depth.  
There was also no significant differences in d.w. spiked net mineralization between the sampling depths for soil profile B. However, when NH4+-N was added, the soils from 0-40 cm depths showed significantly higher mineralization rates compared with soils from 40-100 cm depths (Fig. 3.4b).   The difference between d.w. spiked and NH4-spiked net mineralization was only significant in surface soils at 0-20 cm depth.  Note though that no correction was made in these calculations for the NH4+-N added in the spike itself. 

3.3.6. Changes in net nitrification with depth and treatment
Net nitrification in d.w. spiked soils from profile A did not differ significantly between any of the 5 sampling depths (Fig. 3.5a).  Treating these soils with NH4+-N resulted in significantly higher net nitrification at 60-80 and 80-100 cm depth than at 0-20 or 20-40 cm, indicating strong potential of this soil profile to nitrify below the rooting zone.  Soils from 20-40 cm also gave significantly higher net nitrification than the more acidic soil from 0-20 cm (Fig. 3.5a).  It is also worth noting that NH4-spiking (compared with d.w. spiking) significantly enhanced net nitrification rate in soils from 40-60 and 60-80 cm, and net nitrification was much higher in sub-soils for profile A. 

















3.3.7. Changes in mineral-N contents with depth relative to soil C%
It is reasonable to assume that organic matter N mineralization rate, especially ammonification rate, might depend upon soil sample organic matter content rather than simply the total mass of soil.  Therefore, in Figs. 3.6 and 3.7, the NO3--N, NH4+-N and total mineral-N concentrations for each depth increment were expressed per kg of soil C for profiles A and B respectively.  

3.3.7.1. Trends in profile A
For profile A, the initial NH4+-N per unit mass of soil C increased consistently with depth down to 100 cm (Fig. 3.6a), in marked contrast to the trend when results were expressed on per unit mass of soil (Fig. 3.2a), and NH4+-N concentrations were significantly higher at 80-100 cm depth compared with those at 0-60 cm depths (Table 3.4).  This trend was also seen in the d.w. incubated soils (Fig. 3.6a); however, there were always significant differences between each of the depth increments, and NH4+-N concentrations (mg N/kg C) were much higher in sub-soils at 60-100 cm depths compared with surface soils (Table 3.4).  
Following NH4-spiking, mineral-N was being immobilised in soil from 80-100 cm (Fig. 3.4a), and in this case the increase was also consistent for results on a per kg of soil carbon basis (Fig. 3.6c).  Also for profile A, initial NO3--N and post d.w. incubated NO3--N concentrations per unit mass of soil C increase steadily with depth (Fig. 3.6b), but no statistically significant differences were found between the sampling depths (Table 3.4).   The trend for profile A after NH4-spiking in NO3--N per unit mass of soil C with depth shows an increase in soil from 0-80 cm, but a decline in soil from greater depth (Fig. 3.6b), possibly reflecting the NH4+-N retention discussed above. However, there was significant difference between the sampling depths (Table 3.4). 
When total extractable mineral-N concentrations were expressed per kg C, the trends and levels of significance were similar to those when concentrations were expressed on a per kg soil basis (compare Figs. 3.2c and 3.6c).

3.3.7.2. Trends in profile B
For profile B, when the NH4+-N concentration results were expressed per kg of soil C (Fig. 3.7a), the spatial trend down the soil profile was much more similar to that for profile A (Fig. 3.6a) than when results were expressed per kg of soil (compare Figs. 3.2a and 3.3a), with consistent steady increases with depth over the entire 0-100 cm range for both initial and post d.w. incubated NH4+-N (Fig 3.7a). However, soils from 0-80 cm depths for initial NH4+-N (mg N/kg C) differed significantly from that from 80-100 cm depth (Table 3.4). In contrast to soil profile A, there was no significant difference between the sampled depths for d.w. spiked NH4+-N concentrations (Table 3.4). When NH4-spiked NH4+-N concentrations were expressed per C basis, NH4+-N concentrations increased more sharply and NH4+-N concentrations found at 60-100 cm depths were significantly higher compared with those from 0-60 cm depths (Table 3.4). In profile B, this consistent increase was down to 100 cm after NH4-spiking, compared to 80 cm for profile A (compare Figs. 3.6a and 3.7a).  
















Figure 3.7: Changes in a) NH4+-N (mg N/kg C), b) NO3--N (mg N/kg C), c) mineral-N (mg N/kg C) in soil profile B at 5 sampling depths. All values are means of two replicates. Error bars show standard errors of means.  Bars with different letters differ significantly from each other at P<0.05 at specified depth.

Table 3.4: Changes with depth in NO3--N, NH4+-N and mineral N (mg N/kg soil) for three treatments in two soil profiles. 
Profile	Sampling Depth  (cm)	NO3--N (mg N/kg C)	NH4+-N (mg N/kg C)
		Initial	DW-Spiked	NH4-Spiked	Initial	DW-Spiked	NH4-Spiked
A	0-20	45 a(3)	72 a(3)	191 a (128)	139 bc(10)	140 e(25)	278 b(125)
	20-40	31 a (4)	110 a (29)	310 a(10)	115 c(3)	338 d(8)	518 ab(20)
	40-60	37 a (8)	105 a(23)	279 a (14)	153 bc(17)	613 c(3)	1011 ab(68)
	60-80	78 a (20)	273 a(79)	341 a(30)	256 ab(45)	1165 b(5)	1852 a (11)
	80-100	136 a(41)	701 a (549)	44 a (44)	378 a(12)	1384 a (53)	1595 ab (548)
B	0-20	20 b(1)	105 a(6)	320 b(13)	106 b(14)	225 a(15)	226 c(10)
	20-40	16 b (1)	204 a(21)	320 b(8)	139 b(3)	211 a(25)	311 c(26)
	40-60	52 b(1)	68 a(26)	218 b(30)	136 b(3)	309 a(12)	622 c(31)
	60-80	154 b(21)	449 a(233)	193 b(40)	447 ab(53)	1751 a (677)	2546 b (217)
	80-100	343 a (59)	311 a(16)	501 a(40)	665 a(159)	2457 a (1593)	3798 a(14)







3.3.8. Changes in KCl-extractable NH4+-N/NO3--N ratio with depth and treatment
To test the assumption that availability of NH4+-N was the key driver for nitrification and NO3--N production, NH4+-N/NO3--N ratio was calculated for each treatment at each sampling depth increment (Fig. 3.8). 
	For profile A, NH4+-N/NO3--N ratio for the d.w. spiked soils was significantly higher compared with the ratios for initial and NH4-spiked soils at 0-20 and 20-40 cm depths only (Fig. 3.8a). In sub-soils from 40-100 cm depths, addition of NH4+-N resulted in consistently higher NH4+-N/NO3--N ratios, but increases were not significant, compared with the initial and d.w. spiked soils. When effect of depth on NH4+-N/NO3--N ratio for each treatment was computed, no significant differences were found between the sampling depths for initial and NH4-spiked soils. However, NH4+-N/NO3--N ratio of d.w. spiked soils at 0-20 and 20-40 cm depth was significantly higher compared to NH4+/NO3- ratio at 40-60, 60-80 and 80-100 cm depths (Fig. 3.8a). 


























3.3.9. N species transformations in relation to soil physico-chemical properties
Table 3.5 summarises the correlation coefficients between N species transformation parameters and soil and physico-chemical properties. Correlations between N species concentrations and soil physico-chemical properties differed markedly between the two profiles. For profile A, initial NH4+-N concentrations showed no significant correlation with any measured soil property. Incubation after d.w. spiking resulted in significant negative relationships of NH4+-N with C%, N% and C/N ratio and positive correlations with pH and moisture content (Table 3.5).  The NH4+-N concentrations in NH4-spiked soil samples followed similar trends only for pH, C% and N%.  Initial NH4+-N concentrations for profile B, in contrast to profile A, correlated negatively with soil pH and positively with C%, N% and C/N ratio. In NH4-spiked soils, NH4+-N correlated (positively and significantly) only with soil moisture content for NH4-spiked soils only, whereas there was no significant correlation of any given soil property with NH4+-N concentrations for d.w. spiked soils. 
The NO3--N concentrations for d.w. spiked and NH4-spiked soils did not correlate significantly with any variable for profile A except soil N% for NH4-spiked soils.  For profile B, however, NO3--N concentrations in d.w. spiked and NH4-spiked soils showed significant negative correlation with pH and positive correlations with organic C%, N% and C/N ratio (Table 3.5). 
When the data for the two profiles were considered together, the trends for NO3--N concentrations for NH4-spiked soils and initial NH4+-N concentrations were very similar to those for profile B data alone (Table 3.5).
	Table 3.6 summarizes the correlations between potential net nitrogen mineralization and net nitrification rates for d.w. spiked and NH4-spiked soil samples from profiles A and B, and soil physico-chemical characteristics.  Net mineralization and net nitrification rates differed between the soil profiles in their correlations with soil physical and chemical properties.  The net nitrogen mineralization rates in d.w. spiked soil samples from profile A correlated positively with pH and moisture content, and negatively with C%, N% and C/N ratio.  However, when the soil samples were spiked with NH4+-N, the significant relationships disappeared (Table 3.6), possibly because of residual NH4+-N from NH4 spiking. Net nitrification rate for profile A correlated negatively with soil C%, N% and C/N ratio but positively with pH and moisture content for the NH4-spiked soils. There was also a significant positive correlation between net mineralization and net nitrification, but only for d.w. spiked soil samples. 

Table 3.5:  Correlation coefficients between soil physico-chemical properties and N species transformation parameters

















** & * = Correlations are significant at P<0.01 and P<0.05 respectively. 









Table 3.6:  Correlation coefficients between net mineralization, net nitrification and soil physico-chemical characteristics





















** & * = Correlations are significant at P<0.01 and P<0.05 respectively. 
ns = Non-significant results. 
NA= Results not applicable


Compared with profile A, profile B showed very different behaviour in terms of its relationships of net mineralization and net nitrification to soil physical and chemical properties (Table 3.6). Net mineralization rate for d.w. spiked showed significant negative correlation with pH, the opposite to profile A. However, upon spiking with NH4+-N,  net mineralization rate resulted in significant negative correlation with pH and significant positive correlations with C%, N% and C/N ratio whereas the relationship was not significant for the same parameter with soil moisture content. Net nitrification response and relationship with soil properties was also very different to that for soil profile A (Table 3.6). Net nitrification rate in d.w. spiked soils showed significant negative correlation with soil pH and significant positive relationships with soil C%, N% and C/N ratio, and no relationship with moisture content. On the other hand, net nitrification rate consistently showed non-significant relationships with soil physical and chemical parameters in NH4-spiked soils. For both the d.w. and NH4-spiked soils, net nitrification rates showed no significant relationship with net mineralization rates (Table 3.6).    
When data from the two soil profiles were combined, most of the trends and significant differences disappeared for net nitrification rates in soils from both treatments. However, net mineralization rates followed patterns similar to those found for profile B, but the strength of the correlation co-efficients was greatly reduced (Table 3.6). For net nitrification rates, d.w. spiked soils gave significant positive correlation with net mineralization and NH4-spiked soils resulted in a significant positive relationship with soil moisture content only. 








3.4.1. Links of N transformations to soil physico-chemical characteristics 
The changes with depth in physico-chemical characteristics of the two soil profiles looked superficially similar. However, there were several statistically significant differences between profiles at any given depth increment (Table 3.1).  There were more distinct and obvious differences, however, between the profiles in N mineralization relationships to the selected characteristics, both with and without NH4 spiking (Tables 3.5 and 3.6). Initially that seemed surprising, bearing in mind the superficial similarity of the profiles.  The responses of the two profiles to N additions therefore need first to be discussed separately. 
The consistent trends seen in Figures 3.6 and 3.7 when compared with Figs. 3.2 and 3.3 are very encouraging.  However, even although expressing results on a soil C basis seemed intuitively sensible, it must be recognized that apparent soil C% influences might also be embracing soil N% effects, soil C/N ratio effects and soil pH effects.  In spite of this it was decided to look at the link between NH4+-N production per unit mass of soil C and soil pH.  The results are shown collectively for both profiles in Fig. 3.9 for the initial and post-incubated NH4+-N data.  This suggested that NH4+-N per kg of soil organic C increased exponentially with pH over the range studied, and that these two parameters together may explain much of the variations (57% for initial, 62% for d.w. spiked and 79% for NH4-spiked soils respectively; Fig. 3.9).  However, it could not be ruled out that the trend seen could be at least partially reflecting C/N ratio effects too, as pH and C/N ratio are strongly correlated. It should be remembered though that correlation between NH4+-N and C/N ratio differed markedly between the two profiles.







Figure 3.9: Exponential relationships between ammonium-N (mg N/kg C) and pH (KCl) for both soil profiles (n=20). R-squared values for initial, d.w. spiked and NH4+-spike treatments are placed near to trend lines in the figures. Inset figure shows the exponential relationship between initial ammonium-N (mg N/kg C) and pH (KCl) in a clearer way. 

3.4.2. Origins of NH4+-N found at different depths
Since organic matter in the soils over the depth range from 20 to 80 cm for profile A could be ammonified during d.w. incubation (Fig. 3.2a), the initial extractable NH4+-N concentrations in these soils were at least in part probably due to in-situ NH4+-N production.  However, in soil from 0-20 cm from profile A, a substantial part of the initial NH4+-N could have been due to leaching from the surface litter layer or atmospheric deposition as in-situ production was apparently not significant (Fig. 3.2a).  The potential for in-situ NH4+-N production during d.w. incubation showed considerable vertical variation, with relatively higher NH4+-N production in deeper soil layers where, although organic matter might be expected to be more recalcitrant, pH is higher and C/N ratio lower.  Organic matter was more evenly distributed over depth in profile A than in profile B (Table 3.1), so more organic matter would be available for mineralization at depth in this profile.
Following d.w. incubation, soil from profile A, which was slightly less acidic near the surface than soil from profile B, displayed no significant mineral-N production in soil from 0-20 cm (Figs. 3.2c) and significant negative correlations between mineral-N production and C%, N% and C/N ratio (Table 3.5), which reflected the strong correlations for NH4+-N.  The fact that NH4+-N production decreased with increasing organic C content suggested that quality of organic matter, rather than quantity, may be affecting the N turnover in profile A soils (Fog, 1988; Holub et at., 2005; Khalil et al., 2005; Pilkington et al., 2005).  In profile A, more NH4+-N was produced during d.w. incubation as soil depth increased (Fig. 3.2a) and organic matter content fell.  This was because NH4+-N production per unit mass of soil C increased sharply with depth (Fig. 3.6a), which demonstrated the value of expressing NH4+-N on the basis of per unit mass of soil C when interpreting data.  Net nitrification followed a similar trend, with a strong negative correlation with C% and N% only after NH4-spiking (Table 3.6); this probably reflected the effects of limited natural NH4+-N production. 
	Profile B, on the other hand, showed higher mineral-N production in surface soil layers than lower in the profile, with significant increases in both NH4+-N and NO3--N at 0-20 cm and in NO3--N at 20-40 cm following d.w. incubation (Figs. 3.3 a & b).  This could be due to availability of a higher concentration of readily degradable organic matter at or near the surface than at depth (Table 3.1).  The systematic behaviour in mineral N production was much clearer when results were expressed per kg of soil C (Figs. 3.7 a and b).    The consistency between the two profiles became clear when Figs. 3.6c and 3.7c were compared.   Kjønaas et al. (1998) and Aber et al. (1995) showed that availability of organic N may be one of the factors controlling mineral-N production in surface soils.  This initial mineral-N was dominated by NH4+-N (Figs. 3.2c & 3.3c), suggesting that nitrification was relatively slower than ammonification in the field, or NO3--N produced in the field was being taken up by plants.  Once plant uptake effects were removed in the incubation experiment, NO3--N too started to correlate with C%, N% and C/N ratio, regardless of whether extra NH4+-N was added (Table 3.5). 

3.4.3. What else might NH4+-N production per unit mass of C tell us?
The more uniform distribution of organic matter throughout profile A compared with profile B was a striking difference (Table 3.1).  Possibly the very low surface pH for profile B reduces mixing by soil fauna, so that organic matter at depth in profile B was older and therefore might be regarded as now more recalcitrant. NH4+-N production per unit mass of C was, however, greater in soils from 80-100 cm from profile B (Fig. 3.7a) than in soil from the corresponding depth for profile A (Fig 3.6a).  If more of the C had been lost too, this could explain the very low soil C/N ratio at depth in profile B.  This very low C/N ratio in profile B (Table 3.1) could at least partially explain why the residual organic matter is, in practice, very biodegradable in this profile.
 
3.4.4. Observations on net nitrification
The soil profiles (A and B) varied in their net nitrification rate relationships to soil characteristics for diverse treatments (Table 3.6).  For profile A, net nitrification in NH4-spiked soils showed a significant negative correlation with C/N ratio, as did net mineralization in d.w. spiked soils (Table 3.6), which was in line with findings of Gundersen and Rasmusen (1990) and Van Miegroet et al. (1990) who claimed that net nitrification increased with decrease in soil C/N ratio.  However, no such relationships were seen for soil profile B.  Possibly they were masked by more dominant influence from pH and soil organic matter content.  Net nitrification correlated positively with soil moisture content for NH4-spiked soils from profile A, in agreement with previous studies (Tietema et al., 1992b; Evans et al., 1998).  
Profile A showed a significant positive correlation between net nitrification and net N-mineralization for d.w. spiked soil samples, which could suggest that substrate availability was limiting net nitrification (Malý et al., 2002).  

3.4.5. Importance of N transformations at depth
The earlier observation that rates of mineral N production did not vary significantly with depth indicates that the inclusion of deeper soil layers in N response studies is important (Cassman and Munns, 1980; Krug and Winstanley, 2002).  Both profiles showed significant potential to produce mineral-N in soils from 20-60 cm depth during incubations following d.w. and NH4-spiking.  This observation could not be attributed to any single factor at these depths, as variations in soil moisture content, soil organic matter quality and quantity, and pH could all have influenced the relationship between N availability and N turn over in these soils (Vestgarden and Kjønaas, 2003).   
	When NH4+-N and NO3--N production were expressed relative to soil C content, as in Table 3.4, production of NH4+-N changed much more markedly with depth in the profiles and some new or additional significant trends emerged.  This possibly reflected the effect of pH becoming more significant when the soil organic matter content was also taken into account.  
After addition of NH4+-N, soil profile A showed significantly enhanced NO3--N production at 20-40 and 40-60 cm, compared with 0-60 cm and 80-100 cm for profile B (Figs. 3.2b and 3.3b).  Thus potentially NH4+-N being mobilized down the profiles would be at least partially nitrified at depth, contributing to NO3--N leaching problems. Profile A apparently showed net immobilization of NO3--N at 80-100 cm depth, however, indicating that micro-organisms were NO3--N limited, and preferred utilization of NO3--N to fulfil their N needs when NH4+-N source might have been exhausted (Recous and Mary, 1990).  Elevated nitrification activity in these two soil profiles at depth might be explained by reduced N immobilization due to lower overall microbial activities at depth, higher pH values (Tietema et al., 1992a; Persson and Wirén, 1995) and availability of NH4+-N substrate via NH4+-N leaching down the soil profile and ammonification (Riaz et al., 2008; Chapter 2).  The latter argument is also supported by elevated NH4+-N/NO3--N ratios for both profiles in deeper soil layers (Fig. 3.8). Waldrop et al. (2004) cited various studies displaying stimulation in microbial activities following N additions in several forest, grassland and wetland ecosystems.  However, some other studies indicate suppression in microbial activities as a result of N additions (e.g. Smolander et al., 1994; Carreiro et al., 2000; Gallo et al., 2004), which could explain the spatial and vertical variation of our two soil profiles in N species transformation dynamics in response to similar N additions.     
These different responses might be due to variation in microbial community composition and their enzymatic response to N additions (Waldrop et al., 2004).  Williams and Anderson (1999) suggested that in upland ecosystems inorganic N additions from the atmosphere are likely to be significant with respect to N cycling through the plant-microbial-soil system and this N addition could alter the balance between soil microbial activity, soil acidity and carbon turnover.  Furthermore, the increase in net nitrification in d.w. spiked soil samples from these soil profiles could be due to availability of moisture to the nitrifier population that could have made their cells viable (Singh and Kashyap, 2007).   

3.4.6. Potential inorganic N leaching
These acid grassland soils with low pH, low C/N ratio, and high in-situ potential for NH4+-N and NO3--N production, displayed positive net nitrification, and are candidates for NH4+-N and NO3--N leaching into adjacent waters (Bengtsson et al., 2003; Macdonald et al., 2002).  The in-situ production of mineral-N in deeper soil layers of the soil profiles under investigation could make them susceptible to NO3--N leaching from the ecosystem (Persson and Wirén, 1995; Tietema et al., 1992a); other studies related to short and long-term additions of N to permanent grasslands have shown marked effects on net nitrogen mineralization and nitrification rates with strong evidence of nitrate leaching (Carroll et al., 2003; Mian et al., 2008; Riaz et al., 2008). 
3.5. Conclusions
	Net mineralization occurred at all depths (hypothesis 1) in both soil profiles when soils were incubated with d.w., and did not change significantly with depth even though the organic C% and N% declined significantly with depth.  
	Net nitrification was positive for both soil profiles at almost all depths during incubation with d.w. NH4-spiking consistently, but not always significantly, enhanced nitrification rate to 80 cm depth, suggesting substrate limitation.  
	The significant increase in NO3--N in one profile following NH4-spiking demonstrated that NH4+-N leached down the profile might be nitrified at 80-100 cm depth.
	It might be expected that more mineral-N would be produced when soil was incubated with d.w. and when organic matter content was higher. This was the case generally for profile B. The negative correlation with pH might then simply be reflecting inverse auto correlation between organic matter content, and depth and pH. However, profile A showed the reverse behaviour. 
	It may be postulated that the difference between the two profiles possibly reflects differences in mixing of organic matter by soil fauna. Further research would be needed to confirm this, however.  
	Expressing NH4+-N production on a per kg of soil C basis allowed clear and consistent pH effects to be then readily seen, supporting hypothesis 4.  

3.6. Need for further research
The research revealed that these freely drained and acidic soils have remarkable potential for N transformations in sub-soils below the rooting depth. The profiles apparently looked similar; however, they differed markedly in their responses to N treatments during the incubation experiment. 
Both profiles had distinct litter layers, but in profile A, the litter layer seemed to have been more influenced by soil faunal activities which altered the distribution of organic matter and hence the potential N mineralization rates. There was always positive net mineralization and net nitrification at each sampling depth. Assessment of NH4+-N / NO3--N ratio added to the evidence that substantial amounts of NH4+-N and NO3--N were generated in-situ, which would leach in the presence of mobile anion concentrations and absence of microbial N immobilization as plant uptake by grasses is usually absent in the deeper soil layers below 40 cm depth. NH4+-N / NO3--N ratio was always greater than 1 and it was remarkably higher in sub-soils for both profiles which indicated production of NH4+-N and its nitrification and/or immobilization at depth during incubation. When the soils, especially more from deeper layers, were subjected to NH4+-N additions, they exhibited wider NH4+-N / NO3--N ratios suggesting availability of NH4+-N for leaching in response to NH4+-N inputs from the atmosphere or animal excreta. 























































A modified version of this chapter has been submitted for publication as
Riaz et al., 2010, Chemistry and Ecology (submitted)
4.1. Introduction
Studies on leaching of inorganic N species, especially NO3--N, from natural, semi-natural and managed ecosystems have gained rapid momentum during the last a few decades. Quantification of mineral-N lost via leaching is particularly crucial for aquatic ecosystems because their overloading with N has many adverse consequences for ecosystem functioning and stability. Enrichment of natural and semi-natural ecosystems with atmospheric N deposition and its potential contributions to elevated N species concentrations into surface- and ground-waters have widely been recognized across Europe and parts of the North America, and recently in fast developing regions like South Asia.  
	Wright et al. (2001) have analysed long-term trends of N deposition and N leaching into the streams across 30 acidification-sensitive regions across Europe, which have received high atmospheric N inputs over the last 20 to 30 years. They found strong coupling between N deposition fluxes and N concentrations in the streams. Based on these observations, they suggested that continued N deposition rates over 10 kg N/ha/yr would lead to N saturation of soils, and hence enhanced NO3--N concentrations in stream waters. Their observations regarding the so-called N-saturation of ecosystems also confirmed the concept introduced by Aber et al. (1989). NO3--N remained the predominant N leaching form in the majority of the ecosystems due to its ready availability and highly mobile nature. However, very recently, it has been shown by Mian et al. (2009) and Lorz et al. (2010) that NH4+-N mobility could be a cause of concern in areas of high N deposition origins.
	 Researchers have employed a range of experimental tools and methodologies to study the mobility and leaching of inorganic N species. For example, Phillips (2002) used large undisturbed intact soil cores to investigate nutrient leaching after application of piggery wastewater. Paré et al. (2008) conducted a laboratory study with soil column lysimeters to investigate mineral and organic N leaching from sand-based turf grasses. Marrs et al. (1991) also used intact core lysimeters to monitor nutrient leaching losses from arable soils as well as from semi-natural grassland soils with contrasting parent material characteristics. Chong et al. (1996) cited various studies using soil intact cores to study the physico-chemical and biogeochemical properties of the soils under laboratory conditions and they argued that the cores should be undisturbed for such studies. They also stressed the need of the intact cores to be vertically stable and uniform in order to get reliable and field-comparable results. 
A variety of methods has been employed to sample intact soils cores, depending primarily on type of soil being sampled, purpose of sampling and conditions under which sampling was being conducted (e.g. Lutz, 1947; Jamison et al., 1950; Buchele, 1961; Savant and Datta, 1979; Murphy et al., 1981; Brown et al., 1985; Tindall et al., 1992; Hatfield and Schaaf, 1993; Chong et al., 1996). In order to get realistic leaching behaviour of the contaminants through soils under field conditions, Belford (1978) argued that it was desirable to conduct field-based lysimetric measurements. However, considering the factors like installation cost and maintenance and spatial variations in the site properties, he also favoured the sampling of intact soil cores.
	Although many researchers have extensively used intact soil core microcosms to study the leaching behaviour of various contaminants, reconstructed soil column approaches have also been developed to understand solute leaching and mobility potential. For example, Wang et al. (1999) used repacked soil columns to monitor soil solution chemistry, and to compare surface and subsurface acidity. Wong et al. (1998) utilized lysimeters reconstituted using soils from under turfgrass to study the leaching of NH4+-N, NO3--N and PO43-, and assess their impact on surface and groundwater quality.  Emmerich et al. (1982) performed a leaching study using reconstructed soil columns to explore heavy metals in soil solution from sewage sludge-treated soils.   
	 Stenger et al. (2002) performed a 6-month laboratory incubation using 3 pasture soils to compare C and N mineralization in intact and reconstructed soil cores. They noticed no difference for cumulative mineralization of soil organic matter (SOM) between the two types of cores. They did find significant differences between mineralization of glucose-C for the intact core and refilled core from sieved soils, however, which they attributed to varied rates of glucose-C incorporation into the intact and sieved refilled soil cores. 
From the above discussion, it may be concluded that intact, as well as reconstructed, soil microcosms have been widely used to study the leaching patterns of various solute species concentrations and fluxes from soil systems. The aims of this relatively short-term preliminary leaching study were:
	To study the spatial variation in leaching of NH4+-N, NO3--N and total mineral-N (DIN) concentrations from intact soil cores from Hob Moor with a range of soil physical and chemical characteristics.
	To study the changes in the composition of leached DIN concentrations in response to a range of simulated rain chemical compositions.
	To investigate the effect of vegetation and intact litter on leachate DIN concentrations
	To check whether DIN flush occurred after leaving the intact cores to dry for different intervals.

4.2. Materials and methods
4.2.1. Selection of sampling profiles
The locations of the 5 soil profiles selected for intact core sampling are shown in Fig. 4.1. Profiles A, B and C were in the freely drained area of the moor; profile A, B and C area is fenced off to protect it from possible N adulteration from animal urine and excreta. The profiles A, B and C were very similar in texture which ranged from sandy loam to loamy sand. These acidic soils, with an A horizon extending down to > 40 cm depth, were classified as “typical brown earths” following soil classification provided by Avery (1973, 1980).  
However, soils from profiles D and E ranged from clay loam to sandy clay loam, and were classified as a “stagno-gley argillic brown earths” (Crowe et al., 2004). The soils from profiles A, B and C had a characteristic litter layer which varied in thickness from 1-3 cm across the 3 soil profiles. However, profiles D and E had no obvious litter layers.


Figure 4.1: Map showing soil profile sampling points for intact core sampling across the study area. (Source: Google Earth, 2010). 

4.2.2. Intact core sampling, transportation and storage
The intact cores with vegetation and litter layer were taken using 33-cm long, 6.2 cm inner width, square-shaped and round-edged PVC pipes (Fig. 4.2a). Intact cores were collected using a modified “pushing method” described by Phillips (2001) and Cameron et al. (1992).  















Figure 4.2: Schematic diagram of a) intact core sampler and b) experimental set up


A wooden malet was used to drive the PVC core samplers into the ground with a minimum disturbance to intact grasses and litter layer. It was made sure that the core sampler was vertical at 90º to the ground surface during the insertion process. When the surface soil layer was a little lower than the top edge of the PVC sampler, no further force was applied. When the PVC core sampler was at the desired depth, soil was excavated ca. 15-20 cm from each side of the PVC sampler for ease of removal of the intact cores. The top of each PVC core was covered with plastic sheet to protect the surface layer of each intact core during the excavation process. Once the desired depth was reached during the excavation process, the PVC core sampler was detached gently from below by inserting a thin, sharp stainless steel knife horizontally at the base of core.  
The intact cores with PVC core sampler were taken out from the soil pit. The intact cores were sealed at the bottom with a thick polyethylene sheet containing a slit in the middle, before they were packed vertically in labelled and sealed polyethylene bags. The intact core samples were transported vertically to the laboratory within 2-4 hours of sampling. Duplicate intact soil cores were sampled from each sampling area for this preliminary study.

4.2.3. Intact core preparation and experimental set up
The intact cores were allowed to equilibrate and homogenised under the laboratory condition for 24 hours. They were used for the leaching experiments using the experimental setup shown in Figure 4.2b. 
	Intact soil cores were tied firmly to a vertical retort stand above leachate collecting bottles, each containing a 6.8 cm-diameter plastic funnel fitted a with moistened Whatman No. 42 filter paper. The leachates were collected after ca. 12 hours of simulated rainwater application; however, rhizon samplers needed to be inserted from the bottom of the intact cores for pore water collection in intact cores from profiles D and E due to their heavy soil textures and very slow infiltration rates of solution applied. In the case where rhizon samplers were installed, 24 hours were allowed before the leachate samples were collected. 
The leachates were always collected, from duplicate intact soil cores, in acid-washed, distilled-water rinsed and pre-labelled 150-ml plastic bottles. They were kept at 4º C before they were analysed for DIN species concentrations within 72 hours of collection.

4.2.4. Application of simulated rain and leachate collection
A range of simulated rain solutions was prepared and applied at regular intervals for a series of 5 experiments. The chemical composition and amount of simulated rainfall applied during each phase of the experiment is shown in Table 4.1.  At phase-I, a 149 ml dose of simulated rain containing 10 ppm NaCl and corresponding to 40 mm of rainfall, was applied to the cores in a chicken-feed manner to minimise surface ponding.  The surface ponding never occurred for soil profiles A, B and C due to the freely draining nature of the soils and their high infiltration rates. 
However, due to low infiltration rates, accumulation of applied rainfall always occurred in intact cores from profiles D and E. It sometimes took 48 hours to get an analysable volume of drainage water from the rhizon samplers from these slowly draining soil profiles. In contrast, the simulated rain passed quickly through the intact soil columns from profiles A, B and C. 

Table 4.1: Simulated rainwater composition for each phase of the preliminary leaching experiment. 
Phase	Simulated rain applied 	Simulated rain chemical composition
Phase-I	149 ml~40 mm	10 mg/l NaCl solution
Phase-II	74.5 ml~20 mm	10 mg/l NaCl + 5 mg/l  NH4+-N as NH4Cl solution
Phase-III	74.5 ml~20 mm	Deionised water (DW)
Phase-IV	74.5 ml~20 mm	10 mg/l NaCl + 5 mg/l NO3--N as KNO3
Phase-V	74.5 ml~20 mm	10 mg/l NaCl + 5 mg/l NO3--N + NH4+-N as NH4NO3


4.2.5. Leachate chemical analysis










Figure 4.3: Drainage water a) NH4+-N (mg/l), b) NO3--N (mg/l) and c) DIN (mg/l) during Phase-I of the preliminary leaching experiment for profiles A to D. Bars are means from duplicate drainage water samples. Error bars are standard errors of means (n=2). Bars sharing different letters differ significantly from each other at P<0.05 at specified sampling date. 


In contrast, leachate from intact cores A, B and C was consistently dominated by NO3--N during each sampling interval (Fig. 4.3b). Leachate from profiles D and E contained negligible amounts of NO3--N compared with freely drained profiles A, B and C. Similarly, DIN concentrations in the leachate from profiles A, B and C were remarkably higher compared with those from profiles D and E (Fig. 4.3c). 
After the end of phase-I of the experiment, the intact soil cores from profiles A, B and C were selected for further leaching experiments because profiles A, B and C:
a)	had fast infiltration rates, providing leachate samples in analysable amounts.
b)	had distinct litter layers compared with profiles D and E
c)	were from the freely drained area of the study site which showed clear potential of DIN leaching. 

4.3.2. Phase-II
Intact cores from profiles A, B and C, after phase-I of leaching, were irrigated with 10 mg/l NaCl plus 5 mg/l NH4+-N as NH4Cl for 4 leaching events at a 3-day interval in phase-II. The intact cores were provided with 20 mm of simulated rainfall which corresponded to 74.5 ml of rainfall per rain event. 


















Figure 4.5 shows the leachate NH4+-N, NO3--N and DIN concentrations from phase-III, when intact cores from profiles A, B and C were subjected to application of 74.5 ml of deionised water (DW) 3 times to reduce the mobile anions effect and to investigate whether leaving the intact cores for a longer intervals resulted in a DIN flush. The intact cores had been allowed to dry for ca. 2 weeks before they were supplied with simulated rain on 17/06/08 (Fig. 4.5). Later drying and rewetting events varied from a 2-day interval to a 5-day interval.   
	Leachate NH4+-N concentrations indicate that the intact core from profile B showed no differences between the sampling intervals after rewetting (Fig. 4.5a). It appeared though that NH4+-N was less mobile on 17/06/08 than it had been on 30/05/08 in profiles B and C, possibly in part because of the lower mobile anions concentrations, though partly this could indicate immobilization during partial drying. However, profiles A and C showed slightly higher NH4+-N concentrations in the leachate from the 3rd event of phase-III compared with events at 17/06/2010 and 19/06/2010. However, there was no significant indication of a NO3--N flush in either of the profiles (Fig. 4.5b).  Indeed, the intact soil core from profile B gave remarkably similar NO3--N concentrations at each sampling. The intact core from profile C showed a gradual increase in leachate NO3--N concentrations. DIN concentrations followed similar trends to that of NO3--N concentrations (Fig. 4.5c). 

4.3.4. Phase-IV
During the 4th phase of the leaching experiment, intact cores were subjected to application of 10 mg/l NaCl plus 5 mg/l NO3--N as KNO3 via 74.5 ml of simulated rain. The intact core from profile B gave consistently similar NH4+-N concentrations in the leachate at each of 3 leaching events (Fig. 4.6a). NH4+-N concentrations in the leachates from profiles A and C remained lower, compared with those in leachates from profile B. 





















During the last phase of the leaching experiment, the intact cores from profiles A, B and C were irrigated with 74.5 ml doses of simulated rain containing 10 mg/l NaCl and 5 mg/l NH4+-N plus NO3--N as NH4NO3. 


































4.4.1. Variation in leachate DIN concentrations 
There were noticeable variations in leachate DIN concentrations for the 5 intact cores selected from different areas of the study site. When 10 mg/l NaCl (based on minimum NaCl concentrations in the local rainfall composition) was used to study the effects of mobile anion concentration on the mobility and retention of NH4+-N and NO3--N in the intact cores, the results revealed that both NO3--N and  NH4+-N were mobile through the soil column to a noticeable extent, especially in the intact cores from profiles A, B and C from the freely drained area of the site covered mostly by acid sandy loam to loamy sand soils. 
Zero tension lysimeters had to be installed in the intact cores from profiles D and E which had heavy texture with high clay contents and negligibly slow infiltration rates. In soil profiles D and E, NH4+-N dominated the DIN concentrations rather than NO3--N which suggests the anoxic conditions at depth in the profiles restricted the activity of nitrifiers and/or fixation of NH4+-N down the profiles, and facilitated denitrification. Nieder et al. (1995) compared the results of 3 years N leaching studies on sandy soils and heavier arable soils and concluded that it may take NO3--N years to reach the groundwater in clayey soils.  In contrast, higher NO3--N concentrations in the leachate from profiles A, B and C could readily potentially reflect the in-situ organic matter mineralization and nitrification of residual NH4+-N within the profiles, particularly in the sub-soils (Riaz et al., 2008; Chapter 2). 
	After the selection of the profiles A, B and C which showed substantial potential for DIN leaching and faster draining properties, they were irrigated with simulated rain containing 5 mg/l NH4+-N along 10 mg/l NaCl. The minimal NH4+-N concentration in the leachate from profile A indicated its relatively low mobility compared with that in profiles B and C. However, leachate NO3- concentrations from profile A were higher compared with those from profiles B and C which may well reflect greater in-situ nitrification and mineralization which would lower NH4+-N concentrations from profile A. This argument was also supported by higher DIN concentrations from profile A compared with profiles B and C. 
It was also clearly observable on comparing Figs. 3a and 4a that application of NH4+-N via simulated rain increased the NH4+-N concentrations of the leachate for profiles B and C which suggested that NH4+-N would be mobile in such freely drained soils when these soil profiles receive NH4+-N from atmospheric N pollution via rainfall.
	 The 3rd phase of the experiment aimed to investigate the effect of wetting and drying based on short intervals ranging from 2 day to >2 week drying-rewetting cycles. When the profiles A, B and C were rewetted with deionised water (DW) after a > 2 week drying interval, NH4+-N concentrations from profiles A and B remained relatively unchanged compared with those of profile C which were greatly reduced (compare NH4+-N concentrations from the phase-II leaching event at 30/05/08 in Fig. 4.4a to the phase-III leaching event at 17/06/08 in Fig. 4.5a). This may indicate that profile C not only immobilized NH4+-N but also NO3--N to some extent. There was a hint of NO3--N production during drying-rewetting episodes in the intact cores from profiles A and B which was not very strong (compare NO3- concentrations from the phase-II leaching event at 30/05/08 in Fig. 4.4b with those from the phase-III leaching event at 17/06/08 in Fig. 4.5b), a phenomenon very well documented in literature (e.g. Gordon et al., 2008; Mian et al., 2008). However, it may be assumed that in the intact cores from profiles A and B, DIN concentrations were not modified greatly by drying-rewetting cycles. 
	When the intact cores were provided with 5 mg/l NO3--N along with 10 mg/l NaCl to check whether NO3--N was mobile through the intact cores, the results confirmed that addition of NO3--N remarkably enhanced the leachate NO3--N concentrations, especially for profiles B and C (compare Figs. 4.4 and 4.5). However, profile A seemed to immobilise NO3--N quite strongly. Profile B gave higher NH4+-N concentrations in leachate at each of the 3 leaching events of phase-IV, although no NH4+-N was applied via artificial rain. 





4.4.2. Justification for preliminary intact core experiment and need for further research.
The determinations of potential N mineralization in different profiles across Hob Moor have highlighted the importance of mineral-N leaching from the study area into surrounding aquatic systems, which have been studied and discussed in detail in Chapters 2 and 3. When the potential balance between mineral-N production and consumption was assessed (Chapters 2 and 3), there was a great degree of heterogeneity between the soil profiles across the study area for net N mineralization and N availability for leaching. 
In order to validate the preceding observations regarding potential risk of N leaching, the intact cores were sampled to study the mineral-N behaviour under near to natural conditions. The results revealed varied mineral-N leaching from the intact cores covering major areas of Hob Moor. After phase-I of the intact core leaching experiment, the intact cores from profiles A, B and C showed more favourable conditions for mineral-N leaching due to their freely draining and coarse textured nature. After selection of the intact cores from profiles A, B and C, further sequential leaching events were performed using simulated rain with varied chemical composition and objectives. 





































A modified version of this chapter has been published as
Riaz et al., 2010, Geoderma 159:198-208
5.1. Introduction
The coupling of C and N cycling in perturbed terrestrial ecosystems has been a topic of global concern over recent decades. Since the onset of industrialization and urbanization, the amounts of reactive N have been doubled in the global N cycle (Galloway et al., 2004), inevitably affecting C cycling dynamics. SOM is the fundamental nutrient reserve in grassland ecosystems where litter deposition and decomposition occur, providing energy flow continuum and supply of nutrients vital to biogeochemical transformations (Liu et al., 2006; Dubeux et al., 2007; Enrique et al., 2008).
	Microbially mediated decomposition of plant litter provides an integral link for carbon and nitrogen cycling by controlling carbon fluxes (Bryant et al., 1998; Yahdjian et al., 2006). In unfertilized ecosystems, nutrient release from organic matter mineralization can be central to soil fertility and primary productivity (Berendse et al., 1987; Throop and Archer, 2007). Swift et al. (1979) suggested three groups of variables govern organic matter decomposition, namely soil biota, resource chemical composition and physical factors, primarily moisture content and temperature. These drivers usually work in the sequence during litter decomposition climate > litter > soil organisms (Lavelle et al., 1993).  The seasonal changes in climatic factors, especially temperature and moisture, often have pronounced effects on nutrient release from surface litter decomposition (Cisneros-Dozal et al., 2007; Valentini et al., 2008). 
	Dissolved organic carbon (DOC) is an immediate product when fresh litter starts decomposing which plays an important role in soil carbon stabilization and mineralization as it enters the mineral layers (Kalbitz et al., 2000; Don and Kalbitz, 2005). The litter-derived DOC is known for potentially retaining and/or transporting metals and organic compounds (Tipping, 2002).  Müller et al. (2009) highlighted various studies involving litter amendments in which substantial amounts of DOC were generated from litter horizons. In subsoils with minimal C contents, however, DOC may be strongly adsorbed on soil minerals, with low concentrations remaining in the soil solution phase (Kalbitz et al., 2000). It is also established that DOC leads to SOM formation (McDowell and Wood, 1984) and that soil organic matter sequesters N (Nadelhoffer et al., 1999).
	Organic N mineralization from litter decomposition converts metabolically bound N into plant available N (NH4+ and NO3-) through biochemical transformations and is regarded as the key process for soil-based N release providing the bulk of nitrogen in most of natural ecosystems (Thomas and Asakawa, 1993; Ritter, 2005). The mineral-N released into the soil pool, if in excess of microbial and plant needs (i.e. for soil in a N-saturated state), would predominantly leach as NO3- (Aber et al., 1998),  as the generally believed order of N leaching forms is: NO3- and NO2- > NH4+ > organic N (Khanna, 1981). Hornung and Langan (1999) studied the N dynamics in forest soils and found that the systems retained NH4+ inputs while NO3- was potentially leached. Gundersen and Rasmussen (1995) also found complete retention of added NH4+ within the system they studied and noticed no obvious changes in NH4+ concentrations in the soil solution. The retention of N can be via a number of biotic and/or abiotic transformations, but their relevance would depend on individual system characteristics (Johnson et al., 2000; Fricks et al., 2009). Therefore categorizing the mobility of NH4+ as insignificant among inorganic N species is perhaps not surprising (Fernando et al., 2005; Mian et al., 2008). 	
	Duckworth and Cresser (1991) demonstrated how the fate of ammonium and nitrate inputs to soils in precipitation was controlled by their supply, nitrogen and carbon availability, and the associated microbial populations for their transformations, together with inputs of competing cations. Cresser et al. (2004) postulated that in heavily N-polluted upland areas of the UK, especially those with peat soils and soils with high organic matter content, nitrification and immobilization of ammonium are slow enough for NH4+ to attain equilibrium with CE sites. When this happens, ammonium concentrations in drainage water are similar to effective concentrations in precipitation, with only modification from mobile anion concentrations making the NH4+ leaching much more feasible. They also found low rates of nitrate transformations facilitated leaching to adjacent streams. 
Heathwaite et al. (1993) proposed that NH4+ leaching may occur at significant concentrations in heavily grazed grassland soils. Such observations led to inclusion of NH4+ leaching conceptually in the process-based MERLIN model to predict retention and losses of inorganic N from catchments (Ferrier et al., 1995). They also prompted Mian et al. (2010) to use 20-year sets of Environment Agency data for the River Derwent in North Yorkshire, UK to test the hypothesis that concentrations of ammonium and nitrate in upland parts of the Derwent catchment would peak in mid to late winter. They found strong seasonality in ammonium-N fluxes rather than in concentrations however, because of the strong impacts of evapotranspiration upon solute concentrations. I hypothesize here that a similar mechanism to that proposed by Cresser et al. (2004) may be demonstrated in a microcosm study of N-impacted grassland soils, and any pronounced seasonal effects on the retention and mobility of litter-derived NH4+ would make it especially mobile in soil over winter months to an extent dependent upon the presence and spatial distribution of plant litter. 
	In Chapters 2, 3 and 4, the soils being used in this study showed clear potential for mineral-N production at depth and it was hypothesised that this would leach into the surrounding stream, the Holegate Beck. The latter observation was also tested in Chapter 4 by using intact core microcosms from the same area of the study site. The intact core microcosm experiment provided valuable proof that if sufficient mobile anions were available in the precipitation, NH4+-N as well as NO3--N would leach through the soil profile into the surrounding stream. The arguments for NH4+-N leaching have also been supported by an NH4+-N absorption isotherm study (Mian et al., 2009); using soils from the same area, remarkable NH4+-N concentrations remained in the soil solution phase, and hence were available for leaching and/or further N transformations. Following the preceding observations, stream water mineral-N concentrations were monitored frequently for one year near the freely drained study area of the site. The results were perhaps surprising to some extent in that mineral-N concentrations were dominated by NH4+-N concentrations in the majority of samples (Fig. 5.1). Bearing in mind that the surface and/or subsurface presence of distinct litter layers was a differential characteristic of the soils from the freely drained acidic area of the study site, it was concluded that litter layers might be a dominant factor for biogeochemical N cycling in these soils. 
	The present microcosm study was designed therefore to investigate, using soils from the unfertilized acid grassland at Hob Moor, the hypotheses that:
1.	Litter decomposition enhances NH4+ production even in winter, but more so as temperature increases in summer and litter-derived NH4+ will be mobile down the profile if immobilization/nitrification rates are low.
2.	Migration of NH4+ would be to greater depth(s) if litter is mixed into soils below the surface rather than just deposited upon the surface.
3.	As litter decomposes its contribution to CEC, especially in sandy soils, could favour greater retention of NH4+ on exchange sites. 
4.	Litter-derived DOC may facilitate mobility and/or retention of NH4+ because of its mobile anionic role and its sorption to soil particles providing microbial C substrate at depth. 


Figure 5.1: Temporal changes in stream water mineral-N concentrations (mg/l). The stream runs alongside the sampling area of the study site. Values are mean results for duplicate samples. Error bars are standard errors of means. (See Fig. 5.2 for stream water sampling location).

5.2. Material and methods
5.2.1. Site description
The soils were sampled from Hob Moor, an ancient grassland covering an area of 36.4 ha near York, UK (5357′′30′N and 144′′8′W; Fig. 2.1)  and the general characteristics of the area are described in Chapter 2, section 2.2.1. Briefly, the grassland is dominated by perennial grass species including Carex hirta, Arrhenatherum elatius, Holcus lanatus, Agrostis stolonifera, Dactylis glomerata, Deschampsia flexuosa and Molinia caerulea. There is no evidence of artificial fertilizer application during at least the last 50 years, but the site is believed to have been receiving ca. 25 kg N/ ha in the late 1990s from the atmosphere (Riaz et al., 2009, Chapter 3). Summer grazing has been practised in attempt to keep the site at low nutrient status. The soils vary from slowly permeable clay loams and more freely draining (and more acidic) very fine sandy loams to loamy sands. The site is dominated by seasonally wet pastures on the more heavily textured soils and a smaller area of freely draining acid grassland; the latter was sampled for this study (Fig. 5.2). The soils from the same study area were used for simulation incubation experiments in Chapters 2 and 3, and also 3 intact cores were sampled from this area for Chapter 4.  


Figure 5.2: Simplified map of the area showing soil sampling point for the current microcosm study, and also stream water sampling point adjacent to the study site (Source: Google Earth, 2010).

5.2.2. Sampling and sample preparation
In November, 2008, an area of 10 m  10 m was selected and marked with wooden poles for litter and soil sampling (Fig. 5.2). Within the specified area, 10 soil profiles were selected at random and surface vegetation was removed with a sharp stainless steel knife.

5.2.2.1. Litter sampling
For litter layer sampling from each of the 10 marked profiles, a shallow horizontal cut was made around on the face of the soil pit to separate the litter layer from underlying soils. The thin litter layers were removed with minimum disturbance to underlying mineral soil layers and stored in pre-labelled clean polyethylene bags before they were taken to the laboratory	
	In the laboratory, the litter samples from 10 individual soil profiles were sorted by hand to remove coarse roots and any residual live vegetation, and spread over sheets of glazed paper as thin layers for air drying. They were inverted twice every day to facilitate uniform drying. The individual dried litter layers were chopped into fine pieces to pass through a 2.0-mm sieve. A thoroughly mixed and well-homogenised composite sample was made using the material from each individual litter layer. Four sub-samples of this were drawn at random for initial litter physico-chemical analysis.

5.2.2.2. Soil sampling
The mineral soils were sampled below the litter down to 25 cm depth in five 5-cm increments by digging a pit using a sharp stainless steel spade. The soils were then transferred into pre-labelled clean polyethylene bags. Back in the laboratory, soils from each depth increment were mixed completely to form a composite sample for that depth increment. Intact coarse roots, live vegetation and stones were removed by hand picking and passing through a 2.0 mm sieve and the soils were stored in polyethylene bags prior to use for further experimentation. However, 4 sub-samples were taken for quantification of soil initial physico-chemical characteristics.

5.2.3. Microcosm construction and experimental design
The microcosms were created by reconstitution using soils from the 5-sampled depth increments added in a sequence. OECD guidelines were followed appropriately during the entire process of microcosm construction and experimentation (OECD, 2004).  The experiment comprised of 3 treatments including,
1)	Control (no litter)
2)	Surface litter (LS) (surface application of 20 g litter, which corresponded to a 2-cm thick litter layer)
3)	Mixed litter (LM) (20 g litter was divided into 3 equal portions and a portion was added to each of the soils from 0-5, 5-10 and 10-15 cm depth increments).
A schematic diagram of the reconstructed microcosms for each treatment is shown in Figure 5.3.  The microcosms were reconstituted using 29-cm long PVC pipes having 6.4-cm inner diameter. The PVC pipes were used because of their inertness and chemical stability, and it was assumed that the any chemical reaction between soils and PVC pipe was very unlikely. In order to facilitate subsequent core removal and soil fractionation after specified time periods, the cores were pre-lined with thin, but strong polyvinyl acetate cylinders that had been acid-washed, distilled-water rinsed and dried. 
	To make sure that soils were packed to an appropriate density down the profile, a length of the same PVC pipe was cut into 5 cm lengths and each was capped at the bottom with a plastic lid. A series of such 5 cm-deep cores was filled with the soils from each sampling depth with periodic tapping to ensure uniform soil distribution and packing. The mass of the soil for each depth was measured in triplicate and the mean mass amount was used subsequently for microcosm reconstruction. Once the soil was weighed for a depth increment, it was poured in small portions into the PVC pipe using stainless steel spoon and plunger, with periodic gentle agitation to ensure that cores were filled and repacked near to natural conditions. The mixing of litter resulted in a very small effect on the total soil volume (Table 5.1)

Table 5.1: Average pre-wetted weight (kg) of soil cores for each treatment.
Treatment	Average dry weight of soil column (kg)
Control	0.998 (0.005)
Surface litter 	1.021 (0.004)
Mixed litter 	1.008 (0.005)
	Values are means of 12 replicate cores. Standard error of means is enclosed in parenthesis. 

	Each reconstituted microcosm was sealed at the base with a perforated plastic lid containing 140 μm nylon mesh supporting a thin layer of acid-washed quartz sand to avoid direct contact between soil and the nylon mesh. The microcosms were wetted, for saturation and equilibration, from the bottom to the top by putting them overnight in large polyethylene bags containing distilled-water, and the cores were then left to drain freely under gravitational force. It was assumed that draining would be sufficient to bring them to field capacity status. 
	There were 3 replicates for each control and litter treatment, which would be sampled destructively on each of 4 dates, making 36 cores in total. The experiment was started under outdoor ambient cold weather conditions in York from 01/12/2008 (winter) to 06/07/2009 (summer). The microcosms were placed in large plastic boxes containing a supporting framework over plastic funnels draining to leachate-collecting plastic bottles. The boxes were kept under an open-sided roof structure to protect them from direct sunlight and rain (Fig. 5.4). Temperature was noted at ca. 12:00 noon every day. A set of 3 replicate cores from each treatment was removed after week 5, week 11, week 21 and week-31, to study the seasonal variations. 


Figure 5.3: Schematic diagram of microcosms for each treatment. Depth of each soil layer is in cm. 






5.2.4. Simulated rain formulation, irrigation and leachate collection
Rain water was collected over 4 months of the winter period in a pair of rain gauges placed at Hob Moor and analysed for the major anions and cations. This was necessary to calculate a suitable formulation for simulated rain (Table 5.2) which was in close proximity to the natural rainfall composition of the area. A dose of 45 ml of simulated precipitation corresponding to ca. 14 mm of rainfall was applied to the cores twice a week. The simulated rain was always applied gently in small volumes to minimise any possible disturbance to receiving litter and/or mineral soil layers.  The drainage water was collected weekly in plastic bottles protected from direct sunlight with the help of thick black polyethylene sheets. 

Table 5.2: Chemical composition of simulated rain used to irrigate the microcosms. 











5.2.5.1. Soil and litter initial analysis
The methods used for soil physical and chemical analyses are discussed in detail in Chapter 2, section 2.2.3; however, a brief summary of the methods is also provided here. 

5.2.5.1.1. Litter and soil pH 




The moisture contents were determined on fresh field moist soils and litter on the day of sampling. Approximately 10-g soil sub-samples were taken into pre-weighed aluminium cups and placed in pre-heated oven at 105 C overnight till constant weight and moisture contents were measured gravimetrically. 

5.2.5.1.3. C, N and C/N ratio
The oven-dried soil and litter samples used for moisture content measurement were ball-milled at 25 Hz for 3 min to form fine powders. The finely ground soil and litter samples were used to determine C, N and C/N ratio on an Elementar Vario Macro CN analyser pre-calibrated with glutamic acid as reference material.

5.2.5.1.4. Soil texture
Soil texture was assessed by the feel method described by Batey (1988). 

5.2.5.1.5. Extractable NH4+-N and NO3--N concentrations in soils and litter 
The water and the KCl-extractable NH4+-N and NO3--N concentrations were determined using distilled-water and 0.5M KCl solution. 10-g sub-samples of field moist soils and litter were extracted with 50 ml of distilled-water or 0.5M KCl in 125 ml plastic bottles by first shaking for 1 hour at 200 rpm and then filtering through Whatman No. 42 filter papers. The extracts were stored in acid-washed, distilled water rinsed and clean pre-labelled plastic bottles before they were analysed for NH4+-N an NO3--N concentrations on a Bran and Luebbe Autoanalyser-3 using a standard protocol with matrix-matched standards. The results were corrected for reagent blanks and were expressed on an oven dry soil basis. 

5.2.5.2. Soil and litter analysis after each of the 4 destructive sampling periods 
The triplicate soil cores from each treatment were removed after being 5, 11, 21 and 31 weeks outside at ambient temperature. 
After each specified time, the cores were brought back to the laboratory and carefully removed from PVC pipes by pulling out the polyvinyl acetate inset linings in a horizontal position. The thin layer of quartz sand was removed carefully from the lower soil horizon. The litter layer from the surface litter treatment was gently sampled and analysed latter on. The soil cores were sub-sectioned into 5 equal depth increments corresponding to individual soil layers; however, ca. 5 mm of soil from each end of each layer was discarded to avoid any mixing effect between the adjacent soil horizons. The soil samples were stored into pre-labelled plastic bags before being used for further analysis. Disposable gloves were always used to avoid any contamination of the soils. 
	The soils were subjected to analysis similar to the initial soil analysis protocol (section 5.2.5.1), except that soil texture was not performed. C, N and C/N ratio were not determined for week-5 soil samples as it was thought that changes would be insignificant. However, LOI was measured for week-5 samples by oven drying the samples for 24 hours at 105 C and subsequent ashing for 8 hours. 
The changes in extractable NO3--N concentrations are discussed in Chapter 6. ∆NH4+-N or NH4+-retention index was calculated as a difference between KCl-extractable and H2O-extractable, and should be viewed as the extra-exchangeable NH4+-N concentrations throughout this chapter. Values of net KCl-extractable NH4+-N produced at each soil depth for each treatment were calculated by subtracting initial KCl- extractable NH4+-N concentrations from NH4+-N concentrations found at 5, 11, 21 and 31 weeks.

5.2.5.3. H2O-extractable dissolved organic carbon (DOC)
DOC was extracted from soils and litter samples using a modification of a procedure described by Jones and Willett (2006). In short, the water-extractable DOC from soils and litter was determined by extracting 7 g sub-samples of field-moist soil or litter with 35 ml of distilled-water. The mixtures were shaken for 1 hour @ 200 rpm, and then centrifuged at 4000 rpm for 12 minutes. The supernatants were filtered through 0.45 μm membrane filters using a Millipore suction apparatus. The extracts were analysed for DOC using an Elementar Liquitoc TOC analyser. 

5.2.5.4. Leachate analysis




The data were tested for normality assumptions before they were processed for further statistical analysis. Figures and tables always contain means of non-transformed data. Analysis of variance (ANOVA) was used as test of significance for difference between extractable NH4+ -N concentrations between the treatments at each depth at each sampling period. To compute the seasonal variation in extractable NH4+-N concentrations, one-way ANOVA was also employed as the test of significance between weeks at each depth for each treatment. Pearson correlation was used to study the relationships of NH4+-N dynamics to soil physico-chemical properties. Stepwise regression analysis was used to figure out the most influential soil property affecting NH4+-N concentrations during each sampling period. The relationship between DOC and ∆NH4+-N was studied using simple linear regression model. Tukey’s HSD test was used for multiple mean comparisons at P<0.05 and performed only when significant effects were found.
	The statistical work was performed using SPSS 16.0 for Windows (SPSS Inc. 2008).   

5.3. Results
5.3.1. Initial physico-chemical characteristics of soils
Table 5.3 presents the initial physico-chemical characteristics of the soils and litter used for this study. The litter layer had a higher amount of organic C (22%) with high C/N ratio (17.7), and hence very high moisture content (114%). Below the litter layer, the organic matter content and C/N ratio declined sharply along the depth gradient but there was still an appreciable amount of C at 20-25 cm depth (2.61%). The pH (KCl) of mineral soil layers differed significantly from each other down the soil profile and varied from 3.29 to 3.61. The soils had significantly higher moisture content at 0-5 cm depth compared with 10-25 cm depth increments.  The soil texture varied from loamy fine sand to fine sandy loam (Table 5.3).

5.3.2. Extractable NH4+ concentrations in the individual litter layer 





















Table 5.3: Initial characteristics of the soils used for the study.
Soil Layer/depth (cm)	pH  (H2O)	pH (KCl)	Moisture content (%)	C (%)	N (%)	C/N ratio	Soil texture
Litter	4.750.05	3.840.05	1146.17	22.30.93	1.260.05	17.70.09	na*
0-5	4.320.01 c	3.290.00 e	33.11.58 a	7.970.47 a	0.500.03 a	16.10.16 a	Loamy fine sand
5-10	4.330.00 c	3.360.00 d	23.50.33 b	3.820.07 b	0.270.00 b	14.20.06 b	Loamy fine sand
10-15	4.350.00 b	3.480.00 c	22.40.16 b	3.070.04 bc	0.230.00 bc	13.50.15 c	Loamy fine sand
15-20	4.370.00 b	3.570.00 b	21.80.09 b	2.470.05 c	0.190.00 c	12.80.08 d	Fine sandy loam
20-25	4.400.00 a	3.610.00 a	20.40.08 b	2.610.07 c	0.190.00 c	13.40.24 cd	Fine sandy loam
All values are means of 4 analytical replicates followed by standard errors of means. Values sharing different letters differ significantly from each other in each column (excluding litter layer) at P<0.05 (One-way ANOVA, Tukey’s HSD post hoc test). 











5.3.3. Effects of litter on KCl-extractable NH4+-N concentrations
Figure 5.6 represents the KCl-extractable NH4+-N concentrations at 5 sampling depths for 4 sampling periods. The differences among the treatments were always confined to 0-10 cm depth increments except for week 5. 
	For the surface litter treatment, KCl-extractable NH4+-N concentrations were always higher than those for the control and mixed litter treatments at 0-5 cm depth. Differences from the control at were significant at weeks 11, 21 and 31 (Figs. 5.6b, c & d). Compared with the mixed litter treatment, the enhancements in the surface litter treatments at 0-5 cm depth were significantly higher in soils from weeks 5, 11 and 31 (Figs. 5.6a, b & d)
	The mixed litter treatment produced significantly higher NH4+-N compared with the control at 0-5 cm depth during weeks 11 and 31 (Figs. 5.6b & d). The mixing, however, resulted in consistently higher KCl-extractable NH4+-N concentrations at 5-20 cm depth increments compared with the control and the surface litter treatment (Fig. 5.6). However, the enhancement effect was only significant compared with control at 5-10 cm depth, but this was true at all sampling dates. The increase in NH4+-N concentrations as a result of mixing was significant compared with the control and the surface litter treatments in soils from 10-15 cm depth during week 5 only (Fig. 5.6a). The treatment effects were non-significant for 20-25 cm depth soils at any sampling period (Fig. 5.6).

5.3.4. Effects of litter on H2O-extractable NH4+-N concentrations
The changes in H2O-extractable NH4+-N concentrations for 4 sampling periods are shown in Fig. 5.7. The patterns were quite similar to those for KCl-extractable NH4+-N concentrations at 0-15 cm depths during weeks 5, 11 and 31 (compare Figs. 5.6 and 5.7). 
	The surface litter treatment produced higher H2O-extractable NH4+-N concentration at 0-5 cm depth during weeks 5, 11 and 21 but the difference was significant from the control during week 11 and from the mixed litter during week 5 (Figs. 5.7a, b & c). 












        
     






   
   
Figure 5.7: H2O-extractable NH4+-N concentrations (mg N/kg soil) at a) week 5, b) week 11, c) week 21 and d) week 31 for 3 treatments at 5 sampling depths.. Values are means of three replicate. Error bars are standard errors of means. Bars with different letter differ significantly for each other at specified depth at P<0.05. 

5.3.5. Effects of litter on ΔNH4+-N concentrations
Changes in ΔNH4+-N concentrations for each treatment at 5 sampling depths for 4 destructive sampling dates are shown in Fig. 5.8. ΔNH4+-N concentrations were higher in litter treated soils at 0-15 cm depths at each sampling; however, differences found between the treatments were rarely significant. 
	Application of surface litter resulted in significantly higher ΔNH4+-N concentrations, compared with control,  at 0-5 and 10-15 cm depths during week 5 (Fig. 5.8a), at 0-5 and 5-10 cm depths during week 11 (Fig. 5.8b), at 20-25 cm depth during week 21 (Fig. 5.8c) and in surface soils at 0-5 cm depth during week 31 (Fig. 5.8d). Compared with control, the incorporation of litter in subsoils produced significantly higher ΔNH4+-N concentrations at 5-10 cm during week 5 (Fig. 5.8a), at 0-5 and 5-10 cm depths during week 11 (Fig. 5.8b) and at 0-5 cm depth during week 31 (Fig. 5.8d). 
	When effects of surface litter treatment were compared with those of subsurface litter treatment, surface litter placement always produced higher ΔNH4+-N concentrations at 0-5 cm depth; however, the enhancement was significant during weeks 11 and 31 only (Figs. 5.8b & d). Below surface layers, the mixed litter treatment generally resulted in higher ΔNH4+-N concentrations compared with the surface litter treatment; effect was significant only at 10-15 cm depth during week 5 (Fig. 5.8a) and at 20-25 cm depth during week 21 (Fig. 5.8c) though. 
	Increase in temperature apparently had a pronounced effect on ΔNH4+-N concentrations. For instance, ΔNH4+-N concentrations during week 31 tended to be higher in surface soils and also in sub-soils (Fig. 5.8). 
	
5.3.6. Effects of litter on net NH4+-N production at each sampling date 
Net NH4+-N production was calculated to get an estimate of NH4+-N accumulation at each destructive sampling week. Net NH4+-N production was generally higher for litter treated soils at each sampling period (Fig. 5.9).
	When litter was applied at surface, net NH4+-N production was significantly higher compared with that for the control at 0-5 cm depth during week 5 (Fig. 5.9a), at 0-5 and 5-10 cm depth during week 11 (Fig. 5.8b), at 0-5 and 5-10 cm depths during week 21 (Fig. 5.9c) and at 0-5 cm depth during week 31 (Fig. 5.9d). However, when litter was mixed into sub-soils down to 15 cm depth, net NH4+-N production was significantly higher compared with the control at 0-5, 5-10, 10-15 and 15-20 cm depths during week 5 (Fig. 5.9a), at 5-10 and 20-25 cm depths during week 11 (Fig. 5.9b), at 0-5 and 5-10 cm depths during week 21 (Fig. 2.9c) and at 0-5 and 5-10 cm depths during week 31 (Fig. 5.9d). 

































      
     




     
       





5.3.7. Seasonal variations in KCl-extractable NH4+-N concentrations
Table 5.4 (upper half) summarizes the seasonal variation in KCl-extractable NH4+-N concentrations over 4 sampling periods at 5 sampling depths for the 3 treatments. 
	The control treatment showed reasonably consistent trends from 0-20 cm with a gradual overall increase in NH4+-N concentrations from week-5 to week-31 apart from a slight decline during week 11(Table 5.4A). The KCl-extractable NH4+-N concentrations were significantly higher at week 31 compared with week-5 and week-11 at 0-20 cm depths. This increase during week 31 was also significant compared with week-21 concentrations at 10-20 cm depths. The differences between the sampling weeks were non-significant at 20-25 cm depth, however. 
	The surface litter showed similar trends to those for the control treatment but the concentrations were much higher (Table 5.4B). At 0-5 cm depth, the week-31 NH4+-N concentrations were significantly higher compared with those at week 5, week 11 and week 21. However, the week-21 NH4+-N concentrations at 0-5 and 10-15 cm depths differed significantly only from those during week 11.
	For the mixed litter treatment, the week-31 KCl-extractable NH4+-N concentrations at 0-5 cm depth were significantly higher compared with week-5, week-11 and week-21 concentrations (Table 5.4C). At 5-20 cm depths, the NH4+-N concentrations during week 31 were significantly higher compared with those during week 5 and week 11. 

5.3.8. Seasonal variation in H2O-extractable NH4+-N concentrations
The temporal variations in the H2O-extractable NH4+-N concentrations over the 4 sampling periods for 3 treatments at 5 profile depths are highlighted in Table 5.4 (lower half). 
	The higher H2O-extractable NH4+-N concentrations at 0-5 cm in the control treatment during week 21 differed significantly from those in week 5 and week 11 (Table 5.4D). The H2O-extractable NH4+-N concentrations during week 21 and week 31 were only significantly higher compared with those in week-11 at 10-15 cm depth. The H2O-extractable NH4+-N concentrations at 20-25 cm during week 21 were significantly higher compared with  concentrations at each of other 3 sampling periods (Table 5.4D). 





Table 5.4: Temporal variations in KCl- and H2O-extractable NH4+-N concentrations (mg N/kg soil) for three treatments at 5 sampling depths
Profile depth(cm)	KCl-extractable NH4+-N  (mg N/kg soil)
	Control	Surface litter	Mixed litter


















increments. At 0-5 cm depth, the H2O-extractable NH4+-N concentrations during week 21 were only significantly different from those in week 11 (Table 5.4E).
	The mixed litter treatment showed non-consistent patterns for the H2O-extractable NH4+-N concentrations at most of the sampling depths studied (Table 5.4F). The H2O-extractable NH4+-N concentrations at 0-10 and 20-25 cm depths peaked during week-31 while at 10-20 cm depth they were high during week-21. However, the enhanced H2O-extractable NH4+-N concentrations during week-31 differed significantly from the rest of sampling dates only at 0-5 cm depth (Table 5.4F).

5.3.9. Relations of NH4+-N dynamics with soil physico-chemical properties
Table 5.5 shows of correlation coefficients (r) between extractable NH4+-N concentrations and soil physical and chemical characteristics. 
	The KCl-extractable NH4+-N concentrations showed significant negative relationship with pH during week 5 to week 21 whereas the correlation was non-significant during week-31 (Table 5.5). There were always significant positive relations between the KCl-extractable NH4+ concentrations and organic matter content.  The synergistic role of moisture content on KCl-extractable NH4+-N concentrations is also possibly evident by its significant positive relationship throughout the sampling dates (Table 5.5). The significant positive correlation coefficients between C/N ratio and KCl-extractable NH4+-N concentrations varied from 0.824 (week 11) to 0.612 (week 21). There were also significant positive correlations of KCl-extractable NH4+-N concentrations with organic N during week 11, week 21 and week 31. 
 	The H2O-extractable NH4+-N concentrations showed similar trends regarding the nature of their relations to soil physico-chemical characteristics; however, the strength of relationship was lowered in most cases (Table 5.5). 






Table 5.5: Pearson’s correlation coefficients (r) between extractable-NH4+ concentrations and soil physico-chemical properties on each of the 4 soil sampling dates.













$ = LOI ignition was measured only on week#5 soil samples whereas C, N and C/N ratio were not determined in week-5. 
Bold correlation coefficients (r) in each row highlight the independent variable explaining maximum variation in extractable NH4+-N concentrations at each sampling period using stepwise regression analysis (Stepwise criteria: probability of F to enter <= 0.050; probability of F to remove >= 0.100).
* = P<0.05 
** = P<0.01
ns = Non-significant results
nm = Not measured


5.3.10. Pools of NH4+-N in the soil profile
The NH4+-N pools (g) were determined using means of extractable NH4+-N concentrations and mass of soil at each depth increment, and hence for the entire profile for each treatment at each sampling dates (Table 5.6). 
	The surface litter treatment produced significantly higher KCl-extractable NH4+-N pools during each sampling date compared with the control treatment which ranged from 7.633 g (week 11) to 20.78 g (week 31). However, the H2O-extractable NH4+-N pools were significantly higher compared with the control treatment during week 5 only (Table 5.6). 
	For the mixed litter treatment, the KCl-extractable NH4+-N pools were also significantly higher compared with the control during each sampling week. For both KCl-extractable and H2O-extractable pools the mixed and surface litter treatments did not differ significantly (Table 5.6).
	The difference between KCl- and H2O-extractable NH4+-N concentrations per kg of soil is termed as NH4+-N-retention (ΔNH4+-N) throughout the this chapter.  ΔNH4+-N pools were highest during week 31 for each of the 3 treatments (Table 5.6). ΔNH4+-N pools for the surface litter treatment and mixed litter treatment were significantly higher only during weeks 5 and 11, compared with the control treatment. However, ΔNH4+-N concentrations from the mixed litter treatment were significantly higher, compared with the surface litter treatment, during week 5 only. 

Table 5.6: Changes in the total amounts (g) of KCl-extractable NH4+-N and H2O-extractable NH4+-N in soils to 25 cm depth over 4 sampling periods. ΔNH4+-N pools were calculated from concentrations of mean amounts of NH4+-N at each of 5 sampling depth increments. 













ΔNH4+-N here indicates differences between KCl-extractable NH4+-N and H2O-extractable NH4+-N amounts (g) in the entire profiles. Values sharing different letters in each row represent significant difference (P<0.05) between treatments for specified parameters at each sampling week. 


5.3.11. DOC effects on NH4+-N dynamics
H2O-extractable DOC concentrations showed strong linear relationship with ∆NH4+-N (NH4+-N-retention index), indicating its potentially dominant role in NH4+-N dynamics (Table 5.7). The R2 values varied from 0.647 (week-21) to 0.842 (week-11). 

Table 5.7: Linear regression analysis between H2O-extractable DOC (mg C/kg soil) and ΔNH4+-N concentrations (mg N/kg soil).







5.3.12. Effects of seasonal temperature on NH4+-N dynamics
Table 5.8 summarizes the variations in temperature during the entire experiment period. There was gradual increase in mean weekly temperature as the experiment progressed from week-1 (5.18 C) to week-31 (17.71 C). The outdoor ambient temperature at noon varied from -1.0 C to 32.0 C during the 31-week experiment duration.
	The seasonal increase in temperature apparently had some impact on NH4+-N dynamics both in surface soils as well as in sub-surface soils (Figs. 5.10 & 5.11). For the H2O-extractable NH4+-N concentrations, there was a linear relationship between temperature and NH4+-N concentrations for each soil layer (Fig. 5.10) for each treatment. However, the relationship was very variable. The effect of temperature on H2O-extractable NH4+-N concentrations was significant (P<0.05) for the mixed litter treatment at 0-5 cm depth (Fig. 5.10a), for the control (P<0.1) at 10-15 cm depth (Fig. 5.10c) and for the mixed litter treatment (P<0.05) at 15-20 cm depth (Fig. 5.10d). No other relationship was significant for any treatment at the selected depths. 
	The linear relationships between KCl-extractable NH4+-N concentrations and temperature were significant to a varying level for each treatment especially at 0-5, 5-10 and 10-15 cm depths (Fig. 5.11a, b & c). The significant positive correlations for surface litter treatment between temperature and NH4+-N concentrations at 15-20 cm (P<0.1; Fig. 5.11d) and at 20-25 cm depth (P<0.05; Fig. 5.11e) were the most striking differences between the treatments in the sub-soils. 
Table 5.8:  Changes in outdoor ambient temperature during the 31-week experiment.











































5.3.13. Mean weekly NH4+-N concentrations in leachate

















5.4.1. Litter additions control on NH4+-N production
The litter played dominant role in NH4+-N dynamics. The decomposition and mineralization of litter was the primary source of NH4+-N in the profiles as the KCl-extractable NH4+-N production (mg N/kg litter) in the individual litter layer from the surface litter treatment varied from 128 (week 5) to 228 (week 31) (Fig. 5.5). Adamson et al. (1993) found substational NH4+-N concentrations released from the organic soil layers under forest ecosystems, though much of it was retained in the lower soil layers. The water-soluble, hence the potentially mobile, NH4+-N concentrations were highly dependant on KCl-extractable NH4+-N concentrations (Fig. 5.5, inset) and almost half of the KCl-extractable NH4+-N concentrations were water soluble during week 31. The fact that there were slightly higher extractable NH4+-N concentrations during week 5 compared with week 11 and week 21 signifies the importance of proportions of fresh litter which would decompose steadily regardless of prevailing winter conditions. Berg (2000) suggested that litter decomposition rate may decrease from ca. 0.1% per day at the early stage of decomposition (fresh material) to 0.0001% per day at later stages of decomposition once the material has gone through relatively complete decomposition. The trends of extractable NH4+-N concentrations during week 11 and week 21 may reflect the effects of the phenomenon described by Berg (2000). Bryant et al. (1998) also showed higher N release from decaying litter at early stages of decomposition which steadied later on. The higher extractable NH4+-N concentrations during week-5 may partially be due to the pollutant N stored in litter layers (Magill et al., 2000) becoming mobilized during the early stages of the decomposition (Duckworth and Cresser, 1991). But the significantly higher extractable NH4+-N concentration during summer (week 31) may be the consequence of temperature mediated enhanced litter decomposition as discussed later. 
	Litter manipulations as either of the litter treatment apparently enhanced NH4+-N production over the entire profiles but the significant effects lay in top 0-10 cm depth increments only for the majority of observations. The surficial litter placement always showed increased NH4+-N concentrations in the 0-5 cm soil layer compared with the control and the mixed litter treatments, suggesting optimum mineralization of litter when it was exposed directly to the outside climatic conditions. Anderson (1988) suggested the formation of relatively mobile low molecular weight dominant C and N fractions when litter is placed at surface.  The mixing effect, however, resulted in consistently higher extractable NH4+-N concentrations in subsoils (5-25 cm depth increments) compared with the control and the surface litter treatment which indicates that availability of actively mineralizable organic matter governed the NH4+-N production.

 5.4.2. Seasonal NH4+-N variations led by changes in temperature and moisture
The short-term changes in the soil profiles’ soluble and extractable NH4+-N concentrations exhibited strong seasonal trends over 31-week exposure to outdoor ambient atmospheric conditions.  The treatments containing litter amendments showed clearer trends for KCl-extractable NH4+-N concentrations as the concentrations increased sharply from week 21 and peaked in week 31 over the entire profile depths, probably as a consequence of increased temperature. As the temperature increased, decomposition resulted in greater organic matter mineralization producing higher NH4+-N concentrations. This is supported by strong linear relationship between KCl-extractable NH4+-N concentrations and temperature, especially in top 0-15 cm depth increments, though the effect was also  pronounced in 15-25 cm sub-soil horizons. The effects of increased temperature on litter amended treatments showed similar trends for water-soluble NH4+-N concentrations, though concentrations were proportionally lower compared with extractable NH4+-N concentrations. Hobbie (1996) used a microcosm study to show that warming from 4-10 C significantly enhanced litter decomposition, soil and litter respiration and litter N release.  Sierra (1997) also mentioned various studies accounting for increased N mineralization   continuously from 5-35 C  without optimum temperature conditions.                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                                       
	However, the soluble NH4+-N concentrations for the control treatment did show an optimum temperature range between 10-14 C  which is in agreement with Grundmann et al. (1995) who described slightly higher optimal N mineralization temperature for two soils they studied. Optimum temperature would depend on the specific temperature regime of soils where soil fauna is best adapted to their environment (Ellert and Bettany, 1992). 
	The seasonal variations and coupling of temperature and moisture could have direct effect on controlling the extractable NH4+-N concentrations by enhancing the litter turnover rate and releasing more mineralized N concentrations (Valentini et al., 2008). Indirect effects could be the controls on dynamics of NH4+-N interchange between the soil solid matrix and solution phase. 


5.4.3. Relative dominance of soil-physico-chemical properties
The role of soil physical and chemical properties in controlling extractable NH4+-N concentrations changed during the experiment. Moisture content remained the dominant factor controlling water-soluble NH4+-N during week 5 and KCl-extractable NH4+-N during week 31, most probably when decomposition was relatively higher. This may be due to increased moisture availability to decomposer populations (Brady and Weil, 2002). Pakrou and Dillon (2000) also described soil moisture as an important abiotic factor for organic matter mineralization and demonstrated 50% increase in annual N mineralization in irrigated pastures when compared with non-irrigated pasture. The availability of organic matter (including both C and N) seemed to be the most important parameter influencing the amounts of extractable NH4+-N concentrations for the rest of sampling periods which is perhaps not surprising as SOM is known for its central role in N dynamics. 

5.4.4. Storage and mobility of litter-derived NH4+-N
Clearly, the litter mineralization was the source of extractable NH4+-N in profiles and its contribution to water-soluble NH4+-N fractions was appreciable.  When the litter was placed at the surface and divorced from the mineral soils, its decomposition was much faster, especially during summer, compared with that of the mixed litter. The enhanced NH4+-N production from litter increased its solubility and hence its mobility, so there were always higher water-soluble NH4+-N concentrations in 0-5 cm depths except for week-31. William and Anderson (1999) also showed that NH4+-N was primarily produced in the litter horizons and potentially moved down to lower mineral soil layers. The water-soluble NH4+-N from the mixed litter treatment remained higher at 5-25 cm depth increments during week 5, week 11 and week 31, probably suggesting combined effect of NH4+-N leaching from overlying horizons and partly from in situ organic matter mineralization. This might certainly be true as mixing could potentially have enhanced the concentrations of organic matter readily available for mineralization. 
	The maximum of mobile amounts of NH4+-N were retained in the soil profiles is strongly supported by ∆NH4+-N values and minimal concentrations in drainage water, especially for the mixed litter treatment. The NH4+-N concentrations in the drainage water declined sharply from week 21 and were the lowest in week 31, probably indicating NH4+-N storage associated with decomposing organic matter and extra organic CEC generation. Opuwariboi and Odu (1975) found that up to 90% of NH4+-N retention was due to its fixation with organic matter. Axelsson and Berg (1988) showed that NH4+-N fixation in decomposing litter would be highly dependent on stages of litter decomposition. 
	 In soil profiles with either of the litter treatments, there were higher extractable NH4+-N concentrations during week 5 (winter) and they began to increase sharply with the commencement of summer and the increase in temperature (week 21). But ∆NH4+-N values also increased proportionally, indicating the retention of litter derived NH4+-N concentrations being retained by the system. The mixing effect on NH4+-N retention is particularly evident from reduced NH4+-N concentration in drainage water. 
	Assuming insignificant NH4+ fixation between interlayer space due to very low clay content (Gundersen and Rasmussen, 1995), negligible denitrification and NH4+ volatilization due to acidic nature of soils (Micks et al., 2004); there could be combination of biological and chemical mechanisms responsible for N (NH4+-N + NO3--N) retention in these soils. A number of studies have mentioned chemical NH4+-N immobilization (Nömmik, 1970; Schimel and Firestone, 1989). Johnson et al. (2000) also found up to 90% of NH4+-N retention due to chemical processes. However, NH4+-N concentration in the drainage water could be the result of sodium salts in the rain water, which kept NH4+-N mobile within the soil profile until it was retained within or lost from the system (Duckworth and Cresser, 1991). Nitrification of the soluble NH4+-N may be much slower when it was adsorbed compared with situation when it is not adsorbed (Nömmik, 1965), which particularly explain the reduced NO3--N concentration in the drainage water during warmer months (Chapter 6).  Therefore N retention in these soils could be attributed to combination of biotic and abiotic factors in these soils (Aber et al., 1998).

5.4.5. Role of DOC in NH4+-N dynamics
The extractable DOC concentrations showed strong positive correlation with ∆NH4+-N, suggesting its potential role in NH4+-N dynamics as a counter anion for NH4+-N transportation and/or a barrier that stops the percolation of NH4+-N down the depth gradient if DOC is being held on soils. Hanfner et al. (2005) documented a number of studies leading to extensive evidence for DOC generation from litter horizon with substantial amounts leached into lower mineral horizons. Once in the lower mineral soil layers, DOC can result in chelation and sorption to soil minerals (Jardine et al., 1989; Kalbitz et al ., 2000; Kalbitz and Kaiser, 2008). DOC could also be sorbed onto existing organic matter (Fröberg et al., 2007). Such fixed dissolved organic matter might have retained NH4+-N especially during summer when NH4+-N concentrations were much higher in the system by forming NH4+-DOC complexes (Stevenson, 1994). Possibly that sorbed DOC with multi-valent anionic species resulted in creation of more binding sites and holds more NH4+-N from the soil solution, so NH4+-DOC might have been retained simultaneously and consecutively (Fernando et al., 2005).  

5.4.6. Role of sub-soils in litter-derived NH4+-N dynamics
Mostly the amounts of extractable NH4+-N concentrations accumulated in 0-15 cm soil layers throughout the experimental period. However, extractable NH4+-N concentrations increased much faster in summer indicating the enhanced mineralization as the system warmed up as discussed above. The extractable NH4+-N concentrations increased proportionally in lower 15-25 depth increments which could be the result of in situ mineralization and/or NH4+-N leaching from the overlying organic matter rich soil layers (Riaz et al., 2008; Chapter 2). However, lower soil horizons could act as a potential sink where significant amounts of NH4+-N could be retained as described by Adamson et al. (1993). Thus, NH4+-N and NO3--N in the leachate could be the interactive result of mineralization and immobilization in lower soil layers, which is highly soil specific process controlled by seasonal variations (William and Anderson, 1999). 

5.5. Conclusions
This microcosm study was conducted at ambient outdoor temperature to investigate the effects of litter on soil mineral-N i.e. NH4+-N and NO3--N concentrations. The study concludes that:
	Litter decomposition and associated N mineralization contributed significantly towards NH4+-N production in the soil profiles, especially at 0-10 cm depth, even in winter as hypothesised. 
	The increase in temperature over time led to the predicted positive effect on NH4+-N concentrations in summer via enhanced litter decomposition and associated organic matter mineralization.
	The substantial increase in extractable NH4+-N and in ΔNH4+-N concentrations with the increase in temperature indicated that much of NH4+-N produced in the litter layer was retained within the systems. 
	Extractable DOC concentrations always showed significant correlations with ΔNH4+-N, suggesting roles of DOC in potential NH4+-N retention and mobility in the soils profiles. 
	Total pools of NH4+-N (water-soluble as well KCl-extractable) were higher for the litter treatments compared with control, indicating that litter was the dominant source of NH4+-N in the soil profiles. 
	Increase in temperature showed a substantial effect on both water-soluble and KCl-extractable NH4+-N concentrations in the soils and sub-soils. Increase in extractable NH4+-N concentrations was much sharper than that for water-soluble NH4+-N concentrations, and the increase in extractable NH4+-N concentrations was much sharper in surface soils (0-10 cm depths) compared with sub-soils (10-25 cm depths). This clearly indicates that temperature regulated NH4+-N production in surface soils. However, the increase in NH4+-N concentrations in the sub-soils could partially be the effect of increase in temperature for the surface litter treatment. Nevertheless, leaching of NH4+-N from overlying soil layers could not be ruled out as temperature effect often was not significant for control and mixed litter treatments. 













































A modified version of this chapter has been published as
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6.1. Introduction
Nitrate (NO3-) is a widespread pollutant which, when present above biomass requirements, potentially degrades the quality of surface and/or groundwaters in natural, semi-natural and managed ecosystems. When assessing the impacts of atmospheric N deposition upon minimally managed ecosystems across northern Europe and the northeastern United States, Chapman and Edwards (1999) noted elevated NO3- concentrations in streams and lakes which were strongly correlated with levels of atmospheric N deposition. Superfluous NO3--N export to streams has been linked to the N-saturation status of terrestrial ecosystems where mineral-N production exceeds biological uptake (Aber et al. 1989). Excessive use of chemical fertilizers after agricultural intensification has also frequently been reported to increase NO3--N concentrations in surface and groundwaters in many parts of the world (e.g. Croll, 1990; Beckwith et al. 1998; Eriksen et al. 1999). 
	The extent of NO3--N leaching is highly ecosystem specific and depends largely on management practices. However, seasonal trends in NO3- concentrations are similar in the majority of ecosystems, with minimum concentrations in summer and maximum concentrations in winter; generally this is attributed to reduction in plant and biological uptake and increased moisture availability in winter (e.g. Likens et al., 1970; Skinner et al., 1997; Chapman & Edwards, 1999). In the UK, such seasonal trends in NO3- concentrations have been reported for example in the Lake District (Sutcliff et al., 1982), in upland moorland catchments (Reynolds et al., 1992; Chapman, 1994) and, very recently, in the River Derwent in N. Yorkshire (Mian et al., 2010). Leaching of NH4+ from natural and semi-natural ecosystems has long been believed to be non-significant, but Mian et al. (2009) and Lorez et al. (2010) have shown that NH4+ leaching can contribute substantially towards N leaching, especially in highly N-impacted ecosystems.
	Seasonality patterns in soil NO3--N concentrations are primarily controlled by variations in temperature and moisture availability as N mineralization and nitrification rates are generally sensitive to fluctuations in temperature and precipitation. In ecosystems dominated by biological activity, the Arrhenius equation has been effectively used to predict effects of temperature on nitrification for the temperature range 15-35 ºC (Ingraham, 1962). Temperature dependency of nitrification rates largely varies across geographical regions; e.g. Myers (1975) found 35 ºC temperatures for optimum nitrification in tropical Australian soil. Malhi and McGill (1982) found 20 ºC to be the optimum temperature for nitrification in a Canadian soil. Nitrification activity has also been documented at low temperatures as well, e.g. at 2 ºC (Malhi and Nyborg, 1979) and at > 5.5 ºC (Anderson et al., 1971). However, temperature sensitivity of nitrification has usually been related to other climatic variables (Russell et al., 2002). For example, Wang et al. (2006) found interactions between temperature and moisture content significantly affecting N mineralization and net nitrification rates in the Inner Mongolia grassland of Northern China.  
	Since the introduction of the EC Drinking Water Directive in 1985, which aims to limit NO3--N concentrations to < 50 mg/l in drinking water, significant improvements in management practices have been made to minimize NO3--N concentrations related to agricultural activities in the UK, especially in winter when soils reach field capacity and NO3--N leaching increases (Skinner et al., 1997). Burgess et al. (1996) proposed that any potential mitigation strategy should aim to reduce the potential risk of NO3--N leaching in winter by decreasing readily available NO3- concentrations in the soil profiles when plant uptake is low and run off higher. Vidal and Lopez (2005) noted that incorporation of plant residues and straw into soils resulted in net N immobilization. The N dynamics associated with organic matter decomposition are usually linked with C/N ratio of residues, and organic residues with high C/N ratios have been reported to immobilize N, restricting its export in watersheds (Christ et al., 2002; Venterea et al., 2003). Hefting et al. (2005) found that decaying leaf litter retained small but significant amounts of N during winter in most of the riparian ecosystems they studied. Downs et al. (1996) studied the N immobilization potential of decomposing forest litter and calculated that litter could immobilize 1-1.5 kg N ha-1 year-1 which was equivalent to half of the NOx  deposition to their site. 
	Litter biodegradation generates bioavailable DOC concentrations which can potentially percolate through mineral soils. Studies have shown active DOC involvement in N transformations from field levels to watershed scales. For example NO3--N and DOC concentrations are tied together through a number of biogeochemical processes. While investigating the factors responsible for sudden decline in NO3--N concentrations from forested catchments in the Northeastern U.S., Goodale et al. (2003) stressed the need to better understand potential links of DOC to N cycling. In their later study (Goodale et al., 2005), they found a significant negative relationship between stream water NO3--N and DOC concentrations and proposed that DOC was supporting the microbial NO3--N retention at the soil-watershed inter-phase. 
In the litter manipulation study discussed in Chapter 5, using reconstructed microcosms with two litter treatments (surface litter placement and sub-surface litter incorporation and a control), it was shown that litter decomposition and N mineralization resulted in higher KCl-extractable and water-soluble NH4+-N concentrations. Comparative analysis showed that litter was the source of extra NH4+-N production at least in soils from 0-15 depth increments. The study which used freely draining acid grassland soil, therefore is used in this chapter to discuss the potential role of litter in NO3--N dynamics and to answer following questions: 
	How does the presence of litter in soils modify NO3--N concentrations? 
	How do seasonal changes in temperature effect soil NO3--N concentrations?
	Does availability of substrate NH4+-N concentrations from litter decomposition (Chapter 5) limit nitrification activity?  
	Does DOC generated from decomposing litter play a role in controlling the soil NO3--N concentrations?
	Do the soil NO3--N concentration patterns show any similarity to NO3--N concentrations observed in drainage water from the microcosms?

6.2. Materials and methods
6.2.1. Site description and soil and litter sampling and preparation
The description of the site and soil characteristics has been given in detail in Chapter 2, section 2.2.1. Soils and litter sampling location (Fig. 5.2), sampling strategy and procedure, handling, transportation and preparation for the microcosm study have been discussed in detail in Chapter 5, section 5.2.2.  The soils used in the study were from freely draining part of the Hob Moor and were acidic, and ranged between very fine sandy loams and loamy sands. The soils were typical brown earths (Avery, 1980).

6.2.2. Microcosm construction and experimental set up 
A schematic diagram of the microcosms construction by reconstituting sampled soils and the experimental set-up (Fig. 5.3), the treatment plan, the destructive sampling strategy and the experimental layout at ambient outdoor temperature (Fig. 5.4) are detailed in Chapter 5 section 5.2.2. Briefly, 10 soil profiles from within an area of 10 m  10 m were sampled down to 25 cm depth at five 5-cm increments. However, the litter layers were sampled first and transferred to clean polyethylene bags. The soils for each incremental layer from individual sampling points were homogenized from composite samples. Soil samples were cleaned by removing roots and stones during mixing and passing through a 2.0-mm sieve. Any intact live vegetation and coarse roots were separated form litter samples which then were air-dried in thin layers. Dried litter was also passed through a 2.0 mm sieve.  Four analytical subsamples were derived randomly from each soil and from the litter for initial physico-chemical analysis. 
	Microcosms were reconstituted using soils from the 5 sample depth increments added sequentially to rebuild the soil profiles. The experiment consisted of 3 treatments which were replicated 3 times: 
1.	Control (without addition of litter).
2.	Surface litter (20 g litter equivalent to 2 cm thick litter layer in the field, was placed at surface).
3.	Mixed litter/subsurface litter treatment (20 g litter was divided into 3 equal portions and a portion added to each of the soils from 0-5, 5-10 and 10-15 cm depths).
The microcosms were constructed in 29 cm long PVC pipes (inner diameter = 6.4 cm). PVC pipes were pre-lined with pre-washed and dried thin polyvinyl acetate cylinders before filling to facilitate core removals at each of the 4 destructive sampling dates.   For repacking, the soils were added to their natural sequence to an appropriate density. This was achieved by using the pre-weighed masses of soils needed to fill separate 5 cm-deep cores for each depth increment. The base of each microcosm was sealed with a perforated plastic cap containing 140 μm nylon mesh under a thin layer of dried acid-washed quartz sand. The microcosms were wetted from the bottom by submersion in large polythene bags of deionised water over night. They were allowed to drain freely until they were at field capacity status.  The cores were set up under outdoor ambient winter conditions in York in early December under an open-sided roof structure (Fig. 5.4). 
	After 5, 11, 21 and 31 weeks at outdoor ambient temperature conditions, 3 replicates cores from each treatment were selected at random, and returned to the laboratory for destructive sampling.  They were carefully removed from the PVC pipes and the soil cores then were cut into 5 equal depth sections, omitting ca. 5 mm of soil at each layer boundary to minimize any mixing effect. The soil samples were transferred into pre-labelled clean plastic bags and were kept at < 4 ºC until used for further analysis. 

6.2.3. Simulated rain application, leachate collection and analysis
Microcoms were irrigated twice a week with 45 ml of simulated rain, which corresponded to ca. 14 mm of rainfall per event. The formulation for the simulated precipitation was based upon mean composition of rainwater collected for 4 months over the previous winter period in a pair of rain gauges sited at Hob Moor (Table 5.2). Leachate samples were analysed weekly for NH4+-N and NO3--N using a standard Bran & Luebbe Autoanalyser-3 manifold. They were analysed also for major anions, i.e. chloride, nitrate and sulphate using Ion Chromatography (Dionex DX-120) and for dissolved organic carbon (DOC) using an Elementar Liquitoc TOC analyser. The NO3--N concentrations in leachate are discussed only briefly in this chapter to put the soil extractable NO3--N concentrations in a broader context and to facilitate discussion of results.

6.2.4. Litter and soil chemical analysis
The destructive sampling and analytical protocols used for soil physical and chemical characteristics are discussed in detail in Chapters 2 and 5 in sections 2.2.3 and 5.2.5 respectively. Very briefly, soil and litter layer pH values were measured at a 1:5 m:v (soil:solution) ratio in water and KCl. Moisture contents were determined gravimetrically by oven drying soils overnight at 105ºC. The same oven dried soil and litter samples were ball milled to form fine powders and used for measuring C, N and C/N ratio using an Elementar Vario Macro automated C and N Analyser calibrated using glutamic acid. Soils and litter layer from the surface litter treatment were extracted for mineral-N (NH4+ and NO3- plus NO2--N) determination using 0.5M KCl or water at 1:5 m:v (soil:solution). The extracts were analysed for NH4+-N and NO3--N using a standard Bran & Luebbe AutoAnalyser-3 protocol with matrix-matched standards. However, the current chapter describes dynamics of extractable NO3--N concentrations as extractable NH4+-N concentrations were discussed in Chapter 5.  To quantify the solubility of organic carbon, the soils were extracted with water at 1:5 m:v (soil:solution) ratio and the supernatants were analysed for DOC with an Elementar Liquitoc TOC analyser. Net NO3--N production was calculated using methods described by Satti et al. (2003). The initial extractable NO3- concentrations at each sampling depth were subtracted from corresponding extractable NO3--N concentrations at weeks 5, 11, 21 and 31. The negative net NO3--N production was treated as net NO3--N immobilization.

6.3. Statistical analysis
Data were assessed for normality using a number of data explorative tools. However, figures and tables always contained means of untransformed data unless otherwise stated. One-way ANOVA was used to test the significant differences between treatments at each profile depth at each of 4 destructive sampling dates. Temporal variations, at each sampling depth for each treatment, were also computed using one-way ANOVA. Tukey’s HSD test was used for multiple mean comparisons when significant differences were found. Pearson’s correlation coefficients were used to study the interactions between extractable NO3--N concentrations and soil physico-chemical properties. Stepwise linear regression analyses were performed to elucidate the most influential independent variable (soil physico-chemical characteristic) effecting extractable NO3--N concentrations at each of the 4 destructive sampling events. Regression analyses were also used to study the effects of mean weekly temperature on mean extractable NO3--N concentrations. Relationships between extractable NH4+-N and extractable NO3--N concentrations were also assessed by employing regression analysis.  All statistical tests were accepted significant at P<0.05 unless otherwise stated. 
All statistical tests were performed with SPSS 16.0 for Windows (SPSS Inc. 2008). 

6.3. Results
6.3.1. Changes in litter layers’ extractable NO3--N concentrations










Figure 6.1: H2O-extractable and KCl-extractable NO3--N concentrations (mg N/kg litter) in the individual litter layer (from the surface litter treatment) at 4 sampling periods. Error bars are standard error of means (n=3). Bars with different letters differ significantly from each other at P<0.05 for specified parameters.


6.3.2. Litter effects on KCl-extractable NO3--N concentrations













6.3.3. Litter effects on H2O-extractable NO3--N concentrations




























     




6.3.4. Litter effects on net NO3--N production
Figure 6.4 clarifies the effects of litter on net NO3--N production and how it changes over time for each treatment at each sampling depth. The mixed litter treatment always resulted in net NO3--N immobilization in surface soils as well as in sub-soils, except at 0-5 cm depth during weeks 21 and 31 when there was remarkably higher NO3--N production for the mixed litter treatment (Figs. 6.4c & d). However, the higher NO3--N production was significant compared with the surface litter treatment during week 21 only. Net NO3--N production was higher during week 5 for the control and surface litter treatments; however no consistent significant differences were found (Fig. 6.4a). As temperature increased in summer from week 21, control and surface litter treatments also showed remarkably higher NO3--N retention (Fig. 6.4c). 

6.3.5. Seasonal variations in H2O-extractable NO3--N concentrations
The temporal variations in the H2O-extractable NO3--N concentrations over 4 sampling periods for 3 treatments at 5 profile depths are shown in Table 6.1 (upper half). 
	The H2O-extractable NO3--N concentrations at 0-5 cm in the control treatment during week 31 were significantly higher than those during week 5 and week 11 (Table 6.1A). Similarly H2O-extractable NO3--N concentrations during week 31 and week 5 were significantly higher compared with those in week 11 and week 21 at 5-10 cm depth. However, at 10-20 cm depths during weeks 11, 21 and 31, H2O-extractable NO3--N concentrations were significantly lower compared with those in week 5 (Table 6.1A). At 20-25 cm, H2O-extractable NO3--N concentrations during week 31 were significantly lower compared with concentrations during weeks 5 and 21 (Table 6.1A). 
	For the surface litter treatment, the H2O-extractable NO3--N concentrations were reduced significantly during weeks 21 and 31, compared with those found during week 5 at 5-10, 15-20 and 20-25 cm depth increments (Table 6.1B). In contrast, H2O-extractable NO3--N concentrations were enhanced during week 31 in summer compared with other sampling periods, but differences were not statistically significant.  






       
    
Figure 6.4: Net NO3--N concentrations (mg N/kg soil) at a) week 5, b) week 11, c) week 21 and d) week 31 for 3 treatments at 5 sampling depths. Values are means of three replicates. Error bars are standard errors of means. Bars with different letters differ significantly for each other at the specified depth at P<0.05.
Table 6.1: Temporal variations in KCl- and H2O-extractable NO3--N concentrations (mg N/kg soil) for three treatments at 5 sampling depths
Profile depth(cm)	H2O-extractable NO3--N  (mg N/kg soil) 
	Control	Surface litter	Mixed litter


















6.3.6. Seasonal variations in KCl-extractable NO3--N concentrations
Table 6.1 (lower half) contains the seasonal variation in KCl-extractable NO3--N concentrations during 4 sampling periods at 5 sampling depths for 3 treatments. 
	The control treatment showed a consistent increase in NO3--N concentrations over time at 0-5 cm depth from week 5 to week 31; but only NO3--N concentration in week 31 differed significantly from concentrations in weeks 5, 11 and 21 (Table 6.1D). Similarly, enhanced NO3--N concentrations were found at 5-10 cm depth during week 31 which were significantly higher compared with NO3--N concentrations found during weeks 11 and 21 only. However, in sub-soils at 10-15 and 20-25 cm depths, KCl-extractable NO3--N concentrations were significantly lower during weeks 11, 21 and 31 compared with those found in week-5 (Table 6.1D). 
	For the surface litter treatment at 0-5 cm depth, KCl-extractable NO3--N concentrations were apparently higher during week 31 compared with weeks 5, 11 and 21, but differences were not significant (Table 6.1E). In sub-soils at 5-25 cm depth increments, NO3--N concentrations were always lower during week 31 compared with weeks 5 and 11, but again the differences were never significant. 
	For the mixed litter treatment, for week 31, KCl-extractable NO3--N concentrations at 0-5 cm depth were significantly higher compared with those for week 5 and week 11 (Table 6.1F). Below 10 cm depth, KCl-NO3--N concentrations remained below 1 mg N/kg soil without clear and consistent trends (Table 6.1F).

6.3.7. Temperature effects on H2O- and KCl-extractable NO3--N concentrations
Figure 6.5 illustrates possible effects of mean weakly temperature on H2O- extractable NO3--N concentrations for each destructive sampling period at each depth. In surface soils at 0-5 cm depth, increase in temperature apparently had a positive effect on H2O- extractable NO3--N concentrations for each treatment. However, the effect was significant (P<0.05) for the mixed litter treatment only (Fig. 6.5a). The mixed litter treatment at 5-10 cm depth also apparently responded positively to the increase in temperature but the effect was not significant (Fig. 6.5b). In the sub-soils at 10-25 cm depths, the effect of temperature on H2O- extractable NO3--N concentrations was reversed and increase in temperature apparently reduced NO3--N concentrations for each treatment, but again the relationship was never significant (Figs. 6.5c, d & e).








































6.3.8. Pools of extractable NO3--N concentrations 
The NO3--N pools (g) were calculated from the means of extractable NO3--N concentrations and mass of soil at each depth increment, and hence for the entire profile for each treatment at each sampling date (Table 6.2). Extractable NO3--N pools were substantially lower in general compared with their corresponding extractable NH4+-N pools (Table 5.6, Chapter 5).


















Table 6.2: Changes in the total amounts (g) of KCl-extractable NO3--N and H2O-extractable NO3--N in soils to 25 cm depth over 4 sampling periods. NO3--N pools were calculated by summation of mean amounts of NO3--N at each of 5 sampling depths increments. 









Values in a column with different letters denotes significant differences between destructive sampling weeks for each treatment for specified extractable NO3--N concentrations. No significant treatment effects were found for H2O-extractable NO3--N. 

6.3.9. Potential relationship between extractable NH4+-N and NO3--N concentrations
In order to assess whether availability of NH4+-N was limiting NO3--N concentrations for any of the treatments, scatter plots were drawn between both water-soluble and KCl-extractable NH4+-N and NO3--N concentrations. 
	For the control, there was a weakly significant linear relationship (R2=0.18, P<0.01; Fig. 6.7a) between H2O-extractable NH4+-N and NO3--N concentrations. The relationships between KCl-extractable NH4+-N and NO3--N concentrations was also significant for the control treatment (R2=0.71, P<0.001; Fig. 6.7b). However, data points responsible for the sharp increase in both KCl-extractable NH4+-N and NO3--N concentrations also reflected the effect of increasing temperature in summer. The results should be viewed with caution because of the data distribution
	There was weak, but significant, correlation (R2=0.18, P<0.01; Fig. 6.8a) between H2O-extractable NH4+-N and NO3--N concentrations for the surface litter treatment. The relationship between KCl-extractable NH4+-N and NO3--N concentrations was much stronger (R2=0.47, P<0.001; Fig. 6.8b), but again caution is needed because of the data distribution.  





























6.3.10. Effects of soil physico-chemical properties on extractable NO3--N concentrations
Relationships between extractable NO3--N concentrations and soil physico-chemical properties are highlighted in Table 6.3. There were considerable seasonal variations in the nature and strength of relationships. There was no significant relationship between extractable NO3--N concentration and any of the selected soil properties. As the experiment progressed and temperature increased, there appeared to be significant positive relationships of varying strength between KCl-extractable NO3--N concentrations and soil C, N, C/N ratio and moisture content during week 21. During week 21, water-soluble NO3--N concentrations followed trends similar to that of KCl-extractable NO3--N concentrations. There was a significant negative relationship between pH and H2O-extractable NO3--N concentration (Table 6.3). 

























Table 6.3: Pearson’s correlation coefficients (r) between extractable- NO3--N concentrations and soil physico-chemical properties on each of the 4 soil sampling dates.













$ = LOI ignition was measured only on week 5 soil samples whereas C, N and C/N ratio were not determined in week 5. 
Bold correlation coefficients (r) in each row highlight the independent variable explaining maximum variation in extractable NO3--N concentrations at each sampling period using stepwise regression analysis (Stepwise criteria: probability of F to enter <= 0.050; probability of F to remove >= 0.100).
* = P<0.05 
** = P<0.01
ns = Non-significant results




6.3.11. Effects of extractable DOC concentrations on extractable NO3--N concentrations
The relationships between H2O- or KCl-extractable NO3--N and H2O-extractable DOC concentrations are shown in Table 6.4. There were no significant correlations between H2O-extractable NO3--N concentrations and extractable-DOC during weeks 5 and 11. Nor were there significant relationships for KCl-extractable NO3--N concentrations during weeks 5 and 11. During weeks 21 and 31, however, there was a significant positive relationship between H2O- and KCl-extractable NO3--N concentrations and soil DOC concentrations. However, when net NO3--N concentrations were potentially linked to soil extractable DOC concentrations, significant negative relationships were found during week 5 (R2 = 0.46, P<0.001; Fig. 6.10a) and week 11 (R2 = 0.33, P<0.001; Fig. 6.10b) during early to late winter. During early to mid summer, in weeks 21 and 31, no such significant relationships were observed (Figs. 6.10c & d). 





















   
 

Figure 6.10: Relationship between net NO3--N concentrations (mg N/kg soil) and water-extractable DOC concentrations (mg C/kg soils) at a) week 5, b) week 11, c) week 21 and d) week 31 for 3 treatments at 5 sampling depths. 

6.3.12. Litter modification of leachate NO3--N concentrations
 Mean weakly NO3--N concentrations were calculated to find whether leachate NO3--N concentrations are representative of soil N transformations. During weeks 1-5, mean weekly concentrations were substantially higher in leachate from the control and surface litter treatments; however, the mixed litter treatment resulted in minimal NO3--N concentrations in leachate (Fig. 6.11), and reduction was 82% and 71% compared with control and surface litter treatments respectively. During weeks 6-11, NO3--N concentrations in the leachate from the mixed litter treatment were 69% and 77% less compared to that for control and surface litter treatment respectively. However, leachate NO3--N concentrations remained very low during weeks 12-21. NO3--N concentrations increased in summer and leachate NO3--N concentrations from the mixed litter treatment were higher compared with those from control and surface litter treatments (Fig. 6.11). When soil seasonality effects on soil NO3--N concentrations and NO3--N concentrations in leachate samples were compared (compare Fig. 6.3 and Fig. 6.10), there seemed to be strong coupling between the soil and leachate NO3--N concentrations, especially during early winter (weeks 1-5) and late winter (weeks 6-11). 








6.4.1. Dynamics of extractable NO3--N concentrations 
There were always decreased NO3--N concentrations in soils associated with the sub-surface litter treatment in winter during weeks 5 and 11, which suggests that substrate NH4+ availability may not be the limiting factor for net nitrification activity in these soils during winter. However, when temperature increases in summer during weeks 21 and 31, surface soils at 0-5 cm depth treated with litter showed a strong surge in nitrification suggesting temperature dependency of the nitrification process which is discussed latter on.   It could be argued that the low pH and acidic nature of these soils may be responsible for their low NO3--N levels (Krave et al., 2002), but pH could not be the dominant factor as the control soils often showed higher extractable NO3--N concentrations, especially over winter. De Boer and Kowalchuk (2001) presented at detailed review of nitrification in acid soils and its consequences, and they concluded that nitrification existed at low pH in a variety of managed and natural ecosystems including grasslands.  In another study, De Boer et al. (1992) also found NO3--N production in acid soil at pH as low as 3. In contrast, Robertson (1982) ruled out the presence of nitrification activity in many acid soils they studied. 
It was clear that litter treated soils generated extensive amounts of NH4+-N both in surface and sub-surface soils (Chapter 5) without synergising NO3--N production. It  may be concluded that additional NH4+-N produced during litter decomposition was not available to nitrifiers due to its association and chemical fixation with organic matter (Kudeyarov, 1981), which seems certainly true in sub-soils during summer when extractable NH4+-N concentrations largely increased in response to litter presence and  high summer temperature without any consistent acceleration in nitrification. However, strongly enhanced nitrification in surface soils during weeks 21 and 31 may be the combined effect of NH4+-N availability and subsequent warmer temperature accelerating nitrification. 
It is also highly probable that decomposing litter, especially when it was incorporated with mineral soils in the mixed litter treatment, may be substantially immobilizing NO3--N.  Hefting et al. (2005) also suggested that N immobilization associated with litter decomposition may result in significant N retention during winter when leaching could be expected due to excessive rains and minimal biological N uptake.  The high C/N ratio of litter may be a dominant factor which could count for most of N immobilization associated with litter in winter. It is widely recognised that addition of crop residues results in increased microbial biomass which acts as a potential sink for soil nutrients but also catalyses further residue decomposition (Jensen, 1997).  Homyak et al. (2008) found significant amounts of N immobilized when high C/N ratio woodchips were applied to soils, which lowered N export to adjacent stream water. Wedin (1996) also suggested that NO3--N retention status of decomposing plant litter and soil organic matter in many grasslands may be parallel to biological N uptake by plants for regulations of soil NO3--N concentrations. 
	
6.4.2. Effects of seasonal variation in temperature on extractable NO3--N concentrations
Changes in seasonal temperature showed pronounced effects on extractable NO3--N concentrations, especially in surface soils at 0-5 cm depth. When litter was incorporated into mineral soils, both water-soluble and KCl-extractable NO3--N concentrations increased sharply and significantly (P<0.05) in response to increased temperature. However, in sub-soils at 10-25 cm depth increments, water-soluble NO3--N concentrations correlated negatively but not-significantly with temperature which could suggest that these sub-soils may act as potential N sinks via microbial NO3--N immobilization. In contrast to labile water-soluble NO3--N concentrations in soil, the effect of temperature on KCl-extractable NO3--N concentrations was positive at 0-20 cm depth increments; however, the effect was significant at 0-5 cm depth only. Control and surface litter treatments responded negatively to increase in temperature in sub-soils at 10-25 cm depths. Russel et al. (2002) summarized many studies, ranging from frozen soils over winter to soils with temperatures of 15-35 ºC or over, to investigate effects of temperature on the nitrification process and nitrifier populations. They reported studies showing nitrification at temperature as low as 2 ºC and as high as 35 ºC. Carnol and Ineson (1999) investigated dominant factors controlling NO3--N leaching and N2O emissions in acid forest soils using intact core microcosms and found temperature as the driving factor affecting soil nitrification and NO3--N immobilization. They also found that increase in temperature triggered NO3--N immobilization in the mineral soils layers. 

6.4.3. Role of DOC in NO3--N immobilization and retention
Both water-soluble and KCl-extractable NO3--N concentrations showed negative relationships with DOC to a weaker extent during weeks 5 and 11; however, changes in net NO3--N concentrations correlated significantly negatively with soluble DOC concentrations for the same duration,  which could potentially indicate an active role of DOC in NO3--N immobilization and/or retention. This seemed particularly true for the treatment involving sub-surface incorporation of the litter as the mean weakly leachate concentrations for weeks 1-5 and 6-11 contained remarkably reduced NO3--N concentrations compared with the surface litter and control treatments. These relationships strongly suggest that DOC was fuelling the microbial N immobilization in these soils, especially in winter (Bernhardt and Likens, 2002). Goodale et al. (2005) suggested that microbial retention of NO3--N, stimulated by increased DOC in soils and adjacent streams, might partially explain reduced NO3--N concentrations across a number of streams in New Hampshire in the mid 1990’s. 
	However, relationships of DOC with KCl-extractable and water-soluble NO3--N concentrations were significant and positive during weeks 21 and 31 whereas no significant relationship was found between net NO3--N concentration and soluble DOC during the same period. This may potentially indicate lower bioavailable pools of NO3--N and enhanced utilization of available DOC per unit mass of available NO3--N. This may be true as microbial populations are more active in summer than in winter and they did not have to compete with plants for their N needs in this study.  In the same context, there are several potential interactions between NO3--N bioavailability and DOC utilization by microorganisms; however, these biological transformations may vary seasonally which may lead to different relationships between NO3--N and DOC during winter and summer in my study. Hedin et al. (1998) studied the potential interactions between NO3--N and DOC at the soil-stream interface and concluded that provision of a readily available DOC source may have negative impact on controlling NO3--N loses to associated stream ecosystems. However, they suggested a more realistic approach involving wetlands and/or organic matter-rich soils as an active source of DOC to scavenge NO3--N concentrations.  The central role of organic C became more important and clearer in summer, when both water-soluble and KCl-extractable NO3--N concentrations were strongly and positively affected by soil organic C during weeks 21 and 31. 

6.4.4. Does availability of NH4+-N trigger nitrification? 
Superficially, NO3--N concentrations seemed to be independent of NH4+-N availability (Chapter 4) for each treatment until the commencement of the summer period and increase in temperature. Data of inter-dependency of NO3--N concentrations on NH4+-N availability strongly suggested that nitrification was substantially enhanced by increase in temperature. The relationship was significant for both water-soluble and KCl-extractable N species concentrations for each treatment; however, it appeared that temperature played a central role and resulted in enhanced nitrification of NH4+-N, especially in surface soil during weeks 21 and 31 in summer. Malhi and McGill (1982) conducted a comprehensive study in acid soils to investigate effects of temperature, pH and substrate NH4+-N concentrations on nitrification. They found 20 ºC to be the optimum temperature for nitrification, as above this net nitrification decreased significantly. They also observed depressed nitrification at elevated NH4+-N concentrations and attributed this to combined effect of low pH and high salt contents of added NH4+-N substrate. These results are in-line with this, especially during early winter and mid summer when excessive NH4+-N generation from litter decomposition didn’t result in increased nitrification especially in sub-soils below 0-5 cm. However, temperature-dependent enhanced nitrification in surface soils, in this study, is in general agreement with other studies reporting positive interactions between temperature and nitrification (e.g. Leirós et al., 1999; Russel et al., 2002; Wang et al., 2006). 
	
6.4.5. Sub-soils: source or sink of NO3--N concentrations
Dynamics of water-soluble and KCl-extractable NO3--N differed markedly in surface soils (0-5 cm depth) and sub-soils (5-25 cm depths) between winter and summer sampling periods. Sub-surface incorporation of the litter resulted in substantial reduction in NO3--N concentrations during winter which may potentially be due to high C/N ratio of the litter as C/N ratio of the decomposing litter is regarded a primary factor governing soil N mineralization-immobilization balance (Jensen, 1997). In this study, mineralization and nitrification were enhanced by increase in temperature in surface soils at 0-5 cm depth; NO3--N, being mobile, could have leached into the sub-soils and could be immobilized as it moved down the soil profile. Lehmann et al. (2004) found rapid nitrification of applied labelled NH4+-N. They found that NO3--N produced was readily mobile and disappeared as it moved down the profile, and up to 77% of immobilized NO3--N was associated with soil organic matter and only nearly 2% was physically adsorbed to soils. They also recovered up to 96% of lost NO3--N from sub-soils at 0.15-2.0 m depth. Sub-soils in the current study may also account for the minimal leachate NO3--N concentrations in summer, especially for control and surface litter treatments. However, higher NO3--N concentrations from the mixed litter treatment in summer may indicate the remineralisation of the N immobilized during earlier period of the study and subsequent in-situ nitrification in sub-soils. 


6.4.6. Synchronization of soil NO3--N dynamics to leachate NO3--N concentrations
The seasonal trends for NO3--N concentrations observed in the drainage water from the microcosms were similar to those for the soil soluble and extractable NO3--N concentrations. In conjunction with consistent lower NO3--N concentrations in microcosms from the mixed litter treatment, there were markedly lower NO3--N concentrations in the leachate as well. Similarly, during summer, soluble and extractable NO3--N concentrations were reduced remarkably in sub-soils at 10-25 cm depths which corresponded to lower NO3--N concentrations in the drainage water. Thus NO3--N concentrations in soils and drainage water were coupled to an observable extent.  
The amounts of litter mixed below the surface, at 5-15 cm, at a single moment in time were probably anomalously high compared with those for a natural system. Nevertheless, the significant negative correlations between water-soluble DOC in soils and net nitrification during winter, and also that between drainage water NO3--N concentrations and DOC concentrations (Chapter 7), suggest strong coupling and a possible link between patterns observed in the drainage water with those of occurring in soils. Such a DOC contribution to NO3- retention seems likely even for litter at, or very close to, the surface. 
	
6.5. Conclusions	
The microcosm study using soils from freely drained acid grasslands indicates:
	The presence of high C/N ratio litter significantly reduced NO3--N concentrations in winter when leaching was most likely to occur as a consequence of reduced plant N needs and soils remaining moist for longer periods due to reduced evapotranspiration. Litter acted as potential N sink and would actively scavenge N deposited from atmosphere as well as N produced in situ.
	Temperature generally enhanced NO3--N concentrations in summer in surface soils whereas increase in temperature led to NO3--N reduction via microbial NO3--N immobilization in sub-soils. However, litter incorporation modified temperature effects on KCl-extractable NO3--N concentrations at 5-20 cm depth increments. In marked contrast to the control and surface litter treatments at 10-15 and 15-20 cm depth, mixed litter showed positive response to increase in temperature for KCl-extractable NO3--N concentrations. 
	Water-soluble DOC concentrations correlated negatively, but not significantly, to NO3--N concentrations during winter; however, in summer the relationship was positive which may suggest changes in biological controls between interactive relationship of NO3--N and DOC concentrations. Similar to this relationship, there was significant positive relationship between soil extractable NO3--N concentrations and soil C over summer at weeks 21 and 31 which highlights a dynamic relationship between DOC, soil C and NO3--N concentrations. 
	It was evident that litter enhanced NH4+-N concentrations in surface soils (0-5 cm) and sub-surface soils (5-10 and 10-15 cm) (Chapter 5). When relationships between NH4+-N and NO3--N concentrations were assessed for each treatment, it became evident that substrate NH4+-N availability alone was not sufficient in these acid soils; however, when temperature increased and enhanced nitrification, and relationships became significant. 







































A modified version of this chapter has been published as
Riaz et al., 2010, Biogeochemistry (accepted subject to minor revision)
7.1. Introduction
Litter layers provide an integral link in the interactive biogeochemical cycles of C and N in natural and semi-natural ecosystems. They exert multidirectional effects on soil physico-chemical properties, on nutrient element cycling and bioavailability, and soil faunal diversity and composition (Hättenschwiler et al., 2005; Sayer, 2006).  Litter biodegradation is generally considered a key factor to the availability of N, P, S and other nutrients, and hence regulates fertility and primary productivity within an ecosystem (Kuperman, 1999; Liu et al., 2006; Henry et al., 2008). Soil organic matter (SOM) forms a fundamental nutrient pool in grasslands where litter deposition and decomposition provide an energy flow continuum and essential nutrients for biogeochemical transformations (Dubeux et al., 2007; Enrique et al., 2008).
	Litter decomposition releases dissolved organic nitrogen (DON) and dissolved organic carbon (DOC) into mineral soils (Homann and Grigal, 1992; Kalbitz et al., 2000). Subsequent mineralisation of the organic N into bioavailable inorganic N (NH4+-N and NO3--N) is regarded a key process for soil-based N release (Davidson et al., 1992; Myrold, 1999; Ritter, 2005).
	There is extensive evidence that fresh, recently added litter and plant residues are major sources of DOC which percolates into mineral soil layers (Qualls and Haines, 1992; Kaiser et al., 1997; Kalbitz et al., 2000). Once in mineral soil layers, DOC can be exported to ground and surface waters, act as a metabolite for microbes, and/or be retained on soil mineral surfaces by abiotic mechanisms, predominantly sorption to soil particles (Kalbitz et al., 2000; Nieder and Benbi, 2008). These factors were considered to explain the decline in DOC concentrations along depth gradients (Qualls and Haines, 1992; McCracken et al., 2002). DOC has well-established ecological significance as it may play a key role in translocation, especially for the nutrient elements N, P and S (Kaiser et al., 2001), metals (Tipping, 2002) and organic pollutants (Chiou et al., 1986). Lavelle et al. (1993) prioritized three factors controlling litter decomposition: climate > litter > soil organisms. Among the climatic factors, seasonal variations in temperature and moisture can have pronounced effects on DOC concentrations and fluxes. There is a strong evidence that increase in temperature enhances the concentrations and fluxes of DOC leached (Gödde et al., 1996; Andersson et al., 2000). Field studies have therefore demonstrated the highest DOC concentrations in summer and autumn (Michazlik and Matzner, 1999; Solinger et al., 2001). 
	It is generally believed that concentration of dissolved inorganic nitrogen (DIN) (NO3--N + NH4+-N) leached is usually higher than that of dissolved organic nitrogen (DON) (Khanna, 1981); NO3--N is predominately the major form of DIN exported out of soil profiles, especially from heavily N-impacted ecosystems which have attained a N-saturated state (Aber et al., 1998). In contrast, NH4+-N mobility is thought to be an insignificant contributor to DIN losses (Fernando et al., 2005). Recent investigations, however, have shown that NH4+-N can be substantially mobile in some ecosystems (Mian et al., 2009; Lorz et al., 2010). 
	However, with growing interest in DON measurements, it has been shown that DON may constitute up to 94% of total dissolved nitrogen (TDN) lost in deciduous forests (Qualls et al., 1991). Hawkins et al. (1997) reported that 20% of TDN was lost as DON in lysimeters draining grassland in Devon, UK. A recent study of Welsh grassland showed that DON can lead to surface water N enrichment as well (Jones et al., 2004). Campbell et al. (2000) listed studies showing ≥50% DON contribution toward TDN fluxes in throughfall, soil solutions and stream waters. The DON mobility is largely controlled by its sorption to soil minerals, and to lesser extent by microbial up take and biodegradation processes (Qualls and Haines, 1992). However, Gregorich et al. (2003) found DON more biodegradable than DOC and reported 50% DON mineralization in 10 days. As for DOC seasonal variation, Currie et al. (1996) found increased DON concentrations during late summer in forest floor leachates in the northeastern United States and linked this to accelerated litter decomposition in summer. 
	There are, however, contrasting points of view in the literature about the similarity in seasonal patterns of DOC and DON dynamics. Michalzik et al. (2001) studied 42 soils in forested ecosystems and found strong positive correlation between DOC and DON fluxes. Similarly DOC and DON concentrations were highly positively correlated in stream water (Harriman et al., 1998; Goodale et al., 2005). However, decoupling between DOC and DON has also been found, suggesting different factors at least partially regulate the dynamics of each determinant (Solinger et al., 2001). This can particularly happen, as suggested by McDowell (2003), in long-term N-manipulation studies in which N fertilization doubled the DON whereas DOC concentrations were not affected. He emphasised the need to gain insights into high variations in DOC:DON ratios in soil solution to better understand the ecological significance of DON. 
	Despite the widespread potential for DOC and DON to be exported to aquatic systems, most recent research has targeted only forests (e.g. Magill and Aber, 2000; Solinger et al., 2001; Lajtha et al., 2005; Park and Matzner, 2006), rather than managed agricultural systems (e.g. Murphy et al., 2000; Jiao et al., 2004) or grassland ecosystems (e.g. Ghani et al., 2007; Sanderman et al., 2008). When Kalbitz et al. (2000) reviewed extensive literature to explore the factors regulating DOC and DON dynamics, they largely discussed studies from forest ecosystems. Very recently, Ghani et al. (2007) looked at DON in various ecosystems and its mobility into water bodies, and advocated better quantification of DON in agricultural and grassland systems.  Studies of DOC dynamics in grasslands are especially rare, even although European ecosystems comprised 30% of grasslands and their contribution to C storage is similar to that of forest soils (Arrouays et al., 2001).
	From the preceding discussion, our understanding of the dynamics of DOC and DON, their mobility through mineral soils into water bodies and their seasonal variations in grasslands remained largely unexplored. Therefore, a litter manipulation microcosm study was conducted at outdoor ambient temperatures for a freely draining acid grassland soil near York, UK to answer following key questions: 
	To what extent presence of the litter at surface and/or in subsurface soil of an acid grassland affect concentrations and fluxes of DIN (NH4+-N+NO3--N+ NO2--N), DON, TDN and DOC in drainage water?
	How do the seasonal changes in temperature from winter to summer affect DIN, DON and DOC dynamics associated with the presence of such litter?
	If considerable amounts of DIN and DON do occur in drainage water; how do mobile anion (SO42- and Cl-) concentrations and DOC concentrations influence the mobility of DIN and DON through the soil profile into drainage water?

7.2. Materials and methods
7.2.1. Characteristics of the study site
Soils were sampled from an N-impacted, freely draining, acid grassland at Hob Moor, a Local Nature Reserve near York, United Kingdom (5357′′30′N and 144′′8′W). The detailed description of the site and soil characteristics can be found in Chapter 2, section 2.2.1. Briefly, Hob Moor is generally dominated by low fertility soils consisting of slowly permeable clay loams and more freely draining (and more acidic) very fine sandy loams to loamy sands. However, the soil sampling area selected for the current study is not grazed and is coarse textured and freely draining. The soils have distinct litter layers, but exhibit some observable soil faunal activities responsible for at least partial incorporation of litter into the mineral subsoil horizons.  

	
7.2.2. Litter and soil sampling, preparation, microcosm construction and experimental set up
Soils and litter sampling location (Fig. 5.2), sampling strategy and procedure, handling, transportation and preparation for the microcosm study have been discussed in detail in Chapter 5, section 5.2.2. A schematic diagram of microcosm construction by reconstituting sampled soils, the experimental set-up (Fig. 5.3), the treatment plan, the destructive sampling strategy and the experimental layout at ambient outdoor (Fig. 5.4) were detailed in Chapter 5 section 5.2.2. Briefly, soils at five 5-cm increments were sampled down to 25 cm depth from an area of 10 m  10 m, after litter layer sampling and removal. Homogenised composite samples were prepared using soils sampled from each depth increment. Soils and litter composite samples were freed from any obvious stones, live vegetation and intact coarse roots by hand sorting and also passing through a 2.0 mm sieve.  Four analytical subsamples were derived randomly from each soil and the litter composite sample for initial physico-chemical analysis. 
	Microcosms were reconstructed using soils from the 5 sampled depths added in their natural sequence. The following treatments were used: 
4.	Control (without addition of litter).
5.	Surface litter (20 g litter equivalent to 2 cm thick litter layer in the field, was placed at surface).
6.	Mixed litter/subsurface litter treatment (20 g litter was divided into 3 equal portions and a portion added to each of the soils from 0-5, 5-10 and 10-15 cm depths).
The microcosms were constructed in 29 cm long PVC pipes (inner diameter = 6.4 cm) which were lined with pre-washed and dried thin polyvinyl acetate cylinders to facilitate core removals at each of the 4 destructive sampling dates for the research in Chapters 5 and 6.   The soils were refilled in their natural order by using the pre-weighed masses of soils for each depth increment measured using a series of 5 cm-deep cores. The microcosms were sealed at the bottom with a perforated plastic cap containing 140 μm nylon mesh under a thin layer of acid-washed quartz sand. The microcosms were brought to field-capacity by wetting them from the bottom with deionised water over night. They were allowed to drain to achieve field capacity status. 
	The experiment was conducted under outdoor ambient cold weather conditions in York and proceeded from 01/12/2008 (early winter, week 1) to 06/07/2009 (mid summer, week 31). The microcosms were held vertically, in large plastic boxes fitted with a supporting framework, over plastic funnels draining into plastic leachate-collecting bottles covered with thick black plastic sheeting to protect them from sunlight (Fig. 5.4). The boxes were kept under an open-sided roof structure to protect them from direct sunlight and rain. Daily air temperature was noted at ca. 12:00 noon. 
	After 5, 11, 21 and 31 weeks at outdoor ambient temperature conditions, 3 replicates cores from each treatment were selected at random, and were returned to the laboratory for destructive sampling.  The results of the soil destructive sampling were discussed in Chapters 5 and 6. 

7.2.3. Simulated rain preparation, application and drainage water collection
For simulated rain formulation, rain water was collected weekly for over 4 months of the previous winter period in 2007 in a pair of rain gauges at Hob Moor, and analysed within 1-2 days of collection for calculation of an appropriate mean formulation for simulated rain (Table 5.2). The simulated rainfall contained 0.7 mg/l of NH4+-N and 0.32 of mg/l NO3--N which were equivalent to weekly fluxes of 19.58 and 8.95 mg N/m2 respectively. The simulated rain contained no DON or DOC. A dose of 45 ml of simulated precipitation, corresponding to ca. 14 mm of rainfall, was applied to the cores twice each week. Rainwater was sprinkled gently to avoid any disturbance to underlying litter and soil layers and cores were allowed to drain freely. After the application of the second dose of simulated rain, a time gap of 24 hours was given for cores to drain before the drainage water samples collected in pre-labelled plastic bottles were taken for analysis. Three replicates of drainage water from each treatment were analysed each week. 

7.2.4. Analytical protocols
7.2.4.1. Litter and soil initial physico-chemical characteristics
The analytical protocols for soil physical and chemical characteristics are discussed in detail in Chapters 2 and 5 in sections 2.2.3 and 5.2.5 respectively. In summary, the pH values of soil and litter were measured on field moist samples at a 1:5 m:v (soil:solution) ratio both in water and 0.5 M KCl with a glass/calomel combination electrode and a pre-calibrated Thermo Orion 420 pH meter (Riaz et al. 2009; Chapter 5). The moisture contents were determined gravimetrically by oven drying the fresh, field-moist soils to constant mass at 105 C. The oven-dried soil and litter sample residues from moisture content determinations were ground to fine powders using a Retsch MM200 ball-mill at 25 Hz for 3 min. The finely ground samples were used to determine C, N and C/N ratio on an Elementar Vario Macro CN analyser, pre-calibrated with glutamic acid. Fresh field-moist litter and soil samples were extracted with 0.5 M KCl at 1:5 m:v (soil:solution) ratio by shaking them on oscillating shaker for 2 h. The suspensions were allowed to settle for 10 min before filtering through Whatman No. 42 filter papers into acid-washed and distilled water rinsed pre-labelled plastic bottles. The extracts were stored at 4 C before they were analysed for NH4+-N and NO3--N within 4 days using a Bran and Luebbe Autoanalyser-3 by a standard protocol with matrix-matched standards and reagent blanks. Soil texture was assessed by the method of Batey (1988). 

7.2.4.2. Weekly drainage water analysis and flux calculations
Three drainage water samples per treatment were analysed weekly after recording their volumes.  Prior to their filtration, drainage water pH was measured using a Thermo Orion 420 pH meter and glass/calomel electrode, and electrical conductivity (EC) (μS/cm) using Hanna Portable Conductivity Meter HI 9033. The drainage water samples then were filtered through 0.45 μm Millipore membrane filters and analysed for NH4+-N and NO3--N using a Bran and Luebbe Autoanalyser-3 and TDN on a Bran and Luebbe Autoanalyser-2 by a standard protocol with matrix-matched standards and reagent blanks. DON was calculated using the difference method [DON = TDN – (NH4+-N + NO3--N+ NO2--N)]. 
	DOC concentrations in the drainage water samples were determined using an Elementar Liquitoc TOC analyser, and major anions i.e. chloride (Cl-), sulphate (SO42-), fluoride (F-) and phosphate (PO43-), using ion chromatography (Dionex DX-120). However, F- and PO4-3 were rarely detectable, so are not included in the results and discussion sections of this chapter. The fluxes of N determinants and DOC were calculated using concentrations and the output drainage water volume, and were expressed as mg N m-2 and mg C m-2 respectively. The cumulative input fluxes, output fluxes and their net balances in the drainage water were also calculated by summing up the individuals flux values for each replicate from each treatment over 31 weeks.  

7.2.5. Statistical analysis
DIN, DON and DOC concentrations and fluxes represent volume-weighted means (n=3) for each treatment. Data were assessed for normality and, if needed, the data were log transformed for homogenization prior to analysis; however, arithmetic means of untransformed data are presented unless otherwise noted. Analysis of variance (ANOVA) was used to test for significant differences between treatments at specified weeks. Tukey’s HSD post hoc test (α = 0.05) was used for multiple means comparisons for significant treatment effects only. Pearson’s correlation co-efficients (r) were used to study the relationships between drainage water chemical determinants. Regression analyses were performed to establish temperature effects on the DOC:DON ratio and the DON:DIN ratios. All statistical analysis was performed using SPSS 17 for Windows software.

7.3. Results 
7.3.1. Initial physico-chemical characteristics of litter and soils






















Table 7.1: Characteristics of the litter and soils used for the study.
Soil physico-chemical properties	Litter layer	Soil mineral layers
		0-5 cm	5-10 cm	10-15 cm	15-20 cm	20-25 cm
pH (water)	4.75 ± 0.05	4.32 ± 0.01c	4.33 ± 0.00c	4.35 ± 0.00b	4.37 ± 0.00b	4.40 ± 0.00a
pH (KCl)	3.84 ± 0.05	3.29 ± 0.00e	3.36 ± 0.00d	3.48 ± 0.00c	3.57 ± 0.00b	3.61 ± 0.00a
Moisture content (%)	114 ± 6.17	33.1 ± 1.58a	23.5 ± 0.33b	22.4 ± 016b	21.8 ± 0.09b	20.4 ± 0.00b
C (%)	22.3 ± 0.93	7.97 ± 0.47a	3.82 ± 0.07b	3.07 ± 0.04bc	2.47 ± 0.05c	2.61 ± 0.07c
N (%)	1.26 ± 0.05	0.50 ± 0.03a	0.27 ± 0.00b	0.23 ± 0.00bc	0.19 ± 0.00c	0.19 ± 0.00c
C/N ratio	17.7 ± 0.09	16.1 ± 0.16a	14.2 ± 0.06b	13.5 ± 0.15c	12.8 ± 0.08d	13.4 ± 0.24cd
Soil texture* 	Na	LFS	LFS	LFS	FSL	FSL
KCl-extractable NH4+-N	173 ± 7.01	21.4 ± 0.47a	6.30 ± 0.11b	4.10 ± 0.32c	3.36 ± 0.35c	3.19 ± 0.37c
KCl-extractable NO3--N	2.97 ± 1.65	2.90 ± 0.34	1.95 ± 0.12	2.50 ± 1.0	1.59 ± 0.35	1.17 ± 0.15
* = Soil texture was assessed by the hand method of Batey (1988) (LFS = Loamy fine sand, FSL = Fine sandy loam)
Values are followed by ± standard errors of means (n=4). Means in each row sharing different letters differ significantly from each other at P<0.05 for mineral soil layers only. 








7.3.2. Litter effects on drainage water N dynamics
7.3.2.1. Changes in NO3--N concentrations
Concentrations of DIN were dominated by NO3--N in the majority of the 31 weeks for all three treatments (colourless sections of each bar in Fig. 7.1). From week 2, in early winter, NO3--N remained much higher in the control and surface litter treatments (Figs. 7.1a and b) compared with the subsurface litter treatment (Fig. 7.1c). However, the differences in NO3--N concentrations among the treatments were significant only during weeks 3, 7, 8, 10 and 14 (P<0.05). During the early winter period up to week 9, below-ground presence of litter (subsurface litter treatment) remarkably reduced NO3--N in the drainage water (Fig. 7.1c). For the control and surface litter treatment (Figs. 7.1a and b), concentrations of NO3--N declined sharply in the drainage water from the start of marked freeze-thaw events during weeks 10 to 12 and remained typically below 1 mg/l until week 31 in late summer. From weeks 16 to 22, NO3--N for the surface litter treatment remained below the detection limit (Fig. 7.1b). During weeks 15, 16 and 19 for the control treatment (Fig. 7.1a) and 13 and 23 for the subsurface litter treatment (Fig. 7.1c), NO3--N remained undetectable. However, NO3--N showed increasing trends from week 24 to week 30 (late summer) for each treatment (Fig. 7.1). Concentrations of NO3--N in the drainage water from the subsurface litter treatment were slightly higher between weeks 15 to 31 than those for other treatments, but the differences were never statistically significant. 

7.3.2.2. Changes in NH4+-N concentrations


















Figure 7.1: DIN concentrations (mg/l) for (a) control, (b) surface litter and (c) subsurface litter treatments from week 1 (1-8 December 2008, early winter) to week 31 (30 June to 6 July 2009, mid summer). All values are means of 3 replicates. Bars with (*) show significant differences for DIN between the treatments at specified weeks. Bars sharing different letters differ significantly from each other at P<0.05 for NO3--N concentrations at specified treatments. 

7.3.2.3. Changes in DIN concentrations
Concentrations of DIN for the subsurface litter treatment (Fig. 7.1c) remained consistently lower than those for other treatments until week 11 (winter) and the differences were significant (P<0.05) during weeks 3, 7 and 8 compared with the control and surface litter treatments (Figs. 7.1a and 1b). During the freeze-thaw events (weeks 10 to 12), a relatively large flush of NH4+-N resulted in much higher DIN production for  the control and surface litter treatments compared with the subsurface litter treatment. NH4+-N share towards the DIN concentrations was relatively higher from weeks 26 to 30 (summer) for the surface litter treatment. However, for the subsurface litter treatment compared to the other treatments from weeks 17 to 22 (late winter to early summer), 24, and 26 to 30 (mid summer), DIN remained higher in the drainage water but the differences were statistically significant (P<0.05) only at weeks 21 and 22 (Fig. 7.1). 

7.3.2.4. Changes in DON concentrations
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7.3.2.5. Changes in TDN concentrations
Concentrations of TDN in the drainage water were affected significantly by the application of litter either at surface or below-surface (F=17.044, P<0.001; Fig. 7.2b). TDN started rising sharply for the control and surface litter treatment from week 1 (early winter) and peaked during week 5 for the control and week 6 for the surface litter treatment; largely this reflects the corresponding NO3--N data in Figures 7.1a and b. In contrast, TDN in drainage water from the subsurface litter treatment remained much lower at this time in winter (weeks 3 to 11) compared with the control and surface litter treatment, reflecting the lower NO3--N contribution for this treatment. TDN from each treatment was lower in the drainage water from week 12, remaining relatively constant between weeks 14 to 21 but increasing slowly from weeks 23 to 31 (summer). The latter reflects increases in both DIN and DON over the corresponding period. 
	The DON as % of TDN, for each treatment decreased in the order: control (mean=57.4%, minimum=2.3%, maximum=99.4%, n=90) < surface litter (mean=60.8%, minimum=5.9%, maximum=97.7%, n=90) < subsurface litter (mean=64.7%, minimum=17.7%, maximum=98.6%, n=90). Mean weekly data from the three treatments showed that TDN constituted 15-96% of DON over 31 weeks (data not shown).   

7.3.3. Litter affects on drainage water DOC concentrations 






7.3.4. Drainage water DIN, DON and DOC fluxes 
The NH4+-N fluxes  remained below 20 mg N/m2/week (ca. 0.2 kg N ha-1 w-1) for each treatment, but were higher in early winter (weeks 1 to 7) for the subsurface litter treatment and in mid summer for the surface litter treatment (Fig. 3a). The large flush of NH4+-N during the freeze-thaw cycles in weeks 10 to 12 provided substantial amounts of N leached as NH4+-N in drainage water. The  NH4+-N fluxes during weeks 10 to 12 accounted 60, 68 and 39% of the total NH4+-N flux for the control, surface litter and subsurface litter treatment respectively (from Fig. 7.3a). 
	NO3--N flux in the drainage water was considerably higher from the control and the surface litter treatment compared with the subsurface litter treatment during weeks 1-9 in winter (Fig. 7.3b). Later, NO3--N fluxes were generally higher for the subsurface litter treatment (during weeks 15 to 19, 24, 26 to 29 and 31 in summer). There were slight increases in NO3--N fluxes for all treatments during weeks 24 to 31 in summer. In winter over weeks 1-9, cumulative fluxes of NO3--N in the drainage water for the control treatment (583 mg N m-2 or 5.83 kg N ha-1) and the surface litter treatment (563 mg N m-2 or 5.63 kg N ha-1) were much higher compared with fluxes for the subsurface litter treatment (130 mg N/m2 or 1.30 kg N ha-1) (from Fig. 7.3b). 
	DON fluxes fluctuated relatively more over time and generally remained between 10 to 40 mg N m-2 week-1 for the three treatments with occasional higher weekly DON fluxes (≥ 50 mg N m-2 week-1) for the surface litter treatment in summer(weeks 18 and 31) (Fig. 7.3c). However, in winter from weeks 3 to 12 and in week 15, the subsurface litter produced higher fluxes compared with the control and the subsurface litter treatments. The surface litter treatment resulted in higher DON fluxes from weeks 18 to 21 and then during weeks 24 to 31 in summer, compared with the control and the subsurface litter treatment (Fig. 7.3c). 







                                         




7.3.5. Temperature regulation of drainage water DON and DOC dynamics
When fresh litter was applied, it was thought that it would initially decompose faster during the early stage of the experiment regardless of the low winter temperature. A surge in decomposer activities can lead to a flush of DOC but not DON as litter can substantially retain N at early stages of decomposition (Figs. 7.2a and c). Consequently, when assessing the long-term temperature impact on DOC and DON, data points from weeks 1 to 3 observations were excluded from data analysis. 
	Possible temperature dependence of DON and DOC, from weeks 4 to 31, is shown in Figs. 7.4 and 7.5 respectively. Responses for each treatment type to changes in ambient temperature were remarkably similar for DON and DOC. Temperature apparently had significant positive effect on DON production for the control treatment (R2=0.31, P<0.01; Fig. 7.4a). Similarly, when litter was present at the surface, DON had significant positive correlation with temperature (R2=0.56, P<0.001; Fig. 7.4b). However, there was non-significant negative correlation between DON and temperature for the subsurface litter treatment (R2=0.05, p=0.267; Fig. 7.4c). 
	The general increase in temperature from winter to summer apparently had a similar significant positive effect on DOC for the control and the surface litter treatments; the effect, as for DON, was much stronger for the surface litter treatment (R2=0.75, P<0.001; Fig. 7.5b) than for the control treatment (R2=0.31, P<0.01; Fig. 7.5a). However, for the subsurface litter treatment, temperature had a weak but significant negative effect on DOC in the drainage water (R2=0.15, P<0.05; Fig. 7.5c). 










































7.3.6. Relationships of DIN, DON and DOC concentrations with pH, EC, SO4-2 and Cl-
DIN and DON concentrations in drainage water were significantly negatively (P<0.01) correlated for each treatment (Table 7.2). DIN and DOC were significantly and negatively correlated (P<0.01) for the surface litter treatment only. DOC and DON concentrations showed significant positive (P<0.01) correlations for all treatments. 
	DIN showed a significant negative (P<0.01) correlation with pH and DON a significant positive correlation (P<0.01) with pH for the control treatment. DON was also negatively correlated (P<0.05) with pH for the subsurface litter treatment (Table 7.3). DON and DOC were significantly negatively correlated (P<0.01) with EC for the control and surface litter treatments only. Interactions between DOC and Cl- were significant and negative (P<0.01) for the control and surface litter treatments. Both SO42- (P<0.01) and Cl- (P<0.05) concentrations resulted in significant positive correlation with DON for the subsurface litter treatment (Table 7.3). 
	DOC showed negative correlations with NO3--N for the control (r = -0.259, P<0.05, n = 76), the surface litter (r = -0.379, P<0.01, n = 69) and the subsurface litter treatment (r= -0.425, P<0.01, n = 84). In contrast, NH4+-N and DOC were correlated positively (r = 0.441, P<0.01, n = 90) for the subsurface litter treatment but not for the control and subsurface litter treatments. The concentrations of NH4+-N were also positively correlated (r=0.243, P<0.05, n=90) with SO42- concentration for the subsurface litter treatment.

7.3.7. Effect of DOC:DON ratio on N dynamics






Table 7.2: Correlation matrix of DIN, DON and DOC concentrations for each treatment.  










** = P<0.01 level of significance
ns = non-significant results

Table 7.3: Correlation coefficients of drainage water pH, EC, DOC, SO4-2 and Cl- with drainage water DIN, DON and DOC concentrations for each treatment. 













* = P<0.05 
** = P<0.01 level of significance




Table 7.4: Effect of DOC:DON ratio on leachate NO3-, NH4+ and DIN concentrations.































7.3.8. Net cumulative N and C flux balances in drainage water
Cumulative input flux for NH4+-N was 588 mg N/m2 and that for NO3--N was 269 mg N/m2 but zero for  DON or DOC (Table 7.5). There was no significant difference between the treatments for cumulative output NH4+-N flux. However, cumulative NO3--N flux in the drainage water was significantly (P<0.05) lower from the subsurface litter treatment compared with the control and the surface litter treatments. Cumulative DIN and TDN outputs were lowest from the sub-surface litter treatment. Cumulative DON fluxes were significantly (P<0.05) higher for litter treatments compared with the control treatment. The cumulative output TDN flux, calculated from Table 7.5, contained the relative contributions of NH4+-N, NO3--N and DON shown in Fig. 7.7. For litter treatments, the presence of litter compared with the control resulted in higher share of DON in the TDN output fluxes (46% for surface litter, 62% for subsurface litter), and lower shares of NO3--N. However, the contribution of NH4+-N in the cumulative TDN output flux was higher for the surface litter treatment (19%) compared with the control (14%) and the subsurface litter treatments (13%). Cumulative DOC fluxes differed significantly (P<0.05) between the treatments and varied in the order: control < subsurface litter < surface litter (Table 7.5). 















Table 7.5: Cumulative N input-output budget (mg N/m2) and cumulative amount of C (mg C/m2) leached in drainage water over the 31 weeks duration. Weekly fluxes from each of 3 replicate drainage samples for each treatment over 31 weeks were summed and used to test for significance differences between treatments by ANOVA and Tukey’s HSD post hoc test. 
Treatment	Input in simulated rain	Output in drainage water	Net balance*	Net TDN balance in drainage water
	NH4+-N	NO3--N	DIN	NH4+-N	NO3--N	DIN	DON	TDN	DOC	NH4+-N	NO3--N	DIN	
Control	588	269	857	231a	710a	941a	678a	1601ab	16156a	(-) 357a	(+) 441a	(+) 84a	744ab
Surface litter	588	269	857	348a	657a	1005a	836b	1782a	20703b	(-) 240a	(+) 388a	(+) 148a	925a
Subsurface litter	588	269	857	161a	325b	486b	802b	1278b	19037c	(-) 427a	(+) 56b	(-) 371b	421b
* = (-) net retention and (+) net loss.















7.4.1. Litter effects on DIN concentrations and fluxes
Litter effects on DIN concentrations in the drainage water in winter differed substantially depending on whether it was applied on or below the surface. However, there were no convincing differences in DIN concentration in drainage water between the control and surface litter treatments. DIN in the drainage water, particularly from the control and surface litter treatments, was dominated by NO3--N in winter until week 9, though differences between the treatments were significant only in weeks 3, 7 and 8. The mobility of NO3--N into surface and groundwaters is a frequently observed phenomenon, especially in winter when biological N uptake is reduced many fold (Chapman and Edwards, 1999). The peaking of NO3--N in drainage water in winter, particularly for the control and surface litter treatments, is in line with many studies (e.g. Likens et al., 1970; Skinner et al., 1997). Similar trends have been found in the Lake District, UK (Sutcliff et al., 1982), in upland moorland catchments (Chapman, 1994) and in the River Derwent, N. Yorkshire, UK (Mian et al., 2010). But the presence of litter as the subsurface treatment remarkably reduced the NO3--N in the drainage water in winter (significant in weeks 3, 7 and 8 only) suggesting enhanced NO3--N retention probably by microbial immobilization. This may be attributed to the quite high C/N ratio (17.7) of incorporated litter which potentially immobilized the available NO3--N and reduced its mobility through drainage water (Christ et al., 2002). Hefting et al. (2005) also noticed that decaying leaf litter resulted in small, but significant amounts, of NO3--N immobilization in winter in riparian zones they studied. It is also noticeable that subsurface litter pre-dominantly immobilizes NO3--N as differences between the treatments for NH4+-N concentrations were not significant except in week 4,  whereas NO3--N concentrations were greatly reduced. 
	Appreciable amounts of NH4+-N occurred in the drainage water from each treatment throughout the experiment but with distinct temporal variations which is perhaps surprising as NH4+-N mobility usually is largely ignored (Fernando et al., 2005). Very recently, Mian et al. (2009) and Lorz et al. (2010) have proved that NH4+-N can contribute significantly towards DIN in soil leachates.  I observed clear freeze-thaw cycle effects on NH4+-N which resulted in large flushes of NH4+-N in the drainage water during weeks 10 to 13; this effect was highest for the surface litter treatment, followed by the control and subsurface litter treatments which could be due to increased N mineralization after soil freezing (Edwards and Cresser, 1992). Hinman (1970) studied the impact of repeated freeze-thaw events on some Canadian soils and found increased extractable NH4+-N while NO3--N concentrations remained unaffected.  
	Taking into account the input DIN concentrations (1.02 mg N l-1) in the simulated rain, it is quite obvious that litter layers and organic matter-rich surface soil layers were the source of additional DIN in the drainage water in winter, probably via decomposition of fresh organic matter. Bryant et al. (1998) found higher N release from plant litter at early stage of decomposition. On the other hand, decaying litter in the subsurface litter treatment retained most of the DIN in winter. DIN concentrations increased gradually in the late summer with the increase in temperature. Williams and Anderson (1999) found substantial amounts of NH4+-N produced in the litter layer and potentially moved into lower mineral soils layers. Riaz et al. (2008) also suggested that the drainage water DIN concentrations represent the net effects of N mineralization and immobilization in the soil profiles. Gradual increases in DIN concentrations in summer with the increase in temperature may simply reflect temperature effects which enhance the organic matter mineralization, as described by Sierra (1997). 
	Fluxes of DIN followed similar trends and patterns to those for DIN concentrations with respect to treatment effects and temporal variations. NH4+-N fluxes leached during the freeze-thaw cycles contributed substantially towards the cumulative flux over 31 weeks, especially for the control and surface litter treatments (> 60%) , but much less (<40%) for the subsurface litter treatment which strongly suggests that the subsurface litter treatment moderated the effect of freeze-thaw cycles. Similarly, for NO3--N flux, the subsurface litter treatment retained NO3--N much more efficiently in winter, when NO3--N leaching could potentially occur to degrade water quality. 

7.4.2. Litter effects on DOC and DON dynamics
Litter addition, both as surface and subsurface treatments, enhanced the DOC concentrations in the drainage water. The sharp decline in DOC concentrations until week 4 could be attributable to an initial flush of DOC from decomposition of freshly added litter (Fröberg et al., 2007). It may partly be due the fact that soils and litter were re-packed to construct microcosms, hence disturbed from natural conditions which could result in the system being much more dynamic and organic matter turning over relatively faster. After the first 3 weeks, when the initial DOC flush was over, litter presence, either as surface and/or subsurface treatments largely produced higher DOC compared with the control throughout the experiment. Müller et al. (2009) noted substantial DOC generation from litter layers in various litter manipulation studies. Don and Kalbitz (2005) also suggested that litter inputs are the main source of DOC and regarded litter decomposition as the driving factor for DOC dynamics. However, considerably higher DOC generation in summer may indicate that partially humified organic matter was contributing to that DOC, when the DOC source from fresh litter would have diminished (Michalzik et al., 2003). DOC concentrations fell even for the control treatment over the first 3 weeks, which may indicate that partially decayed litter naturally present along with some fresh litter in the mineral soils was contributing to DOC generation for this particular treatment.  It should be considered, however, that DOC in the drainage water is the net result of its production in the litter and/or top soil layers and retention in the underlying mineral soil layers as reduction in DOC with depth gradient is frequently reported in the literature, and the decrease is primarily thought to be related to retention via sorption to soil particles rather than degradation (e.g. reviewed by Kalbitz et al., 2000). 
	Unlike DOC, DON showed no signs of any initial flush, which may reflect that litter layers were acting as a N sink during early stages of litter decomposition (Berg and Cortina, 1995).  However, the DON concentrations in drainage water remained remarkably higher in early winter to mid summer for litter-treated microcosms. Park and Matzner (2006) found a small increase in DON concentrations after application of fresh litter. While discussing the origins of DON found in stream water, Campbell et al. (2000) listed various sources, including throughfall, leaching, decomposition of litter and organic matter.  DON sinks include adsorption to mineral and organic particles, and removal by plant and microbial uptake; however, the latter is considered much less important (Finlay et al., 1992; Northup et al., 1995). In contrast, Gregorich et al. (2003) found 50% DON mineralization in less than 10 days. DON found in the drainage water from each treatment should be interpreted as the net result of these processes. 

7.4.3. Seasonal variations and effects of temperature
When the initial flush of DOC from fresh litter was over (Don and Kalbitz, 2005), DOC showed consistent increase for the surface litter treatment which was highly correlated with mean weekly temperature. A similar, but weaker, relationship was found for the control treatment. A number of studies have shown the highest DOC concentrations in leachates during late summer (e.g. Kaiser et al., 2002; Kalbitz et al., 2000; Yano et al., 2000). Increased DOC in summer is largely attributed to temperature-dependent enhanced biological activity accelerating litter decomposition (McDowell and Likens, 1988). A weak but significant negative correlation was found between DOC and mean weekly temperature for the subsurface litter treatment which may suggest enhanced decomposition of mobile organic matter throughout the soil profile with increase in temperature, or possibly over time.
	Similarly, concentrations of DON were slightly higher in summer for the surface litter treatment compared with the control, and had significant positive correlation with temperature. This increase in DON in late summer may also be attributed to increased temperature which generally triggers decomposer activities (Hedin et al., 1995). However, the significant negative temperature effect on DON for the sub-surface litter treatment may indicate the increase in temperature-dependent consumptive processes rather than productive processes. As for DOC, this effect on DON could partially at least represent changes over time, not necessarily associated with rising temperature. 
	Increase in temperature lowered the DOC:DON ratio of drainage water significantly for the control treatment only. In contrast, DON:DIN ratio was significantly enhanced with increase in temperature for control and surface litter treatments, probably reflecting their high DIN over winter months. However, DOC:DON ratio positively correlated with NO3--N and DIN for the control, and DIN for the subsurface litter treatment. These findings are in contrast with some reported studies where higher DOC:DON ratios in stream waters results in lower NO3--N (Goodale et al., 2005; Lovett et al., 2000).

7.4.4. Inter-relationships of DIN, DON and DOC concentrations 	
DOC and DON were positively associated for each treatment which suggests tight C and N cycling.  Solinger et al. (2001) commented that DON generation was strongly coupled with that of DOC which indicates similar origin, mobility and retention mechanisms. However, a significant negative correlation between DIN and DON concentrations may indicate low biodegradability and bioavailability of DON which could convert DON into DIN. Considering the low pH and acidic nature of soils used in this study, the rate of conversion of DON to DIN may be sustainably low.  
	The significant negative correlations between NO3--N and DOC for the subsurface litter treatment (r=-0.425, P<0.01) and surface litter treatment (r=-0.379, P<0.01) were stronger than that for the control treatment (r=-0.259, P<0.05). This may indicate a potential role for DOC in NO3--N immobilization. Goodale et al. (2005) suggested microbial 	NO3--N retention stimulated by increased DOC concentrations and proposed this as the potential explanation for reduced NO3--N export to a number of streams in New Hampshire in mid 1990s. This may well explain reduced NO3--N concentrations associated with the subsurface litter treatment.
	In contrast, significant positive association of NH4+-N with DOC for the subsurface litter treatment indicates a possible role of DOC in NH4+-N mobility, or that both were generated simultaneously. Stevenson (1994) proposed formation of DOC-NH4+-N complexes particularly when their concentrations were high which could lead to significant NH4+-N export into the drainage water. However, the positive relationship between NH4+-N and DOC contradicts findings of Magil and Aber (2000) who found less DOC release in the presence of added NH4+-N primarily because of enhanced DOC metabolism in the presence of the more readily available form of N. 
	The potential role of mobile anions in NH4+-N mobility may also be considered in the context of DIN dynamics in the drainage water. Significant positive associations were found between NH4+-N and SO42- concentrations for the subsurface litter treatment only. Duckworth and Cresser (1991) found increased NH4+-N mobility from litter horizons in the presence of sea salts inputs from the atmosphere. 

7.4.5. Relationships of DON and DOC concentrations with pH and EC
The significant negative correlation of DON and DOC with EC for the control and surface litter treatment agrees with many reported studies indicating that increase in ionic strength of solution decreases DOC mobility (Kalbitz et al. 2000). No such correlation was found for the subsurface litter treatment which suggests a moderation effect if litter is incorporated into subsurface soil layers. Similarly, the significant positive correlation between DON and pH for the control and subsurface litter treatments supports many laboratory observations (e.g. Vance and David, 1989; Andersson et al., 2000). However, lack of a similar correlation for the surface litter treatment contradicts the findings summarized by Kalbitz et al. (2000). No correlation was found between DOC and pH for any of the treatments.  Nieder and Benbi (2008) discussed the various studies depicting inconsistent relationships between pH and DOC; some had positive associations while others showed no relationship.

7.4.6. Cumulative N and C fluxes and net budgets
Cumulative fluxes of DIN, DON and DOC showed much clearer litter effects on N and C dynamics in this relatively short-term experiment. Significantly lower NO3--N and DIN fluxes in drainage water strongly demonstrate reduction in mineral N losses when litter was manipulated into subsoils. DON fluxes were significantly higher for the litter treatments compared with the control treatment.  This suggests that litter is the major source of DON generation as the simulated rain lacked DON. DOC fluxes were significantly higher for the litter treatments and differed significantly between the treatments,  in line with many studies showing litter as well as humified organic matter contributing to DOC generation (e.g. Currie and Aber et al., 1997; Kalbitz et al., 2000; Neff and Asner, 2001). The subsurface litter treatment significantly reduced cumulative TDN flux compared with the control and also markedly changed the N species composition, resulting in DON dominance over DIN in the cumulative net TDN output flux. 
	Net balance (output-input flux) showed that each treatment on balance retained NH4+-N equivalent to most of the NH4+-N applied in the simulated rain while the positive net fluxes for NO3--N showed that some of NH4+-N  could be nitrified; no treatment effects were significant however. Adamson et al. (1993) found generous NH4+-N production in organic matter-rich soil layers and its complete retention in subsequent mineral soil layers. However, net NO3--N balance shows extra NO3--N production within the soil profiles for the control and surface litter treatment compared with the subsurface litter treatment. An alternative way of interpreting this is that the subsurface litter treatment remarkably and significantly reduced NO3--N and DIN net fluxes. This could be linked to high C/N ratio of added litter which has been shown to immobilize N and restrict its export primarily as NO3--N (Gallardo and Merino, 1998; Idol et al., 2003). The output of DON in drainage water constituted more than 90% of the TDN flux for the control and surface litter treatments. Studies describing the proportion of TDN lost as DON from grasslands usually imply lower proportional loss.  For example, Hawkins et al. (1997) found 20% of total N lost as DON in a grassland ecosystem in Devon, UK.  However, such studies are not considering net fluxes. The role of subsurface litter was strikingly different in this context, as it not only retained most of the DIN but also almost 50% of the DON.  
	Campbell et al. (2000) suggested that the use of stream water C/N ratio, i.e. DOC:DON ratio, could be an effective predictor for N leaching and N status of sites. They perceived DOC and DON measurements in stream water as being advantageous over the soil C/N ratios as they are easy to measure, less prone to spatial variability and provide reliable assessment for the whole watershed. Thus drainage water C/N ratios could serve as useful evaluation parameter for N dynamics and C controls on them from various above and/or below ground resources. In the same context, the current study supports this as a strong linear relationship was found between drainage water cumulative DOC to cumulative DON ratio (C/N ratio) and NO3--N flux which indicates the importance of litter inputs on N dynamics in such acid grassland soils.  

7.4.7. How useful is it to measure weekly fluxes and design a short-term study?
Weekly concentrations and fluxes were measured in the drainage water in the present study. This is not common as researchers mostly look at monthly and seasonal trends in N species concentrations and fluxes. Quantifying weekly fluxes was helpful in detecting timing effects and the importance of events like the flush of DOC from freshly added litter (weeks 1 to 3) and of NH4+-N from freeze-thaw cycles (weeks 10 to 12). Data interpretation highlighted the importance of these two events in quantification of C and N fluxes. It was possible only when experimental design was down-scaled to the weekly measurements level otherwise those pulses of potentially high ecological significance would have been missed. Although the current study was relatively short-term, monitoring drainage water chemistry may indicate long-term changes which can be induced by litter manipulation to soils as suggested by McDowell et al. (2003). 

7.5. Conclusions 
This reconstituted microcosm study, using freely draining sandy acidic grassland soil from Hob Moor, York, was conducted at outdoor ambient temperatures for 31 weeks, from early winter to late summer. It showed:  
	Litter manipulation altered the DIN dynamics and the presence of litter as subsurface litter treatment remarkably reduced NO3--N concentrations in the drainage water in winter when NO3--N is more likely to be lost due to reduced biological uptake.
	The NH4+-N concentrations in the drainage water were noticeable for each treatment. Freeze-thaw cycles mobilized NH4+-N, but less markedly for the sub-surface litter treatment.
	DOC showed significant negative association with NO3--N concentrations for each treatment suggesting a role for DOC in reducing NO3--N export in drainage water as DOC may enhance microbial retention of NO3--N.
	Temperature apparently increases enhanced DOC and DON in drainage water in summer, but the subsurface litter treatment moderated the effect.  
	Significant differences between treatments for cumulative DOC and DON fluxes suggested litter was primary source of their generation. 
	Net cumulative TDN fluxes suggested complete DIN and partial DON retention associated with the subsurface litter treatment. 































































8.1. Site selection rationale 
The site selected for the study was an ancient, unfertilized and unimproved grassland near York, UK, managed to optimize biodiversity rather than for agricultural production. The site has received N from the atmosphere in the recent past (Cresser, personal communication), and currently is receiving 20-25 kg N ha-1 y-1 from the atmosphere (Riaz et al., 2009). It was believed therefore that N status of the soil profiles would represent changes in natural N cycling pools and processes in response to N deposited from atmosphere. 
Crowe et al. (2004) studied a stagno-gley argillic brown earth profile from Hob Moor and showed that it contained 12.5 tonnes N ha-1 down to 36 cm depth, and the soil profiles always had a C/N ratio <10.0 at the depths they studied. This quite low C/N ratio, especially in sub-soils, may be viewed in the context of N being deposited over recent decades and being mobilized down the profile. Whitehead et al. (2002) studied the effects of excessive N leaching on C/N ratio in surface soils and sub-soils from the Tillinbourne catchment in southern England. Their stream water analyses over 1979-1982 and 1999-2001 showed a 216% increase in N leaching from the catchment in spite of reduction in N deposition. They also found a decrease of 26-38% in C/N ratio of humus layer and 26-33% in mineral soil layers.  The study by Crowe et al. (2004) indicated that N deposition to the semi-natural grassland at Hob Moor, could potentially disrupt N cycling and lead to N leaching down the soil profiles to well below the rooting zone; however, this evidence was indirect and had not addressed the spatial and temporal variations in the N cycling behaviour across the study site. 
Mobilization of mineral-N could also be assessed from N species seasonal patterns in an intermittently flowing stream, the Holegate Beck, which runs along the two sides of the site. During the current study period, monthly stream water samples were analysed for NO3--N and NH4+-N concentrations, and the results strongly supported those of the soil incubation studies in Chapters 2 and 3, the intact core microcosms study in Chapter 4 and the litter manipulated reconstructed microcosm studies in Chapters 5, 6 and 7. The site offered considerable spatial variations in soil physical and chemical characteristics which is evident from physico-chemical properties of soils used in Chapter 2. The site was easily accessible and near to the author’s laboratory so that soil and water samples were always transported to the laboratory within 3 hours of sampling. Thus freshly taken soil and water samples analysed were assumed to more realistically represent field conditions. 

8.2. Conclusive research summary of Chapters 2-7
Chapter 2 described investigations of changes in the dynamics of inorganic N-species transformations with depth for selected 7 soil profiles from the nitrogen-impacted ancient grassland. The study used changes in soil potential mineral-N (NH4+-N and  NO3--N) status during a 7-d incubation of deionised water (DW) spiked soils from 0-15, 15-30, 30-45 and 45-60 cm depths under laboratory conditions. In 5 of the profiles, both ammonification and nitrification were occurring below the rooting zone, probably partly in response to the low C:N ratio in the soils. This helps explain the elevated NO3--N and NH4+-N concentrations found in the adjacent stream. Accumulation of NH4+-N during incubation of the sub-soils of these 5 profiles suggests a high probability of NH4+-N leaching down the profiles once NH4+-N inputs and outputs at a given depth have approached equilibrium, if N transformations are sufficiently slow, especially in sub-soils. Some NH4+-N might also have been nitrified at depth.  However, in the 2 profiles with the most acidic surface horizons, net mineralization was negligible or negative; some initial NH4+-N and NH4+-N produced during incubation were nitrified, so the loss in NH4+-N was closely balanced by NO3--N production. These 2 soil profiles differed from the rest of the soil profiles as they had distinct litter layers at surface and/or being incorporated into sub-surface soils by faunal activities.  
The research in Chapter 2 highlighted that in unfertilized local soils, NH4+-N as well as NO3--N might move down through soil profiles and leach into surface and groundwaters.  There was a need, therefore, to reassess what controls N species transformations below the rooting depth in such soils.  In Chapter 3, two soil profiles were sampled close to soil profiles 1 and 2 in Chapter 2. The changes down to the greater depth of 1 m in extractable NH4+-N and NO3--N concentrations were studied for these heavily N-impacted acid grassland soils, for fresh soils and for soils incubated after either deionised water (DW) or NH4-spiking.  Although in close proximity to each other, the profiles showed marked differences in their relationships of NH4+-N and NO3--N to soil pH, C%, N% and C/N ratio. Trends in NH4+-N production with depth were clearer when NH4+-N concentrations were recalculated on the basis of NH4+-N per unit mass of soil organic C.  This novel and useful concept then allowed consistent trends with soil pH to be discerned for both profiles.  NH4-spiking showed that NH4+-N substrate availability was limiting potential net nitrification rate at 20-60 cm in both profiles.  Potential mineral-N production was considerable at depth, which would facilitate transport of N to surface waters and/or groundwaters. Although NO3--N may predominantly be the major form of N to be leached, substantially higher NH4+/NO3- ratios for NH4-spiked soils from both profiles at 60-80 and 80-100 cm may also indicate slow N transformation rates and surplus NH4+-N availability which may also facilitate NH4+-N leaching in and from these freely drained soils. One profile was slightly more acidic at the surface, which seems to have changed the distribution of organic matter throughout the soil profile, which in turn might have changed the control of organic matter on N transformations. 
The concluding remarks from Chapter 3 stressed the importance of litter layers and live vegetation, which may substantially modify N species transformations and leaching. Therefore, in Chapter 4, intact core microcosms were employed to explore NH4+-N, NO3--N and total dissolved inorganic N (DIN) leaching from soils used for the incubation and simulation studies in Chapters 2 and 3. Simulated rain with diverse compositions was applied to 5 intact core microcosms with live vegetation plus litter layers, and leachate samples were collected at regular intervals. The initial episodic leaching events with simulated rain consisting of appropriately dilute NaCl solution revealed that mineral-N leaching might occur to a significant extent from freely draining profiles, whereas profiles of heavy textured soils resulted in marginal DIN leaching losses. Further sequential leaching experiments were performed on profiles freely draining profiles. The results revealed that the profiles showed substantial potential for both NO3--N and NH4+-N leaching. However, one profile (B) consistently showed greater NH4+-N in most leaching events, whereas, another profile (A) restricted DIN leaching. The apparent difference between these two profiles was thought to be due to the presence of surface litter layer in profile B, and observable litter incorporation into sub-soils for profile A.  Drying and rewetting of intact cores and their interaction with the presence of litter was also assessed for profiles A, B and C which showed that presence of surface litter layer in profile A modified the effects of drying and rewetting episodes on DIN leaching.  It was hypothesized that presence of litter, either at surface and/or sub-surface, may potentially have been regulating DIN dynamics in the 3 profiles. 
Chapter 4 supported the hypothesis that litter layers may exert multi-directional effects on N cycling in the freely drained acid soils used in Chapters 2, 3 and 4. Chapters 5, 6 and 7, therefore, described a reconstructed microcosm study using soils down to 25 cm depth in five 5-cm deep increments, from the freely drained acidic area of the study site. The experiment, conducted outdoors at ambient temperatures in York,  to investigate the effects of seasonal temperature changes on NH4+-N dynamics associated with litter mineralization, consisted of 3 treatments; the control (no litter), the surface litter treatment (20-mm thick litter layer at the surface) and the mixed litter treatment (mass of litter equivalent to 20 mm thick litter divided into 3 equal portions and each portions mixed to each of 0-5, 5-10 and 10-15 cm depths). Synthetic rainwater was applied twice a week to simulate precipitation events. Drainage water samples were collected weekly and analysed for DIN, DOC, DON, TDN and anions including Cl-, F-, PO43- and SO42-. Microcosms were also removed periodically after weeks 5, 11, 21 and 31, and litter layers (surface litter treatment only) and soils from each depth increments were analysed for KCl-extractable and water-soluble concentrations of NH4+-N and NO3--N.  Litter and soils samples were also extracted for water-soluble DOC concentrations. 
Chapter 5 specifically described the temporal variations in the effects of a surface litter layer and litter mixed with near-surface mineral soils on NH4+-N dynamics over 7 months from the start of winter. Litter decomposition and associated N mineralization contributed significantly towards NH4+-N production in the soil profiles, especially at 0-10 cm depth, even at low winter temperatures. Increase in temperature over time apparently substantially increased KCl-extractable and water-soluble NH4+-N concentrations via enhanced organic matter mineralization. I say “apparently” because other factors would change on going from winter to summer, presumably including the fresh litter C/N ratio which would be falling as decomposition progressed.
 The difference between KCl-extractable and water-soluble NH4+-N concentrations (ΔNH4+-N) increased over time, as much of the NH4+-N produced and mobilized in the litter layer was retained in the soil profiles. The retention of NH4+-N (ΔNH4+-N) was significantly and positively associated with soil DOC concentrations at each of the destructive sampling periods, suggesting the DOC production from litter decomposition and its role in NH4+-N retention and/or mobility. Yang et al. (2006) also found a significant positive relationship between DOC production and soil NH4+-N concentrations in two meadow marsh soils in China. Surprisingly, the presence of litter, especially in the mixed litter treatment, resulted in increased NH4+-N concentrations in drainage water, compared with the control and surface litter treatment during week 5 in winter. This may be attributed to relatively higher litter decomposition at the initial stages of decomposition and equilibrium, between NH4+-N production and retention on new created CEC sites, being disturbed and surplus NH4+-N becoming available for biological transformation and/or leaching (Cresser et al., 2004).  From week 11 in winter, the surface litter resulted in consistently higher NH4+-N concentrations compared with the control and surface litter treatments; concentrations of NH4+-N were reduced in summer during weeks 21 and 31, for each treatment however. It may be concluded that seasonal variations in soil NH4+-N concentrations were apparently governed by variations in temperature. 
NO3--N is readily mobile N in soils and, if present above biotic requirements, potentially leaches into surface and/or ground waters to degrade their quality. In Chapter 6, the microcosm study described in the Chapter 5 was further used to establish the importance of litter to NO3--N dynamics in an acid soil under grassland. The study revealed that sub-surface incorporation of litter resulted in consistently lower soil extractable NO3--N concentrations in winter soil samples. NO3--N concentrations were reduced in drainage water too, for the same treatment compared with the control and surface litter treatments. High C/N ratio of litter could be responsible for net NO3--N retention during winter months in these soils. This argument is supported by a significant negative relationship between soil NO3--N and DOC concentrations during winter which suggests that DOC was facilitating the microbial NO3--N immobilization. A similar relationship was observed by Bechtold et al. (2003).  The author believes this effect of litter incorporation is an important finding. In a recent paper that he co-authored (Mian et al., 2010), it was shown that NO3--N leaching into the River Derwent in N. Yorkshire declined in winter after 1993 when straw burning was banned in the UK. This may well be explained at least partially by NO3--N immobilization following straw incorporation. 
Increase in temperature had a apparent positive effect on nitrification, especially in surface soils; however, in sub-soils, increase in temperature generally was associated with suppression of the water-soluble NO3--N concentrations, and summer drainage water NO3--N concentrations were lower compared to winter NO3--N concentrations, especially for the control and surface litter treatment. Summer NO3--N concentrations were higher from the mixed litter treatment compared with the control and the surface litter treatment, suggesting temperature enhanced mineralisation and subsequent nitrification. Interestingly, summer minima became higher in the Derwent after 2000 too (Mian et al., 2010). This dynamic equilibrium between N immobilization in winter and mineralization in summer is in general agreement with concept introduced by Cresser et al. (2008) that plants have evolved naturally to produce litter that equals their N requirement through seasonal mineralization-immobilization cycles. NO3--N concentrations in sub-soils were reduced in summer even when plant uptake of NO3--N was absent. This indicates that microbial NO3--N retention might have been more active in immobilization making sub-soils potentially a more active NO3--N sink.  The results also demonstrated that soil nitrification processes could be the linked to surrounding surface- and/or ground-water NO3--N concentrations, but to a limited extent only. This was evident from strong similarity in temporal trends for NO3--N concentrations in soils and drainage water from the mixed litter treatment during winter and summer periods. 
It has been well-documented that surface and subsurface litter fulfils many functions in the biogeochemical cycling of C and N in terrestrial ecosystems (Sayer et al., 2006). Therefore, Chapter 7, explored effects of litter modification on drainage water DIN (NH4+-N + NO3--N), DON, TDN and DOC concentrations and fluxes using the same microcosm study as in Chapters 5 and 6. DIN, DON, TDN and DOC concentrations were monitored weekly in drainage water under ambient outdoor temperatures for 31 weeks. The results revealed that the subsurface litter remarkably reduced the DIN concentrations in winter, probably by microbial N uptake associated with the high C/N ratio of added litter. Fluxes of DIN were generally dominated by NO3--N; but NH4+-N dominated DIN fluxes during freeze-thaw events. Freeze-thaw cycles in soils are generally considered to increase N mineralization (Marion, 1995). Appreciable concentrations of NH4+-N were observed in the drainage from the acid grassland soils throughout the experiment, indicating NH4+-N mobility and export in drainage water, but especially during freeze-thaw. Litter contributed substantially to DOC and DON production and which correlated positively (P<0.01) for all treatments, highlighting the similarity in mechanisms involved in their productions, mobility, retention and consumption in soil profiles. DOC and DON concentrations correlated with temperature for the control (P<0.01) and surface litter (P<0.001) treatments and were generally higher in mid summer.  The subsurface litter treatment, however, moderated the effect of temperature on DOC and DON dynamics. Cumulative N species fluxes confirmed the dominance of litter as the source of DON and DOC in the drainage water. DON constituted 42, 46 and 62% of cumulative TDN flux for control-, surface litter- and subsurface litter-treatment respectively. 

8.3. Summary of key research findings 
Simulation and incubation approaches were employed to study potential N species transformations likely to occur in surface and sub-surface soils down to 60 cm depth, using 7 soil profiles in Chapter 2. Corresponding to trends seen in N species variations,    2 superficially similar soil profiles were sampled down to 100 cm and subsequently incubated and investigated for their response to artificial N additions. Chapters 2 and 3 highlighted:
	Superficially similar soils differed remarkably in their potential for mineralization, ammonification and nitrification, especially in sub-soils at 30-60 cm (Chapter 2). It was hypothesised at that point of time that N produced in sub-soils would leach to greater depths provided that favourable hydrological and biogeochemical conditions were present. 
	When 2 soil profiles, apparently similar and in close vicinity of one another, were sampled down to 100 cm depth and incubated either with a d.w.-spike or a NH4-spike, they showed different responses. Spatial variations on such a small scale were attributed to differences in litter-mediated biological controls on soil profile organic matter distributions
	If the influence of soil organic matter content was considered appropriately for its control on N transformations, the effects of other soil properties could become more apparent and consistent. This was achieved when NH4+-N concentrations were expressed on a soil C basis rather than on a soil total mass basis. 
	Inclusion of deeper soil layers below the rooting zone should be encouraged, when assessing the N deposition effects, as plant uptake is usually absent in sub-soils leaving soil microorganism to utilize surplus N. 
	Experiments with intact core microcosms along with live vegetation and litter layers supported claims that mineral-N produced in the sub-soils would leach; however, the presence of vegetation and litter layer modified N retention and mobility. 
	The presence of litter significantly alters NH4+-N dynamics. When litter was present at the surface, KCl-extractable NH4+-N concentrations increased sharply in summer and NH4+-N was potentially mobile. 
	Difference between KCl-extractable and water-soluble NH4+-N concentrations (ΔNH4+-N) indicates extra-exchangeable NH4+-N retained in soils. 
	ΔNH4+-N concentrations were significantly and positively associated with water-soluble DOC concentrations, suggesting strongly a key the role for organic matter in NH4+-N dynamics in soils where clay contents are negligible. 
	Litter incorporation substantially reduces soil NO3--N concentrations in winter, and markedly reduces the potential risk of NO3--N winter leaching. 
	Litter modified greatly the concentrations and fluxes of DIN, DON and DOC. NO3--N concentrations in drainage strongly represented soil NO3--N status in winter, especially for the mixed litter treatments. 
	Considerable NH4+-N concentrations were found in the drainage water throughout the experiment, especially during freeze-thaw events, which could potentially nullify the long-held hypothesis that NH4+-N is an immobile cation in soils. 
	Apart from the supportive role of DOC in NH4+-N mobility, there were significant positive relationships between NH4+-N fluxes and mobile anions (SO42- and Cl-) fluxes in drainage water for each treatment, which signified the importance of mobile anions availability for NH4+-N mobility. 
	Cumulative net balance of N (mg N m-2) and C (mg C m-2) showed convincingly that the sub-surface litter treatment reduced output fluxes of NO3--N and DIN  significantly, compared to the control and surface litter treatments. 

8.4. Further research hypothesis
The experiments in Chapters 2 and 3 primarily aimed to study net changes in mineral-N status of the soil profiles under laboratory conditions which were not truly representative of the field conditions. Reliability of the data regarding mineralization, ammonification and nitrification rates therefore could be questioned. Further research may be needed to measure in-situ mineralization potential of the soils under investigation. Comparative results could be used to quantify the controls on N mineralization and how they change from laboratory to field scale. Honeycutt (1999) compared N mineralization rates of organic matter from laboratory and field incubations and reported reduced N production in the field compared to that from laboratory incubations. Numerous studies have emphasized the need for validation of lab-based N mineralization against corresponding in-situ mineralization for better prediction of N mineralization potential in the field (e.g. Carlyle et al., 1998; Sistani et al., 2008). Net mineralization and nitrification rates were measured using soils sampled down to 60 cm depth (Chapter 2) and to 100 cm depth (Chapter 3) in this thesis, and soils were either incubated with deionised-water (DW) (Chapter 2) and/or with known amounts of reduced N (NH4+-N) over 7-d laboratory incubation conditions. However, comprehensive biochemistry of these transformations could only be addressed if the microbial pool of these processes had been accounted for using 15N-pool dilution techniques. 15N-pool dilution techniques have been widely employed to study gross N mineralization and nitrification rates under laboratory, as well as field, conditions (e.g. Watkins and Barraclough, 1996; Zaman et al., 1999; Hatch et al, 2002; Luxøi and Jensen, 2005; Ruppel et al., 2006). Determinations of gross N mineralization in Chapters 2 and 3 could help to unfold the microbial controls on N cycling in acid grassland soils and how they respond to artificial N additions; however, lack of analytical facilities and cost associated with labelled-N (15N) analysis were serious constraints for the author. In future, considerable attention should be paid to studying gross N mineralization rates and how they change as a function of depth and treatment, and how much spatial and temporal variations exists across the study site. 
	In Chapter 4, a range of synthetic precipitation was applied to a series of intact microcosms from the study area to support the observations on potential mineralization and nitrification in surface and sub-soils in Chapters 2 and 3. Episodic drainage water analysis showed leaching of NO3--N and NH4+-N to be occurring at considerable levels, especially from intact core microcosms from the freely draining acidic area of the site. Again, mineral-N concentrations in drainage water were the net result of N applied through simulated rain and N mineralization within soil intact cores. Both forms of N can be partitioned by application of labelled-N (15NH4+-N and 15NO3--N) via synthetic rain and following its mobility and retention patterns in future, if sufficient funds and resources are made available. Care should be needed, however, with the use of 15NH4+, because it would equilibrate with exchangeable native NH4+-N, so masking effects of NH4+-N inputs on incorporation into biomass and organic matter. Researchers have, nevertheless, extensively used labelled-N to monitor its mobility in natural, semi-natural and managed ecosystems, especially to quantify NO3--N behaviour. For example, Cookson et al. (2000) investigated NO3--N leaching after application of 15N-labelled fertilizer and found strong seasonal influences on NO3--N leached over 2 year of the study. Very recently, Akkal-Corfini et al. (2010) studied the effects of 15N-labelled residue incorporation into soil and its effects on mineral-N status and leaching in a 3-year study. Field installation of lysimeters at various depths in future may also be helpful to quantify more realistic concentrations and fluxes of DIN, DON, DOC and TDN. 
	The experimental design should be a full-factorial one to isolate the effects of N on litter biodegradation. It was not possible with the current experimental design which received only simulated rain containing 0.7 mg/l NH4+-N and 0.32 mg/l NO3--N. However, a full-factorial design could not be employed due to time constraints and excessive analytical costs linked to doubling the number of samples. Application of 15N-labelled litter may provide reliable information on N redistribution and/or retention by decomposing litter and its interactions with dissolved organic matter (DOM). In future, using these advanced techniques, research should aim for better quantification of N pools and fluxes associated with litter incorporation and decomposition. The microcosm study did indicate that litter incorporation into sub-soils retained significantly higher N; however, the relative importance of biotic and abiotic processes responsible for N retention could not be established. Application of stable isotope (15N) methodology may potentially answer these questions. 











































Aber, J., McDowell, W., Nadelhoffer, K., Alison, M., Berntson, G., Kamakea, M., McNulty, S., Currie, W., Rustad, L., Fernandez, I. 1998. Nitrogen saturation in temperate forest ecosystems. BioScience 48, 921-934.

Aber, J.D., Magill, A., McNulty, S.G., Boone, R.D., Nadelhoffer, K.J., Downs, M., Hallet, R. 1995. Forest biogeochemistry and primary production altered by nitrogen saturation. Water Air and Soil Pollution 85, 1665-1670.

Aber, J.D., Nadelhoffer, K.J., Steudler, P., Melillo, J.M. 1989. Nitrogen saturation in northern forest ecosystems. Bioscience 39, 378-386.

Adams, M.B., Angradi, T.R. 1996. Decomposition and nuterient dynamics of hardwood leaf litter in the Fernow whole-watershed acidification experiment. Forest Ecology and Management 83, 61-69.

Adamson, J.A., Hornung, M., Kennedy, V.H., Norris, D.A., Paterson, I.S., Stevens, P.A. 1993. Soil solution chemistry and throughfall under adjacent stands of Japanese larch and Stika spruce at three contrasting sites in Britain. Forestry 66, 51-68.

Aerts, R., Bobbink, R. 1999. The impact of atmospheric nitrogen deposition on vegetation processes in terrestrial, non-forest ecosystems. In: Langan SJ (ed), The impact of nitrogen deposition on natural and semi-natural ecosystems. Kluwer Academic Publishers, The Netherlands, pp 58-121.

Ågren, G.I., Bosatta, E. 1988. Nitrogen saturation of terrestrial ecosystems. Environmental Pollution 54, 185-197.
Akkal-Corfini, N., Morvan, T., Menasseri-Aubry, S., Bissuel-Bélaygue, C., Poulain, D., Orsini, F., Leterme, P. 2010. Nitrogen mineralization, plant uptake and nitrate leaching following the incorporation of (15N)-labelled cauliflower crop residues (Brassica oleracea) into the soil: A 3-year lysimeter study. Plant and Soil 328, 17-26. 

Allott, T.E.H., Curtis, C.J., Hall, J., Harriman, R., Battarbee, R.W. 1995. The impact of nitrogen deposition on upland surface waters in Great Britain: A regional assessment of nitrate leaching. Water, Air and Soil Pollution 85, 297-302.

Anderson, J.M. 1988. Spatiotemporal effects of invertebrates on soil processes. Biology and  Fertility of Soils 6, 216–27.

Anderson, O.E., Boswell, F.C., Harrison, R.M. 1971. Variations in low temperature adaptability of nitrifiers in acid soils. Soil Science Society of America Journal 35, 68-71.

Andersson, P., Berggren, D., Nilsson, I. 2002. Indices for nitrogen status and nitrate leaching from Norway spruce (Picea abies (L.) Karst.) stands in Sweden. Forest Ecology and Management 157, 39-53.

Andersson, S., Nilsson, S.I., Saetre, P. 2000. Leaching of dissolved organic carbon (DOC) and dissolved organic nitrogen (DON) in mor humus as affected by temperature and pH. Soil Biology and. Biochemistry 32, 1–10.

Arpin, P., Ponge, J.F., Vannier, G. 1995. Experimental modification of litter supplies in a forest mull and reaction of the nematode fauna.   Fundamental and Applied Nematology 18, 371-389.

Arrouays, D., Deslais, W., Badeau, V. 2001. The carbon content of topsoil and its geographical distribution in France. Soil Use and Management 17, 7-1.

Asner, G.P. Seastedt, T.R., Townsend, A.R. 1997. The decoupling of terrestrial carbon and nitrogen cycles. BioScience 47, 226-234. 

Asner, G.P., Townsend, A.R., Riley, W.J., Matson, P.A., Neff, J.C., Cleveland, C.C. 2001. Physical and biochemical controls over terrestrial ecosystem responses to nitrogen deposition. Biogeochemistry 54, 1-39.

Avery, B.W. 1973. Soil classification in the Soil Survey of England and Wales. Journal of Soil Science 24, 324-338.

Avery, B.W. 1980. Soil classification for England and Wales. Soil Survey Technical Monograph No. 14, Harpenden, UK.

Axelsson, G., Berg, B. 1988. Fixation of ammonia (15N) to Pinus sylvestris needle litter in different stages of decomposition. Scandinavian Journal of Forest Research 3, 273-279.

Batey, T. 1988. Soil Husbandry. Soil and Land Use Consultants Ltd, Aberdeen, Scotland.

Baur, W.H., Wlotzka, F. 1969. Nitrogen. In: Wedepohl, K.H. (ed), Handbook of Geochemistry, Vol. 2, Springer-Verlag, New York.

Bechtold, J.S., Edwards, R.T., Naiman, R.J. 2003. Biotic versus hydrologic control over seasonal nitrate leaching in floodplain forest. Biogeochemistry 63, 53-72.

Beckwith, C.P., Cooper, J., Smith, K.A., Shepherd, M.A. 1998. Nitrate leaching loss following application of organic manures to sandy soils in arable cropping. I. Effects of application time, manure type, overwinter crop cover and nitrification inhibition. Soil Use and Management 14, 123-130.

Belford, R.K. 1978. Collection and evaluation of large soil monoliths for soil and crop studies. Journal of Soil Science 30, 363-373.

Bendelow, V.C., Carroll, D.M. 1985. Soils in North Yorkshire V. Soil Survey of England and Wales, UK.
 
Bentgtsson, G., Bengtson, P., Månsson, K.F. 2003. Gross nitrogen mineralization-, immobilization-, and nitrification rates as a function of soil C/N ratio and microbial activity. Soil Biology and Biochemistry 35, 143-154.

Berendse, F., Beltman, B., Bobbink, R., Kwant, R., Schmitz, M. 1987. Primary production and nutrient availability in wet heathland ecosystems. Acta Oecologia/Oecologia Plant 8, 265-279.

Berg, B. 2000. Litter decomposition and organic matter turnover in northern forest soils. Forest Ecology and Management 133, 13-22.

Berg, B., Cortina, J. 1995. Nutrient dynamics in some decomposing leaf and needle litter types in a Pinus sylvestris forest. Scandinavian Journal of Forest Research 10, 1–11 

Bernhardt, E.S., Likens, G.E. 2002. Dissolved organic carbon enrichment alters nitrogen dynamics in a forest stream. Ecology 83, 1689-1700.

Binkley, D., Hogberg, P. 1997. Does atmospheric deposition of nitrogen threaten Swedish forests? Forest Ecology and Management 92, 119-152.

Black, C.A. 1965. Methods of Soil Analysis: Part I Physical and Mineralogical Properties. American Society of Agronomy, Madison, Wisconsin, USA.

Blair, J.M. 1988. Nitrogen, sulphur and phosphorus dynamics in decomposing deciduous leaf litter in southern Appalachians. Soil Biology and Biochemistry 20, 639-701.

Booth, M.S., Stark, J.M., Rastetter, E. 2005. Controls on nitrogen cycling in terrestrial ecosystems: A synthetic analysis of literature data. Ecological Monographs 75, 139-157.

Bormann, F.H., Likens, G.E., Melillo, J.M. 1977. Nitrogen bidget for an aggrading norhtern hardwood forest ecosystem. Science, 196, 981-983. 

Boyer, E.W., Goodale, C.L., Jawoski, N.A., Howarth, R.W. 2002. Anthropogenic nitrogen sources and relationships to riverine nitrogen export in the northeastern USA. Biogeochemistry 57/58, 137-169. 

Brady, N.C., Weil, R.R. 2002. The nature and properties of soils. 13th ed., Prentice Hall, New Jersey.

Brookshire, E.N.J., Valett, H.M., Thomas, S.A., Webster, J.R. 2007. Atmospheric N deposition increases organic N loss from temperate forests. Ecosystems 10, 252-262.

Brown, K.W., Thomas, J.C., Aurelius, M.W. 1985. Collecting and testing barrel sized undisturbed soil monoliths. Soil Science Society of America Journal 49, 1067-1069.

Bryant, D.M., Holland, E.A., Seastedt, T.R., Walker, M.D. 1998. Analysis of litter decomposition in an alpine tundra. Canadian Journal of Botany 76, 1295-1304.

Buchele, W.F. 1961. A power sampler of undisturbed soils. Tras. ASAE 4: 185-187, 191.

Burgess, M.S., Mehdi, B.B., Mehuys, G.R., Madramootoo, C.A. 1996. Agricultural systems as non-point pollutions sources: Nitrate leaching and soil nitrate levels in silage and grain corn under no-till, reduced tillage, and conventional tillage. In: Delisle, C.E., Bouchard, M.A. (eds), Rational and Sustainable Development of Water Resources. Canadian Water Resources Association, Canada. Volumes 1 & 2, pp. 838-848.

Burns, R.C., Hardy, R.W.F. 1975. Nitrogen fixation in bacteria and higher plants. Springer-Verlag New York, Inc., New York.

Cameron, K.C., Smith, N.P., McLay, C.D.A., Fraser, P.M., McPherson, R.J., Harrison, D.F., Harbottle, P. 1992. Lysimeters without edge flow: An improved design and sampling procedure. Soil Science Society of America Journal 56, 1625-1628.

Campbell, J.L., Hornbeck, J.W., McDowell, W.H., Buso, D.C., Shanley J.B., Likens, G.E. 2000. Dissolved organic nitrogen budgets for upland, forested ecosystems in New England. Biogeochemistry 49, 123-142. 

Canadell, J.G., Pataki, D.E., Gifford, R., Houghton, R.A., Lou, Y., Raupach, M.R., Smith, P., Steffen, W. 2007. Saturation of the terrestrial carbon sink. In: Canadell, J.G., Pataki, D.E., Pitelka, L.F. (eds), Terrestrial Ecosystems in a Changing World. IGBP, Ser., Springer, Berlin, pp. 59-78. 

Carlyle, J.C., Nambiar, E.K.S., Bligh, M.W. 1998. The use of laboratory measurements to predict nitrogen mineralization and nitrification in Pinus radiata plantations after harvesting. Canadian Journal of Forest Research 28, 1213-1221.

Carnol, M., Ineson, Phil. 1999. Environmental factors controlling NO3- leaching, N2O emissions and number of NH4+ oxidizers in a coniferous forest soil.  Soil Biology and Biochemistry 31, 979-990.

Carreiro, M.M., Sinsabaugh, R.L., Repert, D.A., Parkhurst, D.F. 2000. Microbial enzyme shifts explain litter decay responses to stimulated nitrogen deposition. Ecology 81, 2359-2365.

Carroll, J.A., Caporn, S.J.M., Johnson, D., Morecroft, M.D., Lee, J.A. 2003. The interactions between plant growth, vegetation structure and soil processes in semi-natural acidic and calcareous grasslands receiving long-term inputs of simulated pollutant nitrogen deposition. Environmental Pollution 121, 363–376.

Cassman, K.G., Munns, D.N. 1980. Nitrogen mineralization as affected by soil moisture, temperature, and depth. Soil Science Society of America Journal 44, 1233-1327.

Chameides, W.L., Kasibhatla, P.S., Yeinger, J., Levy, H.II. 1994. Growth of continental-scale metro-agro-plexes, regional ozone pollution, and world food production. Science 264, 74-77.

Chapman, P.J. 1994. Hydrochemical processes influencing episodic stream water chemistry in a small headwater catchment, Plynlimon, Mid-Wales. PhD Thesis, University of London, pp. 416. 

Chapman, P.J., Edwards, A.C. 1999. The impact of atmospheric nitrogen deposition on the behaviour of nitrogen in surface waters. In: Langan, S.J. (ed), The impact of nitrogen deposition on natural and semi-natural Ecosystem. Kluwer Academic Publishers, The Netherlands, pp. 153–212.

Chapman, P.J., Edwards, A.C., Cresser, M.S. 2001. The nitrogen composition of streams in upland Scotland: Some regional and seasonal differences. The Science of the Total Environment 265, 62-83.

Chiou, C.T., Malcolm, R.L., Brinton, T.I., Kile, D.E. 1986 Water solubility enhancement of some organic pollutants and pesticides by dissolved humic and fulvic acids. Environmental Science and Technology 20, 502-508.
 
Chong, S.K., Zhao, S., Klubek, B.P. 1996. Field extraction of large intact soil cores of leaching studies in the laboratory. Weed Technology 10, 210-216.

Christ, M.J., Peterjohn, W.T., Cumming, J.R. Adams, M.B. 2002. Nitrification potentials and landscape, soil and vegetation characteristics in two Central Appalachian watersheds differing in NO3-export. Forest Ecology and Management 159, 141-150.

Cisneros-Dozal, L.M., Trumbore, S.E., Hanson, P.J. 2007. Effect of moisture on leaf litter decomposition and its contribution to soil respiration in a temperate forest. Journal of Geophysical Research-Biogeosciences 112.

Clark, F.E., Paul, E.A. 1970. The microflora of grassland. Advances in Agronomy 22, 375-435.

Clark, F.E., Rosswell, T., (eds). 1981. Terrestrial Nitrogen Cycles: Proesses, Eco-system Strategies, and Management Impacts, Ecol. Bull. 33, Stockholm.

Cookson, W.R., Rowarth, J.S., Cameron, K.C. 2000. The effect of autumn applied 15N-labelled fertilizer on nitrate leaching in a cultivated soil during winter. Nutrient Cycling in Agroecosystems 56, 99-107.

Corre, M.D., Lamersdorf, N.P. 2004. Reversal of nitrogen saturation after long-term deposition reduction: Impact of soil nitrogen cycling. Ecology 85, 3090-3104.

Corre, M.D., Schnabel, R.R., Stout, W.L. 2002. Spatial and seasonal variations of gross nitrogen transformations and microbial biomass in a Northeastern US grassland. Soil Biology and Biochemistry 34, 445-457.

Cresser, M.S., Aitkenhead, M.J., Mian, I.A. 2008. A reappraisal of the terrestrial nitrogen cycle: What we can learn by extracting concepts from Gaia theory? The Science of Total Environment 400, 344-355.

Cresser, M.S., Smart, R.P., Clark, M., Crowe, A., Holden, D., Chapman, P.J., Edwards, A.C. 2004. Controls on N species leaching in upland moorland catchments. Water, Air and Soil Pollution: Focus 4, 85-95. 

Croll, B.T. 1990. Nitrate and water supplies in the United Kingdom. In: Nitrate and Irrigation, pp. 15-34, Silsoe: Cranfield Press.

Crowe, A.M., Sakata, A., McClean, C., Cresser, M.S. 2004. What factors control soil profile nitrogen storage? Water Air Soil Pollut Focus 4, 75-84.

Currie, W.S. 1999. The responsive C and N biogeochemistry of the temperate forest floor. Trends in Ecology and Evolution 14, 316-320.

Currie, W.S., Aber, J.D. 1997. Modeling leaching as a decomposition process in humid montane forests. Ecology 78, 1844-1860.

Currie, W.S., Aber, J.D., McDowell, W.H., Boone, R.D., Magill, A.H. 1996. Vertical transport of dissolved organic C and N under long-term N amendments in pine and hardwood forests. Biogeochemistry 35, 471–505.

Curtis, C.J., Emmett, B.A., Reynolds, B., Shilland, J. 2003. Nitrate leaching from moorland soils: Can soil C/N ratios indicate N saturation? Water Air and Soil Pollution Focus 4, 359-369.

David, M.B., Gentry, L.E., Kovaic, D.A., Smith, K.M. 1996. Nitrogen dynamics of agricultural watersheds in central Illinois. In: Davies, M. (Ed.), Research on Agricultural Chemicals in Illinois Groundwater: Status and Future Directions VI. Proceedings of the Sixth Annual Conference of the Illinois Groundwater Consortium, March 27-28, 1996, Southern Illinois University, Carbondale. Illinois: Ground water Consortium, Makanda, pp. 227-240.

David, M.B., Gentry, L.E., Kovaic, D.A., Smith, K.M. 1997. Nitrogen balance in and export from an agricultural watershed. Journal of Environmental Quality 26, 494-508.

Davidson, E.A., Hart, S.C., Firestone, M.K. 1992. Internal cycling of nitrate in soils of a mature coniferous forest. Ecology 73, 1148–1156.

Davidson, E.A., Stark, J.M., Firestone, M.K. 1990. Microbial production and consumption of nitrate in an annual grassland. Ecology 71, 1968-1975.

De Boer, W., Kowalchuk, G.A. 2001. Nitrification in acid soils: micro-organims and mechanisms. Soil Biology and Biochemistry 33, 853-866.

De Boer, W., Tietema, A., Klein Gunnewiek, P.J.A., Laanbroek, H.J. 1992. The autotrophic ammonium-oxidizing community in a nitrogen-saturated acid forest soil in a relation to pH-dependent nitrifying community. Soil Biology and Biochemistry 24, 229-234.

Di, H.J., Cameron, K.C. 2002. Nitrate leaching in temperate agroecosystems: Sources, factors and mitigating strategies. Nutrient cycling in Agroecosystems 64, 237-256.

Dise, N.B., Stevens, C.J. 2005. Nitrogen deposition and reduction of terrestrial biodiversity: Evidence from temperate grasslands. Science in China 48, 720-728.

Dise, N.B., Wright, R.F. 1995. Nitrogen leaching from European forests in relation to nitrogen deposition. Forest Ecology and Management 71, 153-161.

Don, A., Kalbitz, K. 2005. Amounts and degradability of dissolved organic carbon from foliar litter at different decomposition stages. Soil Biology and Biochemistry 37, 2171-2179.

Downs, M.R., Nadelhoffer, K.J., Melillo, J.M., Aber, J.D. 1996. Immobilization of a 15N-labelled nitrate addition by decomposing litter. Oecologia 105, 141-150.

Dubeux Jr. J.C.B., Sollenberger, Mathews, B.W., Scholberg, J.M., Santos, H.Q. 2007. Nutrient cycling in warm-climate grasslands. Crop Science 47, 915-928.

Duckworth, C.M.S., Cresser, M.S. 1991. Factors influencing nitrogen retention in forest soils. Environmental Pollution 72, 1-21.

Edwards, A.C., Cresser, M.S. 1992. Freezing and its effects on chemical and biological properties of soil. Advances in Soil Science 18, 59-79.

Edwards, A.C., Twist, H., Codd, G.A. 2000. Assessing the impact of terrestrially derived phosphorus on flowing water systems. Journal of Environmental Quality 29, 117-124.

Edwards, A.C., Withers, P.J.A. 2007. Linking phosphorus sources to impacts in different types of water body. Soil Use and Management 23 (Suppl. 1), 133-14.

Ellert, B.H., Bettany, J.R. 1992. Temperature dependence of net nitrogen and sulphur mineralization. Soil Science Society of America Journal 52, 1010-1015.

Emmerich, W.E., Lund, L.J., Page, A.L., Chang, A.C. 1982. Predicted solution phase forms of heavy metals in sewage sludge-treated soils. Journal of Environmental Quality 11: 182-186.

Enrique, A.-G., Bruno, C., Christopher, A., Virgile, C., Stéven, C. 2008. Effects of nitrogen availability on microbial activities, densities and functional diversities involved in the degradation of a Mediterranean evergreen oak litter (Quercus ilex L.). Soil Biology and Biochemistry 40, 1654-1661.

Eriksen, J., Askegaard, M., & Kristensen, K. 1999. Nitrate leaching in an organic dairy/crop rotation as affected by organic manure type, livestock density and crop. Soil Use and Management 15, 176-182.

Evans, C.A., Miller, E.K., Friedland, A.J. 1998. Nitrogen mineralization associated with birch and fir under different soil moisture regimes. Canadian Journal of Forest Research, 28, 1890-1898.

Fenn, M.E., Poth, M.A., Aber, J.D., Baron, J.S., Bormann, B.T., Johnson, D.W., Lemly, A.D., McNulty, S.G., Ryan, D.F., Stottlmeyer, R. Nitrogen excess in north American ecosystems: Predisposing factors, ecosystem responses, and management strategies. Ecology 8, 706-733.

Fernando, W.A.R.N., Xia, K., Rice, C.W. 2005. Sorption and desorption of ammonium from liquid swine waste in soils. Soil Science Society of America Journal 69, 1057-1065.

Ferrier, R.C., de Vries, W.,Warfvinge, P. 1995. The use of dynamic models for thedetermination of critical loads for nitrogen – developments since Lo¨keberg. In: Hornung, M., Sutton, M.A., Wilson, R.B. (eds.), Mapping and Modelling Critical Loads for Nitrogen: A Workshop Report. ITE, Penicuik, pp. 97-110.

Finlay, R.D., Frostegård, Å., Sonnerfeldt, A.M. 1992. Utilization of organic and inorganic nitrogen sources by ectomycorrhizal fungi in pure culture and in symbiosis with Pinus contorta Dougl. Ex Loud. New Phytologist 120, 105-115. 

Fog, K. 1988. The effect of added nitrogen on the rate of decomposition of organic matter. Biological Reviews 63, 433-462.

Fotyma, M., Jadezyszyn, T., Jozefacjuk, G. 1998. One hundredth molar calcium chloride soil extraction procedure. Part II. Calibration with conventional soil testing methods for pH. Communications in Soil Science and Plant Analysis 29, 1625-1632.

Freney, J.R., Simpson, J.R., (eds). 1983. Gaseous loss of nitrogen from plant-soil system. In:  Developments in Soil Science, Vol. 9, Martinus-Nijhoff, The Hague. 

Fricks, B., Kaye, J., Seidel, R. 2009. Abiotic nitrate retention in agroecosystems and a forest soil. Soil Science Society of America Journal 73, 1137-1141.

Fröberg, M., Kleja, D.B., Hagedorn, F. 2007. The contribution of fresh litter to dissolved organic carbon leached from a coniferous forest floor. European Journal of Soil Science 58, 108-114.

Gallardo, A., Merino, J. 1998. Soil nitrogen dynamics in response to carbon increase in a mediterranean shrubland of SW Spain. Soil Biology and Biochemistry 30, 1349-1358.

Gallo, M., Amonette, R., Lauber, C., Sinsabaugh, R.L., Zak, D.R. 2004. Short-term changes in oxidative enzyme activity and microbial community structure in nitrogen-amended north temperate forest soils. Microbial Ecology 48, 218-229.

Galloway, J.N., Dentener, F.J., Capone., D.G., Boyer, E.W., Howarth, R.W., Seitzinger, S.P., Asner, G.P., Cleveland, C.C., Green, P.A., Holland, E.A., Karl, D.M., Michaels, A.F., Porter, J.H., Townsend, A.R., Vorosmarty, C.J. 2004. Nitrogen Cycles: Past, Present, and Future, Biogeochemistry 70, 153-226.

Galloway, J.N., Schlesinger, W.H., Levy, H., Michaels, A., Schnoor, J.L. 1995. Nitrogen fixation: atmospheric enhancement-environmental response. Global Biogeochemical Cycles 9, 235-252.
 
Geddes, N., Dunkerely, D. 1999. The influence of organic litter on the erosive effects of raindrops and gravity drops released from desert shrubs. Catena 36, 303-313.

Gee, G.W., Bauder, J.M. 1986. Particle-size analysis. In: Methods of Soil Analysis, Part 1, Physical and Mineralogical Methods. Agronomy Monograph No. 9 (2nd Edition), American Society of Agronomy, Madison, WI, pp. 383-411.

Ghani, A., Dexter, M., Carran, R.A., Theobold, P.W. 2007. Dissolved organic nitrogen and carbon in pastoral soils: the New Zealand experience. European Journal of Soil Science 58, 832-843.
 
Gödde, M., David, M.B., Christ, M.J., Kaupenjohann, M., Vance, G.F. 1996. Carbon mineralization from the forest floor under red spruce in the northern U.S.A. Soil Biology and Biochemistry 28, 1181-1189.
 
Goodale, C.L., Aber, J.D., Vitousek, P.M. 2003. An unexpected nitrate decline in New Hampshire streams. Ecosystems 6, 75-86.

Goodale, C.L., Aber, J.D., Vitousek, P.M., & McDowell, W.H. 2005. Long-term decrease in stream nitrate: Successional causes unlikely; Possible links to DOC? Ecosystems, 8, 334-337.

Gordon, H., Haygarth, P.M., Bardgett, R.D. 2008. Drying and rewetting effects on soil microbial community composition and nutrient leaching. Soil Biology and Biogeochemistry 40: 302-311.

Goulding, K. 2000. Nitrate leaching from arable and horticultural land. Soil Use and Management 16, 145-151

Goulding, K.W.T., Bailey, N.J., Bradbury, N.J., Hargreaves, P., Howe, M., Murphy, D.V., Poulton, P.R., Willison, T.W. 1998. Nitrogen deposition and its contribution to nitrogen cycling and associated soil processes. New Phytologist 139, 49-58.

Gregorich, E.G., Beare, M.H., Stoklas, U., St-Georges, P. 2003. Biodegradability of soluble organic matter in maize-cropped soils. Geoderma113, 237-252.
 
Grundmann, G.L., Renault, P., Rosso, L., Bardin, R. 1995. Differential effects of soil water content and temperature on nitrification and aeration. Soil Science Society of America Journal 59, 1342-1349.

Gundersen, P., Rasmussen, L. 1990. Nitrification in forest soils: Effects from nitrogen deposition on soil acidification and aluminium release. In: Ware GW (ed) Reviews in Environmental Contaminants and Toxicology 113, 1-45.

Gundersen, P., Rasmussen, L. 1995. Nitrogen mobility in a nitrogen limited forest at Klosterhede, Denmark, examined by NH4NO3 addition. Forest Ecology and Management 71, 75-88.

Gundersen, P., Callesen, I., de Vries, W. 1998a. Nitrate leaching in forest ecosystems in related to forest floor C/N ratios. Environmental Pollution 102, 403-407.

Gundersen, P., Emmett, B.A., Kjønass, O.J., Koopmass, C.J., Tietema, A. 1998b. Impact of nitrogen deposition on nitrogen cycling in forests: A synthesis of NITREX data. Forest Ecology and Management 101, 37-55.

Hadas, A., Feighenbaum, S., Feigin, A., Portnoy, R. 1986a. Distribution of nitrogen forms and availability indices in profiles of differently managed soil types. Soil Science Society of America Journal 50, 308-313.

Hadas, A., Feighenbaum, S., Feigin, A., Portnoy, R. 1986b. Nitrogen minerilization in profiles of differently managed soil types. Soil Science Society of America Journal 50, 314-319.

Hagedorn, F., Schleppi, P., Waldner, P., Flühler, H. 2000. Export of dissolved organic carbon and nitrogen from Gleysol dominated catchments: The significance of water flow paths. Biogeochemistry 50, 137-161.

Hanfner, S.D., Groffman, P.M., Mitchell, M.J. 2005. Leaching of dissolved organic carbon, dissolved organic nitrogen, and other solutes from coarse woody debris and litter in a mixed forest in New York State. Biogeochemistry 74, 257-282.

Harmsen, G.W., Kolenbrander, G.J. 1965. Soil inorganic nitrogen. In: Bartholomew, W.V., Clark, F.E., (eds), Soils Nitrogen. American Society of Agronomy, Madison, Wisconsin, USA.  pp. 43-92.

Harriman, R., Curtis, C., Edwards, A.C. 1998. An empirical approach for assessing the relationship between nitrogen deposition and nitrate leaching from upland catchments in the United Kingdom using runoff chemistry. Water Air and Soil Pollution 105, 193-203.

Hart (​http:​/​​/​www.sciencedirect.com​/​science?_ob=ArticleURL&_udi=B6TC7-4760298-1&_user=126317&_rdoc=1&_fmt=&_orig=search&_sort=d&view=c&_acct=C000010338&_version=1&_urlVersion=0&_userid=126317&md5=640049ab8a6533dd188d94d357ab0f90" \l "bbib14#bbib14​), S.C., Stark, J.M., Davidson, E.A., Firestone, M.K. 1994. Nitrogen mineralization, immobilization, and nitrification. In: Weaver, R.W., Angle, S., Bottomley, P., Bezdicek, D., Smith, S., Tabatabai, A. and Wollum, A. (eds.), Methods of Soil Analysis. Part 2. Microbiological and Biochemical Properties, Soil Science Society of America, Madison, WI, pp. 985-1018.

Hatch, D.J., Sprosen, M.S., Jarvis, S.C., Ledgard, S.F. 2002. Use of labelled nitrogen to measure gross and net rates for mineralization and microbial activity in permanent pastures following fertilizer applications at different time intervals. Rapid Communications in Mass Spectrometry 16, 2172-2180. 

Hatfield, J.L., Schaaf, S.L. 1993. Adjustable soil coring machine for sampling in tall row crops. Agronomy Journal 85, 175-178.

Hättenschwiler, S., Tiunov, A.V., Scheu, S. 2005 Biodiversity and litter decomposition in terrestrial ecosystems. Annals in Revolutionary Ecology and Evolutionary Systems 36, 191-218.

Haung, W.Z., Schouenau, J.J. 1996. Distribution of water-soluble organic carbon in an aspen forest soil. Canadian Journal of Forest Research 26, 1266-1272

Hawkins, J.M.B., Scholefield, D., Jarvis, S.C. 1997. Organic N losses from a poorly drained grassland soil. In:  Petchey, A.M.D.,’Arcy, B.J., Frost, C.A. (eds), Proceedings of the Scottish Agricultural College Diffuse Pollution and Agriculture Conference II, Edinburgh University, Edinburgh, UK, pp. 246-248.

Haynes, R.J. 1986. Nitrification. In: Haynes, R.J. (ed), Mineral nitrogen in the plant-soil system. Academic Press, New York, USA. pp. 127-165.

Heathwaite, A.L., Burt, T.P., Trudgill, S.T. 1993. Overview – the nitrate issue. In: Burt, T.P., Heathwaite, A.L., Trudgill, S.T. (eds.), Nitrate, Processes Patterns and Management. Wiley, Chichester, pp. 3-21.

Hedin, L.O., Armesto, J.J., Johnson, A.H. 1995. Patterns of nutrient loss from unpolluted, old-growth temperature forests: evaluation of biogeochemical theory. Ecology 76, 493-509.

Hedin, O.H., von Fischer, J.C., Ostrom, N.E., Kennedy, B.P., Brown, M.G., Robertson, G.P. 1998. Thermodynamic constraints on nitrogen transformations and other biochemical processes at soil-stream interfaces. Ecology 79, 684-703.

Hefting, M.M., Clement, J.-C., Bienkowski, P., Dowrick, D., Guenat, C., Butturini, A., Topa, S., Pinay, G. & Verhoeven, J.T.A. 2005. The role of vegetation and litter in the nitrogen dynamics of riparian buffer zones in Europe. Ecological Engineering 24, 465-482.

Henry, H., Brizgys, K., Field, C. 2008. Litter decomposition in a california annual grassland: interactions between photodegradation and litter layer thickness. Ecosystems 11, 545-554.

Hinman, W.C. 1970. Effects of freezing and thawing on some chemical properties of three soils. Canadian Journal of Soil Science 50, 179-182 

Hobbie, S.E. 1996. Temperature and plant species control over litter decomposition in Alaskan Tundra. Ecological Monographs 66, 503-522.

Hobbie, S.E., Chapin, F.S.III. 1996. Winter regulations of tundra litter carbon and nitrogen dynamics. Biogeochemistry 35, 327-338. 

Holland, E.A., Dentener, F.J., Braswell, B.H., Sulzman, J.M. 1999. Contemporary and pre-industrial global reactive N budgets. Biogeochemistry 46, 7-43.

Holub, S.M., Lajtha, K., Spears, J.D.H., Tóth, J.A., Crow, S.E., Caldwell, B.A., Papp, M., Nagy, P.T. 2005. Organic matter manipulations have little effect on gross and net nitrogen transformations in two temperate forest mineral soils in the USA and central Europe. Forest Ecology and Management 214, 320-330.

Homann, P.S., Grigal, D.F. 1992. Molecular weight distribution of soluble organics from laboratory-manipulated surface soils. Soil Science Society of America Journal 56, 1305-1310.

Homyak, P.M., Yanai, R.D., Burns, D.A., Briggs, R.D. Germain, R.H. 2008. Nitrogen immobilization by wood-chip application: Protecting water quality in a northern hardwood forest. Forest Ecology and Management 225, 2598-2601.

Honeycutt, C.W. 1999. Nitrogen mineralization from soil organic matter and crop residue: field validation of laboratory predictions. Soil Science Society of America Journal 63, 134-141.

Hornung, M., Langan, S.J. 1999. Nitrogen deposition: Source, impacts and responses in natural and semi-natural ecosystems. In: Langan, S.J. (ed), The impact of nitrogen deposition on natural and semi-natural ecosystems. Kluwer Academic Publishers, The Netherlands, pp. 1-13. 

Hornung, M., Sutton, M.A., Wilson, R.B. 1995. Mapping and modelling of critical loads for nitrogen: A workshop report. Grange-over-Sands, Cumbria, UK. UN-ECE Convention on Long Range Transboundary Air Pollution, Working Group for Effects, 24-26 October 1994. Published by: Institute of Terrestrial Ecology, Edinburgh, UK.

Houba, V.J.G., Temminghoff, E.J.M., Gaikhorst, G.A., van Vark, W. 2000. Soil analysis procedures using 0.01M calcium chloride as extraction reagent. Communication in Soil Science and Plant Analysis 31, 1299-1396.

Howarth, R.W., Billen, G., Swaney, D., Townsend, A., Jaworski, N., Lajtha, K., Dowing, A., Elmgreen, R., Carcao, N., Jordan, T., Berendse, F., Freney, J., Kudeyarov, V., Murdoch, P., Zhao-liang, Z. 1996. Regional nitrogen budgets and riverine N & P fluxes for the drainages to the North Atlantic Ocean: Natural and human influences. Biogeochemistry 35, 181-226.

Idol, T.W., Pope, P.E., Ponder, F.J. 2003. N mineralization, nitrification, and N uptake across a 100-year chronosequence of upland hardwood forests. Forest Ecology and Management 176, 509-518.

INDITE. 1994. Impacts of Nitrogen Deposition on Terrestrial Ecosystems Department of the Environment, London, p 100.

Ingraham, J.L. 1962. Temperature relationships. In Gunsalus, I.C., Stanier, R.Y. (eds), The Bacteria. Academic Press, New York, pp. 265-296.

Jain, A., Yang, X., Kheshgi, H., McGuire, A.D., Post, W., Kicklighter, D. 2009. Nitrogen attenuation of terrestrial carbon cycle response to global environmental factors. Global Biogeochemical Cycles 23, 1-13.

Jalali, M. 2005. Nitrate leaching from agricultural land in Hamadan, western Iran. Agriculture, Ecosystems and Environment 110, 210-218.

Jamison, V.C., Weaver, H.A., Reed, I.F. 1950. A hammer-driven soil-core sampler. Soil Science 69, 487-496.

Jardine, P.M., McCarthy, J.F., Weber, N.L. 1989. Mechanisms of dissolved organic carbon adsorption on soil. Soil Science Society of America Journal 53, 1378-1385.

Jenkinson, D.S. 2001. The impact of humus on the nitrogen cycle, with focus on temperate arable agriculture. Plant and Soil 228, 3-15.

Jensen, E.S. 1997. Nitrogen immobilization and mineralization during initial decomposition of 15N-labelled pea and barley residues. Biology and Fertility of Soils 42, 39-44.

Jiao, Y., Hendershot, W.H., Whalen, J.K. 2004. Agricultural practices influence dissolved nutrients leaching through intact soil cores. Soil Science Society of America Journal 68, 2058-2068.

Johnson, D.W., Cheng, W., Burke, I.C. 2000. Biotic and abiotic nitrogen retention in a variety of forest soils. Soil Science Society of America Journal 64, 1503-1514.

Jones, D.L., Shannon, D., Murphy, D.V., Farrar, J. 2004. Role of dissolved organic nitrogen (DON) in soil N cycling in grassland soils. Soil Biology and Biochemistry 36, 749-756.

Jones, D.L., Willett, V.B. 2006. Experimental evaluation of methods to quantify dissolved organic nitrogen (DON) an dissolved organic carbon (DOC) in soil. Soil Biology and Biochemistry 38, 991-999.

Jordan, T.E., Weller, D.E. 1996. Human contributions to terrestrial nitrogen flux: Assessing the sources and fates of anthropogenic fixed nitrogen.  BioScience 46, 655-664.

Jussy, J.H., Colin-Belgrand, M., Dambrine, É., Ranger, J., Zeller, B., Bienaimé, S. 2004. N deposition, N transformation and N leaching in acid forest soils. Biogeochemistry 69, 241-262.

Kaiser, K., Guggenberger, G., Haumaier, L., Zech, W. 2002 The composition of dissolved organic matter in forest soil solutions: changes induced by seasons and passage through the mineral soil. Organic Geochemistry 33, 307-318.
 
Kaiser, K., Guggenberger, G., Zech, W. 1997. Natural dissolved organic matter in forest soils:2. Biotic immobilization in the mineral soil. In: Proceedings Symposium on Refractory Organic Substances in the Environment, Karlsruhe, pp. 232-235.

Kaiser, K., Kaupenjohann, M., Zech, W. 2001.  Sorption of dissolved organic carbon in soils: effects of soil sample storage, soil-to-solution ratio, and temperature. Geoderma 99, 317-328.

Kaiser, K., Zech, W. 1998. Rates of dissolved organic matter release and sorption in forested soils. Soil Science 163, 714-725.

Kalbitz, K., Kaiser, K. 2008. Contribution of dissolved organic matter to carbon storage in forest mineral soils. Journal of Plant Nutrition and Soil Science 171, 52-60.

Kalbitz, K., Solinger, S., Park, J.-H., Michalzik, B., Matzner, E. 2000. Controls on the dynamics of dissolved organic matter in soils: A review. Soil Science 165, 277-304.

Kemmitt, S.J., Wright, D., Goulding, K.W.T., Jones, D.L. 2006. pH regulation of carbon and nitrogen dynamics in two agricultural soils. Soil Biology and Biochemistry 38, 898-911.

Khalid, M., Soleman, N., Jones, D.L. 2007. Grassland plants affect dissolved organic carbon and nitrogen dynamics in soil. Soil Biology and Biochemistry 39, 378-381.

Khalil, M.I., Hossain, M.B., Schmidhalter, U. 2005. Carbon and nitrogen mineralization in different upland soils of the subtropics treated with organic materials. Soil Biology and Biochemistry 37, 1507-1518.

Khanna, P.K. 1981. Leaching of nitrogen from terrestrial ecosystems-patterns, mechanisms and ecosystem responses. In: Clark, F.E., Rosswall, T. (eds.), Terrestrial nitrogen cycles. Ecological Bulletin (Stockholm) 33, 343-352.

Kirchmann, H., Johnny Johnston, A.E., Bergström, L.F. 2002. Possibilities for reducing nitrate leaching from agricultural land. Ambio 31, 404-408.

Kirchner, M., Jakobi, G., Feicht, E., Bernhardt, M., Fischer, A. 2005. Elevated NH3 and NO2 air concentrations and nitrogen deposition rates in the vicinity of a highway Southern Bavaria. Atmospheric Environment 39, 4531-4542.

Kjønaas, O.J., Stuanes, A.O., Huse, M. 1998. Effects of weekly nitrogen additions on N cycling in coniferous forest catchment, Gådsjön, Sweden. Forest Ecology and Management 101, 227-249.

Krave, A.S., van Straalen, N.M. van Verseveld, H.W. 2002. Potential nitrification and factor influencing nitrification in pine forest and agricultural soils in Central Java, Indonesia. Pedobiologia 46, 573-594.

Kros, J., Tietema, A., Mol-Dijkstra, J.P., de Vries, W. 2004. Quantification of nitrate leaching from forest soils on a national scale in the Netherlands. Hydrology and Earth System Sciences 8, 813-822.

Krug, E.C., Winstanley, D. 2002. The need for comprehensive and consistent treatment of the nitrogen cycle in nitrogen cycling and mass balance studies: I. Terrestrial nitrogen cycle. The Science of the Total Environment 293, 1-29.

Kudeyarov, V.N. 1981. In: Clark, F.E., Rosswall, T. (eds), Terrestrial Nitrogen Cycles, Ecological Bulletin (Stockholm) 33, 281-290.

Kuperman, R.G. 1999. Litter decomposition and nutrient dynamics in oak-hickory forests along a historic gradient of nitrogen and sulfur deposition. Soil Biology and Biochemistry 31, 237-244.

Lajtha, K., Crow, S.E., Yano, Y., Kaushal, S.S., Sulzman, E., Sollins, P., Spears, J.D.H. 2005. Detrital controls on soil solution N and dissolved organic matter in soils: a field experiment. Biogeochemistry 76, 261-281.

Lavelle, P., Blanchart, E., Martin, A., Martin, S., Spain, A. 1993. A hierarchical model for decomposition in terrestrial ecosystems: Application to soils of the humid tropics. Biotropica 25, 130-150.

Ledgard, S.F., Jarvis, S.C., Hatch, D.J. 1998. Short-term nitrogen fluxes in grassland soils under different long-term nitrogen management regimes. Soil Biology and Biochemistry 30, 1233-1241.

Lehmann, J., Lilenfein, J., Rebel, K., do Carmo Lima, S., Wilcke, W. 2004. Sub-soil retention of organic and inorganic nitrogen in a Brazilian savanna Oxisol. Soil Use and Management 20, 163-172.

Leirós, M.C., Trasar-Cepeda, C., Seoane, S., Gil-Sotres, F. 1999. Dependence of mineralization of soil organic matter on temperature and moisture. Soil Biology and Biochemistry 31, 327–335.

Likens, G.E., Bormann, F.H., Johnson, N.M., Fisher, D.W. & Pierce, R.S. 1970. Effects of forest cutting and herbicide treatment on nutrient budgets in the Hubbard Brook Watershed-ecosystem. Ecological Monographs 40, 23-47.

Liu, P., Huang, J., Han, X., Sun, O.J., Zhou, Z. 2006. Differential responses of litter decomposition to increased soil nutrients and water between two contrasting grassland plant species of Inner Mongolia, China. Applied Soil Ecology 34, 266-275.

Lorz, C., Eissner, C., Lethmate, J., Schneider, B. 2010. Spatial and temporal small-scale variability of nitrogen mobilization in a forest ecosystem with high N deposition in NW-Germany. Environmental Pollution 158, 424-439.

Lovell, R.D., Jarvis, S.C., Bardgett, R.D. 1995. Soil microbial biomass and activity in long-term grassland: effects of management changes. Soil Biology and Biochemistry 7, 969-975.

Lovett, G.M., Weathers, K.C., Sobczak, W.V. 2000. Nitrogen saturation and retention in forested watersheds of the Castkill Mountains, New York. Ecological Applications 10, 73-84.

Lutz, J.R. 1947. Apparatus for collecting undisturbed soil samples. Soil Science 64, 399-401.

Luxøi, J., Jensen, L.S. 2005. Gross N mineralization-immobilization rates in heterogeneous intact soil cores can be estimated without marked error. Biology and Fertility of Soils 41, 280-283.

Macdonald, J.A., Dise, N.B., Matzner, E., Armbruster, M., Gundersen, P., Forsius, M. 2002. Nitrogen input together with ecosystem nitrogen enrichment predict nitrate leaching from European forests. Global Change Biology 8, 1028-1033.

Magill, A.H., Aber, J.D. 2000.  Dissolved organic carbon and nitrogen relationships in forest litter as affected by nitrogen deposition. Soil Biology and Biochemistry 32, 603-613.

Magill, A.H., Aber, J.D., Berntson, G.M., McDowell, W.H., Nadelhoffer, K.J., Melillo, J.M., Steudler, P. 2000. Long-term nitrogen additions and nitrogen saturation in two temperate forests. Ecosystems 3, 238-253.

Malhi, S.S., McGill, W.B. 1982. Nitrification in three Alberta soils: effect of temperature, moisture and substrate concentrations. Soil Biology and Biochemistry 14, 393-399.

Malhi, S.S., Nyborg, M. 1979. Nitrate formation during winter from fall-applied urea. Soil Biology and Biochemistry 11, 439-441.

Malý, S., Šarapatka, B., Krškoá, M. 2002. Seasonal variability in soil N mineralization and nitrification as influenced by N fertilization. Rostlinná Výroba 48:389-396.

Marion, G.M. 1995. Freeze-thaw processes and soil chemistry. U. S. Army Cold Regions Research and Engineering Laboratory, Hanover, New Hampshire, USA.

Marrs, R.H., Gough, M.W., Griffiths, M. 1991. Soil chemistry and leaching losses of nutrients form semi-natural grassland and arable soils on three contrasting parent materials. Biological Conservation 57, 257-271.

Mary, B., Recous, S., Darwis, D., Robin, D. 1996. Interactions between decomposition of plant residues and nitrogen cycling in soil. Plant and Soil 181, 71-82.

Matson, P.A., McDowell, W.H., Townsend, A.R., Vitousek, P.M. 1999. The globalization of N deposition: Ecosystem consequences in tropical environments. Biogeochemistry 46, 67-83. 

McCracken, K.L., McDowell, W.H., Harter, R.D., Evans, C.V. 2002. Dissolved organic carbon retention in soils: comaprison of solution and soil measurements. Soil Science Society of America Journal 66, 563-568.
 
McDowell, W.H., Currie, W.S., Aber, J.D., Yano. Y. 1998. Effects of chronic nitrogen amendments on production of dissolved organic carbon and nitrogen in forest soils. Water, Air, and Soil Pollution 105, 175-182.

McDowell, W.H., Likens, G.E. 1988. Origin, composition and flux of the dissolved organic carbon in the Hubbard Brook valley. Ecological Monographs 56, 177-195. 

McDowell, W.H. 2003. Dissolved organic matter in soils- future directions and unanswered questions. Geoderma 113, 179-186.
 
McDowell, W.H., Magill, A.H., Aitkenhead-Peterson, J.A., Aber, J.D., Merriam, J.L., Kaushal, S.S. 2004. Effects of chronic nitrogen amendment on dissolved organic matter and inorganic nitrogen in soil solution. Forest Ecology and Management 196, 29-41.

McDowell, W.H., Wood, T. 1984. Podozolization: Soil processes control dissolved organic carbon concentrations in stream water. Soil Science 137, 23-33.

McNeill, A., Unkovich, M. 2007. The nitrogen cycling in terrestrial ecosystems. In:  P. Marschner, P.,  Rengel,  Z., (eds),  Nuterient cycling in terrestrial ecosystems. Springer Berlin Hiedelberg. pp. 37-64.

Metcalfe, S.E., Fowler, D., Derwent, R.G., Sutton, M.A., Smith, R.I., Whyatt, J.D. 1999. Spatial and temporal aspects of nitrogen deposition. In: Langan, S.J. (ed), The impact of nitrogen deposition on natural and semi-natural ecosystems. Kluwer Academic Publishers, The Netherlands, pp 15-50.

Mian, I.A., Begum, S., Riaz, M., Ridealgh, M., McClean, C.J., Cresser, M.S. 2010. Spatial and temporal trends in nitrate concentrations in the River Derwent, North Yorkshire, and its need for NVZ status. Science of the Total Environment 408, 702-712.

Mian, I.A., Riaz, M., Cresser, M.S. 2008. What controls the nitrate flush when air dried soils are rewetted? Chemistry and Ecology 24, 259-267.

Mian, I.A., Riaz, M., Cresser, M.S. 2009. The importance of ammonium mobility in nitrogen-impacted unfertilized grasslands: A critical reassessment. Environmental Pollution 157, 1287-1293.

Michalzik, B., Kalbitz, K., Park, J-H., Matzner, E. 2001. Fluxes and concentrations of dissolved organic carbon and nitrogen – a synthesis for temperate forests. Biogeochemistry 52, 173-205.

Michalzik, B., Matzner, E. 1999. Fluxes and dynamics of dissolved organic nitrogen and carbon in a spruce (Picea abies Karst.) forest ecosystem. European Journal of Soil Science 50, 579-590.

Michalzik, B., Tipping, E., Mulder, J., Gallardo, Lancho, J.F., Matzner, E., Bryant, C., Clarke, N., Lofts, S., Vicente Esteban, M.A. 2003. Modelling the production and transport of dissolved organic carbon in forest soils, Biogeochemistry 66, 241-264. 

Micks, P., Aber, J.D., Boone, R.D., Davidson, E.A. 2004. Short-term soil respiration and nitrogen immobilization response to nitrogen applications in control and nitrogen-enriched temperate forests. Forest Ecology and Management 196, 57-70.

Mo, J., Brown, S., Peng, S., Kong, G. 2003. Nitrogen availability in undisturbed, rehabilitated and mature forests of tropical China. Forest Ecology and Mangement 175, 573-583.

Molloy, L.F., Blakemore, L.C. 1974. Studies on a climosequence of soils in tussock grasslands. 1. Introduction, sites, and soils. New Zealand Journal of Science 17, 233-255.

Müller, M., Alewell, C., Hagedorn, F. 2009. Effective retention of litter-derived dissolved organic carbon in organic layers. Soil Biology and Biochemistry 41, 1066-1074.

Murphy, D.V., Macdonald, A.J., Stockdale, E.A., Goulding, K.W.T., Fortune, S., Gaunt, J.L. 2000. Soluble organic nitrogen in agricultural soils. Biology and Fertility of Soils 30, 374-387.

Murphy, J.B., Grissinger, E.H., Little, W.C. 1981. Fiber-glass encasement of large, undisturbed, weakly cohesive soil samples. Soil Science 131, 130-134.

Myers, R.J.K. 1975. Temperature effects on ammonification and nitrification in a tropical soil. Soil Biology and Biochemistry 7, 83-86.

Myers, R.J.K., Palm, C.A., Cuevas, E., Gunatillike, I.U.N., Brossard, M. 1994. The synchronization of nutrient mineralization and plant nutrient demand. In: Woomer, P.L., Swift, M.J. (eds), The Biological Management of Tropical Soil Fertility. John Wiley & Sons, Chichester, UK, pp. 81-116. 

Myrold, D.D. 1999. Transformations of nitrogen, In: Sylvia, D.M., Fuhrmann, J.J., Hartel, P.G., Zuberer, D.A. (eds), Principles and Applications of Soil Microbiology. Prentice Hall, Upper Saddle River, NJ, USA, pp. 259-294.

Nadelhoffer, K.J., Emmet, B.A., Gundersen, P., Kjonass, O.J., Koopmans, C.J., Schleppi, P., Tietema, A., Wright, R.F. 1999. Nitrogen deposition makes a minor contribution to carbon sequestration in temperate forests. Nature 398, 145-148.

NAEI. 2007. Acidification and eutrophication. http://www.naei.org.uk. (​http:​/​​/​www.naei.org.uk.​) Cited 10th April, 2008.

Neff, J.C., Asner, G.P. 2001. Dissolved organic carbon in terrestrial ecosystems: A synthesis and a model. Ecosystems 4, 29-48. 

NEGTAP. 2005. National Expert Group on Transboundary Air Pollution (2001) Transboundary Air Pollution: Acidification, Eutrophication and Ground-Level Ozone in the UK. Available at http://www.nbu.ac.uk/negtap. Accessed on 22nd April, 2008.

Neider, R., Benbi, D.K. 2008. Carbon and nitrogen in the terrestrial environment. Springer Science + Business Media BV, pp. 219-233.

Nieder, R., Kersebaum, K.C., Ritcher, J. 1995. Significane of nitrate leaching and long-term N immobilization after deepening the plough layer for the N regime of arable soils in N.W.Germany. Plant and Soil 173, 167-175.

Nömmik, H. 1965. Ammonium fixation and other reactions involving a nonenzymatic immobilization of mineral nitrogen in soils. In: Bartholomew, W.V., Clark, F.E. (eds.), Soil Nitrogen Agronomy Monographs, 10, ASA, Madison, WI, pp. 198-257.

Nömmik, H. 1970. Non-exchangeable binding of ammonium and amino nitrogen by Norway spruce raw humus. Plant and Soil 33, 581-595.

Northup, R.R., Yu, Z., Dahlgren, R.A., Vogt, K.A. 1995. Polyphenol control of nitrogen release from pine litter. Nature 377, 227-229.

O’Connor, K.F. 1983. Nitrogen balances in natural grasslands and extensively-managed grassland systems. New Zealand Journal of Ecology 6, 1-18.

Odum, E.P. 1969. The strategy of ecosystem development. Science 164, 262-270.

OECD. 2004. OECD guidelines for the testing of the chemicals. Test no. 312: Leaching in soil columns.

Oechel, W.C., Cook, A.C., Hastings, S.J., Vourlitis, G.L. 1997. Effects of CO2 and climate change on arctic ecosystems. In: Woodin, S.J., Marquiss, M. (eds), The Ecology of Arctic Environments. Special Symposium of the British Ecological Society, Blackwell Scientific  Publications, Oxford, UK, pp. 25-273.

Opuwariboi, E., Odu, C.T.I. 1975.  Fixed ammonium in Nigerian soils: II. Relationship between native fixed ammonium and some soil characteristics. European Journal of Soil Science (​http:​/​​/​www3.interscience.wiley.com​/​journal​/​118000649​/​home​) 26, 350-357.

Pakrou, N., Dillon, P. 2000. Key processes of the nitrogen cycle in an irrigated and non-irrigated grazed pastures. Plant and Soil 224, 231-250.

Paré, K., Chantigny, M.H., Carey, K., Dionne, J. 2008. Leaching of mineral and organic nitrogen form putting green profiles supporting various turfgrasses. Crop Science 48, 2010-2016.

Park, J.-H., Kalbitz, K., Matzner, E. 2002. Resource control on the production of dissolved organic carbon and nitrogen in a deciduous forest floor. Soil Biology and Biochemistry 34, 813-822.

Park, J.H., Matzner, E. 2006. Detrital control on the release of dissolved organic nitrogen (DON) and dissolved inorganic nitrogen (DIN) from the forest floor under chronic N deposition. Environmental Pollution 143, 178-185.

Parton, W.J., Scurlock, J.M.O, Ojima, D.S., Schimel, D.S., Hall, D.O., SCOPEGAM. 1995. Impact of climate change on grassland production and soil carbon worldwide. Global Change Biology 1, 13-22.

Peng, S., Ren, H., Wu, J., Lu, H. 2003. Effects of litter removal on plat species diversity: A case study in tropical Eucalyptus forest ecosystems in South China. Journal of Environmental Science 15, 367-371.

Pérez, C.A., Hedin, L.O., Armesto, J.J. 1998. Nitrogen mineralization in two unpolluted old-growth forests of contrasting biodiversity and dynamics. Ecosystem 1, 361-373.

Persson, T., van Oene, H., Harrison, A. F., Karlsson, P.S., Baur, G.A., Cerny, J., Coûteaux, M.M., Dambrine, E., Högberg, P., Kjøller, A., Matteucci, G., Rudebeck, A., Schulze, E.D., Paces, T. 2000. Experimental sites in the NIPHYS/CANIF project. Chapter 2. In: Schulze, E.D. (ed.), Carbon and Nitrogen Cycling in European Forest Ecosystem. Ecological Studies 142, 14-46.

Persson, T., Wirén, A. 1995. Nitrogen mineralization and potential nitrification at different depths in acid forest soils. Plant and Soil 168-169, 55-65.

Phillips, I.R. 2001. Collection and automation of large undisturbed soil cores for laboratory leaching studies. Communication in Soil Science and Plant Analysis 32, 843-862.

Phillips, I.R. 2002. Nutrient leaching losses from undisturbed soil cores following applications of piggery wastewater.  Australian Journal of Soil Research 40, 515-532.

Phoenix, G.K., Booth, R.E., Leake, J.R., Read, D.J., Grime, J.P., Lee, J.A. 2003. Effects of enhanced nitrogen deposition and phosphorus limitation on nitrogen budgets of semi-natural grasslands. Global Change Biology 9, 309-1321.

 Pidwirny, M. 2006. The nitrogen cycle. Fundametals of Physical Geography. Available at http://www.physicalgeography.net/fundamentals/9s.html (​http:​/​​/​www.physicalgeography.net​/​fundamentals​/​9s.html​). Accessed on 12th August, 2010. 

Pierzynski, G.M., Sims, J.T., Vance, G.F. 2005. Soils and Environmental Quality, 3rd Edition. CRC Press, Boca Raton, Florida, USA. 

Pilkington, M.G., Caporn, S.J.M., Carroll, J.A., Cresswell, N., Lee, J.A., Emmett, B.A., Johnson, D. 2005. Effects of increased deposition of atmospheric nitrogen on an upland Calluna moor: N and P transformations. Environmental Pollution 135, 469-480.

Plank, C.O. 1992. Reference plant analysis procedures for the Southern Regions of the United States. Southern Co-operative Series Bulletin No. 368. pp. 71.

Powers, R.F. 1980. Mineralizable soil nitrogen as an index of nitrogen availability to forest trees. Soil Science Society of America Journal 44, 1314-1320.

Prakasa Rao, E.V.S., Puttanna, K. 2000. Nitrates, agriculture and environment. Current Science 79, 1163-1168.

Pregtizer, K.S., Zak, D.R., Burton, A.J., Ashby, J.A., MacDonald, N.W. 2004. Chronic nitrate additions dramatically increase the export of carbon and nitrogen from northern hardwood ecosystems. Biogeochemistry 68, 179-197.

Qualls, R.G., Haines, B.L. 1992. Biodegradability of dissolved organic matter in forest throughfall, soil solution, and stream water. Soil Science Society of America Journal 56, 578-586.

Qualls, R.G., Haines, B.L., Swank, W.T. 1991. Fluxes of dissolved organic nutrients and humic substances in a deciduous forest. Ecology 72, 254-266. 

Recous, S., Mary, B. 1990. Microbial immobilization of ammonium and nitrate in cultivated soils. Soil Biology and Biochemistry 22, 913-922.

Reynolds, B., Emmet, B.A., Woods, C. 1992. Variations in stream water nitrate concentrations and nitrogen budgets over ten years in a headwater catchment in Mid Wales. Journal of Hydrology 136, 155-175.

Riaz, M., Mian, I.A. Cresser, M.S. 2009. Controls on inorganic N species transformations and potential leaching in freely drained sub-soils of heavily N-impacted acid grassland. Biogeochemistry 92, 263-279.

Riaz, M., Mian, I.A., Cresser, M.S. 2008. Extent and causes of 3-D spatial variation in potential N mineralization and risk of ammonium and nitrate leaching from an N-impacted permanent grassland near York, UK. Environmental Pollution 156, 1075-1082.

Ritter, E. 2005. Litter decomposition and nitrogen mineralization in newly formed gaps in a Danish beech (Fagus sylvatica) forest. Soil Biology and Biochemistry 37, 1237-1247.

Robertson, G.P. 1982. Nitrification in forested ecosystems. Philosophical Transactions of the Royal Society of London 296B, 445-457.

Roem, W.J., Berendse, F. 2000. Soil acidity and nutrient supply ratio as possible factors determining changes in plant species diversity in grasslands and heathland communities. Biological Conservation 92, 151-161.

Ross, D.J., McNeilly, B.A. 1975. Studies on climosequence of soil in tussock grasslands. 3. Nitrogen mineralization and protease activity. New Zealand Journal of Science 18, 361-375.

Ruppel, S., Augustin, J., Graefe, J., Rühlmann, J., Peschke, H. 2006. Gross N transfer rates in field soils measured by 15N-pool dilution. Archives of Agronomy and Soil Science 52, 377-388. 

Russel, C.A., Fillery, I.R.P., Bootsma, N., McInnes, K.J. 2002. Effect of temperature and nitrogen source on nitrification in a sandy soil. Communication in Soil Science and Plant Analysis 33, 1975-1989.

Ryden, J.C., Ball, P.R., Garwood, E.A. 1984. Nitrate leaching from grassland. Nature 311, 50-53.

Sanderman, J., Baldock, J.A., Amundson, R. 2008. Dissolved organic carbon chemistry and dynamics in contrasting forest and grassland soils. Biogeochemistry 89, 181-198.

Satti, P., Mazzarino, M.J., Gobbi, M., Funes, F., Roselli, L., Fernadez, H. 2003. Soil N dynamics in relation to leaf litter quality and soil fertility in north-western Patagonian forests. Journal of Ecology 91, 173-181.

Savant, N.K., De Datta, S.K. 1985. A core samplers for puddled soils. Soil Science Society of America Journal 10, 775-783.

Sayer, E.J. 2006. Using experimental manipulation to assess the roles of leaf litter in the functioning of forest ecosystems. Biological Reviews 81, 1-31.

Schimel, D.S. 1986. Carbon and nitrogen turnover in adjacent grassland an cropland ecosystems. Biogeochemistry 2, 345-357.

Schröder, J.J., Assinck, F.B.T., Uenk, D., Velthof, G.L. 2010. Nitrate leaching from cut grassland as affected by the substitution of slurry with nitrogen mineral fertilizer on two soil types. Grass and Forage Science 65, 49-57.

Schwendenmann, L., Veldkamp, E. 2005. The role of dissolved organic carbon, dissolved organic nitrogen, and dissolved inorganic nitrogen in a tropical wet forest ecosystem. Ecosystems 8, 339-351.

Shimel, J.P., Firestone, M.K. 1989. Inorganic N incorporation by coniferous forest floor material. Soil Biology and Biochemistry 21, 41-46.

Sierra, J. 1997. Temperature and soil moisture dependence of N mineralization in intact soil cores. Soil Biology and Biochemistry 29, 1557-1563.

Singh, J., Kashyap, A.J. 2007. Variations in soil N-mineralization and nitrification in seasonally dry tropical forest and savanna ecosystems in Vindhyan region, India. Tropical Ecology 48, 27-35.

Sirulnik, G.A., Allen, E.B., Meixner, T., Fenn, M.E., Allen, M.F. 2007. Changes in N cycling and microbial N with elevated N in exotic annual grasslands of Southern California. Applied Soil Ecology 36, 1-9.

Sistani, K.R., Adeli, A., McGowen, S.L., Tewolde, H., Brink, G.E. 2008. Laboratory and field evaluation of broiler litter nitrogen mineralization.  Bioresource Technology 99, 2603-2611.

Skinner, J.A., Lewis, K.A., Bardon, K.S., Tucker, P., Catt, J.A., Chambers, B.J. 1997. An overview of the environmental impact of agriculture in the UK. Journal of Environmental Management 50, 111-128.

Smolander, A., Kurka, A., Kitument, V., Malkonen, E. 1994. Microbial biomass C and N, and respiratory activity in soil of repeatedly limed and N-fertilized and P-fertilized Norway spruce stands. Soil Biology and Biochemistry 26, 957-962.

Soderlund, R., Rosswall, T. 1982. The nitrogen cycle. In: Hutzinger, O., (ed), The Handbook of Environmental Chemistry, Vol. 1, Springer-Verlag, New York.  pp. 61-81.

Solinger, S., Kalbitz, K., Matzner, E. 2001. Controls on the dynamics of dissolved organic carbon and nitrogen in a Central European deciduous forest. Biogeochemistry 55, 327- 349.

Ste-Marie, C., Houle, D. 2006. Forest floor gross and net nitrogen mineralization in three forest types in Quebec, Canada. Soil Biology and Biochemistry 38, 2135-2143.

Stenger, R., Barkle, G.F., Burgess, C.P. 2002. Mineralization of organic matter in intact versus sieved/refilled soil cores. Australian Journal of Soil Research 40, 149-160.

Stevens, C.J., Dise, N.B., Mountford, J.O., Gowing, D.J. 2004. Impact of nitrogen deposition on the species richness of grasslands. Science 303. 1876-1879.

Stevenson, F.J. 1982. Origin and distribution of nitrogen in soils. In: Stevenson, F.J. (ed.), Nitrogen in Agricultural Soils. Agronomy Monograph Number 22. Madison, WI. American Society of Agronomy, Crop Science Society of America, Soil Science Society of America, pp. 1-42.

Stevenson, F.J. 1994. Humus chemistry: genesis, composition, reactions. 2nd ed. John Willey & Sons Inc., New York.

Stienstra, A.W., Klein Gunnewiek, P., Lannbroek, H.J. 1994. Repression of nitrification in soils under a climax grassland vegetation. FEMS Microbiolgy Ecology 14, 45-52.

Stuanes, A.O., Kjønaas, O.J. 1998. Soil solution chemistry during 4 years of NH4NO3 addition to a forested catchment at Gårdsjön, Sweden. Forest Ecology and Management 101, 215-226.

Sumner, M.E. 1994. Measurement of soil pH: Problems and solutions. Communication in Soil Science and Plant Analysis 25, 859-879.

Sun, O.J, Campbell, J., Law, B.E., Wolf, V. 2004. Dynamics of carbon storage in soils and detritus across chronosequence of different forest types in the Pacific Northwest USA. Global Change Biology 10, 1470-1481.

Sutcliffe, D.W., Carrick, T.R., Heron, J., Rigg, E., Talling, J.F., Woof, C., Lund, J.W.G. 1982. Long-term and seasonal changes in the chemical composition of precipitation and surface waters of lakes and tarns in the English Lake District. Freshwater Biology 12, 451-506.

Swift, M.J., Heal, W., Anderson, J.M. 1979. Decomposition in terrestrial ecosystems. Blackwell Publications, Oxford, England.

The Metrological Office, United Kingdom (UK). 2006. Avaialable at http://www.bbc.co.uk/weather/world/city_guides/results.shtml?tt=TT003820 (​http:​/​​/​www.bbc.co.uk​/​weather​/​world​/​city_guides​/​results.shtml?tt=TT003820​). Accessed on 20th September, 2007.

The National Soil Map and Soil Classification. 2007. Cranfield University, Cranfield, UK.
Thomas, R.J., Asakawa, N.M. 1993. Decomposition of leaf litter from tropical grasses and legumes. Soil Biology and Biochemistry 25, 1351-1361.

Throop, H.L., Archer, S.R. 2007. Interrelationships among shrub encroachment, land management, and litter decomposition in a semi-desert grassland. Ecological Applications 17, 1809-1823.

Tietema, A., Verstraten, J.M. 1992. Nitrogen cycling in an acid forest ecosystem in the Netherlands under increased atmospheric nitrogen input. Biogeochemistry 15, 21-46. 

Tietema, A., Warmerdam, B., Lenting, E., Riemer, L. 1992a. Nitrate production in nitrogen-saturated acid forest soils: vertical distribution and characteristics. Soil Biology and Biochemistry 24, 215-240.

Tietema, A., Warmerdam, B., Lenting, E., Riemer, L. 1992b. Abiotic factors regulating nitrogen transformations in the organic layer of acid forest soils: moisture and pH. Plant and Soil 147, 69-78.

Tindall, J.A., Hemmen, K., Dowd, J.F. 1992. An improved method for field extraction and laboratory analysis of large, intact soil cores. Journal of Environmental Quality 21, 259-263.

Tipping, E. 2002. Cation Binding by Humic Substances. In: Cambridge Environmental Chemistry Series, vol. 12. Cambridge University Press, Cambridge, UK.

Tipping, E., Hurley, M.A. 1992. A unifying model of cation binding by humic substances. Geochimica et Cosmochimica Acta 56, 367-3641.

UK Emissions Inventory Team. 2008. UK emissions for air pollutants 1970 to 2006. Department for Environment, Food and Rural Affairs, UK.

UK Pollutant Deposition. 2006. Available at http://www.uk-pollutantdeposition.ceh.ac.uk/node/159 (​http:​/​​/​www.uk-pollutantdeposition.ceh.ac.uk​/​node​/​159​). Accessed on 13th August, 2010.

Unkovich, M., Jamieson, N., Monaghan, R., Barraclough, D. 1998. Nitrogen mineralization and plant nitrogen acquisition in a nitrogen-limited calcareous grassland. Environmental and Experimental Botany 40, 209-219.

Valentini, C.M.A., Sanches, L., de Paula, S.R., Vourlitis, G.L., Nogueira, J.D., Pinto, O.B., Lobo, F.D. 2008. Soil respiration and aboveground litter dynamics of a tropical transitional forest in northwest Mato Grosso, Brazil. Journal of Geophysical Research-Biogeosciences 113.

 van Breeman, N. 2002. Nitrogen cycle: Natural organic tendency. Nature 415, 381-382.

Van Miegroet, H., Johnson, D.W., Cole, D.W. 1990. Soil nitrification as affected by N fertility and changes in forest floor C/N ratio in four forest soils. Canadian Journal of Forest Research 20, 1012-1019.

Vance, G.F., David, M.B. 1989. Effect of acid treatment on dissolved organic carbon retention by a spodic horizon. Soil Science Society of America Journal 53, 1242-1247.

Venterea, R.T., Groffman, P.M., Verchot, L.V., Magill, A.H., Aber, J.D. 2004. Gross nitrogen process rates in temperate forest soils exhibiting symptoms of nitrogen saturation. Forest Ecology and Management 196, 129-142.

Venterea, R.T., Lovett, G.M., Groffman, P.M., Schwarz, P.A. 2003. Landscape patterns of net nitrification in a northern hardwood-conifer forest. Soil Science Society of America Journal 67, 527-539.

Vestgarden, L.S., Kjønaas, O.J. 2003. Potential nitrogen transformations in mineral soils of two coniferous forests exposed to different N inputs. Forest Ecology and Management 174, 191-202.

Vidal, M., Lopez, A. 2005. Cover crops and organic amendments to prevent nitrate contamination under a wet climate. Agronomy for Sustainable Development 25, 455-463.

Vincent, J.M.  1982. Nitrogen Fixation in Legumes. Academic Press Australia, Sydney, Australia.

Vitousek, P.M., Aber, J.D., Howarth, R.W., Likens, G.E., Matson, P.A., Schindler, D.W., Schlesinger, W.H., Tilman, D.G. 1997. Human alteration of the global nitrogen cycle: Sources and consequences. Ecological Applications 7, 737-750.

Vitousek, P.M., Cassman, K., Cleveland, C., Crews, T., Field, C.B., Grimm, N.B., Howarth, R.W., Marino, R., Martinelli, L., Rastetter, E.B., Sprent, J.I. 2002. Towards an ecological understanding of biological nitrogen fixation. Biogeochemistry 57, 1-45.

Waldrop, M.P., Zak, D.R., Sinsabaugh, R.L. 2004. Microbial community response to nitrogen deposition in northern forest ecosystems. Soil Biology and Biochemistry 36, 1443-1451.

Walsh, R.P.D., Voigt, P.J. 1977. Vegetation litter: An underestimated variable in hydrology and geomorphology. Journal of Biogeography 4, 253-274. 

Wang, C., Wan, S., Xing, X., Zhang, L., Han, X. 2006. Temperature and soil moisture interactively affected soil net N mineralization in temperate grassland in Northern China. Soil Biology and Biochemistry 38, 1101-1110.

Wang, H.L., Bolan, N.S., Hedley, M.J., Home, D.J. 1999. The influence of surface incorporated lime and gypsiferous by-products of surface and subsurface soil acidity. I. Soils solution chemistry. Australian Journal of Soil Research 37, 165-180.

Watkins, N., Barraclough, D. 1996. Gross rates of N mineralization associated with the decomposition of plant residues.  Soil Biology and Biochemistry 28, 169-175.

Wedin, D.A. 1996. Nutrient cycling in grasslands: an ecologist’s persective. In: Joost, R.E., Roberts, C.A. (eds), Nutrient Cycling in Forage Systems. Potash and Phosphate Institute, Manhattan, KS. 

Wedin, D.A., Tilman, D. 1996. Influence of nitrogen loading and species composition on the carbon balance of grasslands. Science 274, 1720-1723.

White, R.E., Wellings, S.R., Bell, J.P. 1983. Seasonal variations in nitrate leaching in structured clay soils under mixed land use. Agriculture Water Management 7, 391-410.

Whitehead, P.G., Lapworth, D.J., Skeffington, R.A., Wade, A. 2002. Excess nitrogen leaching and C/N decline in Tillingbourne catchment, southern England: INCA process modelling for current and historic time series. Hydrology and Earth System Sciences 6, 455-466.

Wilkins, R.J. 2005. Grassland. In: Soffe, R. (ed), The Countryside Notebook. Blackwell Publishing Ltd, Oxford, UK.

Williams, B.L., Anderson, H.A. 1999. The role of plant and soil processes in determining the fate of atmospheric nitrogen. In: Langan, S.J., (ed), The Impact of Nitrogen Deposition on Natural and Semi-natural Ecosystems. Kluwer Academic Publishers, The Netherlands, pp. 51–84.

Wilson, E.J., Emmet, B.A. 1999. Factors influencing nitrogen saturation in forest ecosystems: Advances in our understanding since the mid 1980s. In: Langan, S.J., (ed), The impact of nitrogen deposition on natural and semi-natural ecosystems. Kluwer Academic Publishers, The Netherlands, pp 123-152. 

Wong, J.W.C., Chan, C.W.Y., Cheung, K.C. 1998. Nitrogen and phosphorus leaching form fertilizer applied on golf course: Lysimeter study. Water, Air, and Soil Pollution 107, 335-345.

Woodmansee, R.G., Vallis, I., Mott, J.J. 1981. Grassland nitrogen. In: Clark, F.E., Rosswall, T. (eds), Terresterail Nitrogen Cycles. Ecological Bullitin (Stockholm) 33, 443-462.

Wright, R.F., Alewell, C., Cullen, J.M., Evans, C.D., Marchetto, A., Moldan, F., Prechtel, A., Rogora, M. 2001. Trends in nitrogen deposition and leaching in acid-sensitive streams in Europe. Hydorlogy and Earth System Sciences 5, 299-310.

Yahdjian, L., Sala, O.E., Austin, A.T. 2006. Differential controls of water input on litter decomposition and nitrogen dynamics in the Patagonian Steppe. Ecosystems 9, 128-141.

Yang, J., Liu, J., Yu, J., Wang, J., Zhou, W., Qin, S. 2006. Dynamics of dissolved organic carbon (DOC) leaching in meadow marsh soil and related affecting factors. Ying Yong Sheng Tai Xue Bao 17, 113-120.

Yano, Y., McDowell, W.H., Aber, J.D. 2000. Biodegradable dissolved organic carbon in forest soil solution and effects of chronic nitrogen deposition. Soil Biology and Biochemistry 32, 1743-1751.

Yu, Z., Zhang, Q., Kraus, T.E.C., Dahlgren, R.A., Anastasio, C., Zasoski, R.J. 2002. Contribution of amino compounds to dissolved organic nitrogen in forest soils. Biogeochemistry 61, 173-198.
























































































































































Figure A.7.2. Changes in drainage water EC (µ S/cm) over 31-week outdoor ambient temperature microcosm study for 3 treatments. Values are means of 3 replicates.






Figure A.7.4. Changes in drainage water DON (% of TDN) over 31-week outdoor ambient temperature microcosm study for 3 treatments. Values are means of 3 replicates.









































































			        * = P<0.05; ** = P<0.01 
	

Table A.7.3. Effect of mean weakly temperature on ratios of drainage water parameters. 
Drainage water parameter	Control	Surface litter	Mixed litter
	R2	p	R2	p	R2	p
NH4+:NO3-	0.000 (29)	0.975	0.018 (24)	0.528	0.104 (29)	0.083
DON:DIN	0.168 (29)	<0.05	0.294 (29)	<0.01	0.039 (29)	2.94
DON:DOC	0.183 (29)	<0.05	0.040 (29)	0.287	0.102 (29)	0.085
R2- values are based on regression analysis along with degree of freedom (df) in parenthesis. Bold letter denotes significant temperature effects.  
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